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Abstract 15 

 Antimony (Sb) is a contaminant of increasing concern; its sources and fate in the environment 16 

require particular attention and its isotopes could be useful geochemical tracers. In this study, Sb 17 

isotopic composition was investigated along two rivers impacted by mining and smelting activities in 18 

the city of Oruro (Bolivia). Antimony concentration and isotope ratio were measured in water, 19 

suspended particulate matter and sediments during two contrasted seasons along a gradient of pH 20 

(from 1.6 to 6.5) and Sb concentration (from 8057 to 7 µg.L-1). Antimony isotopic composition varied 21 

over a range of ~1 ‰ considering all sample types (-0.09 ≤ δ123Sb ≤ +0.93 ‰). The main stream 22 

impacted by acid mine drainage showed a progressive increase of δ123Sb in the dissolved phase (+0.42 23 

to +0.70 ‰), concomitant to Fe precipitation and Sb concentration decrease. This suggested that 24 

natural Sb attenuation by sorption onto neoformed Fe oxyhydroxysulphates was involved as this 25 

process favours light isotopes in the solid (Δ123Sbwater-sediments averaged +0.3 ‰). Smelting-impacted 26 

tributary exhibited lighter dissolved Sb (+0.29 ≤ δ123Sb ≤ +0.36 ‰). Lake Uru-Uru which receives both 27 

rivers exhibited a δ123Sb value of +0.28 ‰ in the wet season and +0.55 ‰ in the dry season, which 28 

might reflect different contributions of the AMD- and smelter-impacted rivers. The study reveals, for 29 

the first time, the impact of two distinct anthropogenic sources on antimony (Sb) isotopic composition 30 

on a water body and provides new insights into the ability of antimony isotopes to trace sources and 31 

processes in contaminated aquatic systems. 32 
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1. Introduction 37 

Antimony (Sb) is a toxic metalloid critical to modern and emerging technologies (Dembele et 38 

al., 2022). Antimony is mainly used in plastics as a flame retardant or catalyst (for PET), in batteries 39 

and lead alloys as a hardener, in brake linings as a lubricant, in glass as a decolouring agent and in 40 

semiconductors as a modulator of electrical properties (Dembele et al., 2022). With the intensification 41 

of its extraction and industrial applications, Sb has become an emerging environmental contaminant 42 

of significant concern (Bolan et al., 2022; Fu et al., 2023). The environments most affected by antimony 43 

contamination are in areas impacted by sulphide mining and smelting activities (He et al., 2019; Bolan 44 

et al., 2022; Fu et al., 2023). For instance, surface waters and groundwaters of the Xikuangshan 45 

antimony mining and smelting area in China suffer from severe Sb contaminations, with dissolved Sb 46 

concentrations exceeding background levels in pristine rivers (typically <1 µg/L) by up to three orders 47 

of magnitude (Guo et al., 2018; Wen et al., 2023). These environmental contaminations pose a health 48 

risk to neighbouring ecosystems and human populations. Indeed, despite limited studies, Sb is deemed 49 

toxic to organisms and humans, some Sb compounds being classified as potential human carcinogens 50 

(Sundar and Chakravarty, 2010; Bolan et al., 2022; Fu et al., 2023). In humans, while antimony toxicity 51 

has been demonstrated in the context of occupational exposure (Cavallo et al., 2002; Saerens et al., 52 

2019), little information exists on the health effects of an environmental exposure at lower levels. 53 

Findings from the NHANES cohort study in the USA general population indicated that individuals with 54 

elevated Sb urine concentrations statistically showed a higher prevalence of cardiovascular diseases 55 

compared to the rest of the population, suggesting that environmental exposure to Sb represents a 56 

health hazard in the general population (Guo et al., 2016). The exposure routes to Sb can include 57 

ingestion and inhalation of contaminated particles such as mining dust, industrial emissions and urban 58 

dust (Barbieri et al., 2011, 2014; Fort et al., 2016) and consumption of contaminated drinking water or 59 

food (Ye et al., 2018; He et al., 2019).  60 

The primary process of antimony release to the aquatic compartment around sulphide mining 61 

sites is the dissolution of stibnite (Sb2S3), the main Sb ore, and other Sb-rich sulphides and sulfosalts 62 

(e.g., tetrahedrite (Cu,Fe)12Sb4S13, boulangerite Pb5Sb4S11, bournonite CuPbSbS3 jamesonite 63 

Pb₄FeSb₆S₁₄, zinkenite Pb9Sb22S42) (Zhou et al., 2017; He et al., 2019; Hao et al., 2021; Fu et al., 2023, 64 

Kaufmann et al., 2023). Depending on the nature of ore mineralisation and host rocks, the generation 65 

of acid mine drainage (AMD) originating from the oxidation of sulphide minerals in contact with water 66 

and oxygen can occur. AMD is characterized by acid leachates that may contain hundreds micrograms 67 

per litre to several milligrams per litre of antimony (Filella et al., 2009; Ritchie et al., 2013; Resongles 68 

et al., 2013; Chen et al., 2023). The fate of Sb in sulphide-mining environments and downstream 69 

hydrosystems involves complex (bio-)geochemical processes including redox changes (from Sb(+III) to 70 
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Sb(+V)), sorption on neoformed iron oxyhydroxides and oxyhydroxysulphates or precipitation of 71 

secondary Sb minerals (Filella et al., 2009; Resongles et al., 2013; He et al., 2019; Bolan et al., 2022). 72 

Smelters or other metallurgical industries are other sources of Sb to the aquatic environment; this 73 

element is enriched in rivers around smelters as a result of rainwater leaching of contaminated 74 

atmospheric dust and soils, effluent discharge or slag leaching and erosion (Wilson et al., 2004; Wang 75 

et al., 2011; Goix et al., 2013; Liao et al., 2023).  76 

Antimony stable isotope geochemistry (121Sb and 123Sb isotopes with average abundances of 77 

57.213 % and 42.787 % (Chang et al., 1993)) is not well characterized yet but it has attracted a growing 78 

interest in recent years in various fields including archaeometallurgy, metallogeny or environmental 79 

sciences (Resongles et al., 2015; Degryse et al., 2020; Kaufmann et al., 2023 and references therein). 80 

The main Sb ore, stibnite (Sb2S3), exhibits a significant range of Sb isotopic composition (δ123Sb) around 81 

1 ‰, including within a single deposit which may be explained by kinetic and/or redox-induced Sb 82 

isotopic fractionation during the precipitation of stibnite from the hydrothermal fluid (Wang et al., 83 

2021; Zhai et al., 2021; Kaufmann et al., 2023). Recent studies have investigated Sb isotope signatures 84 

in the environment, they revealed the potential of Sb isotopes as tracers of Sb sources and/or 85 

biogeochemical processes (Resongles et al., 2015; Liao et al., 2023; Philippe et al., 2023; Wen et al., 86 

2023; Guillevic et al., 2024; Kaufmann et al., 2024; Liu et al., 2024; Wu et al., 2024; Wu et al., 2025). In 87 

river systems impacted by historic metal and Sb mines, Resongles et al., (2015) used the δ123Sb 88 

signature to determine the contribution of two sub-watersheds to the total dissolved Sb load. More 89 

recently, Wen et al. (2023) investigated changes in Sb isotope signature in mine waters, river waters 90 

and groundwaters in the area of the Xikuangshan mine. Mine waters showed a wide range of Sb 91 

isotopic composition (-0.20 ‰ < δ123Sb < +0.37 ‰) generated by a combination of processes (stibnite 92 

oxidative dissolution, Sb adsorption on Fe/Mn (hydr)oxides and mixing) while downstream, the 93 

impacted river water had a steady signature suggesting a conservative transport of Sb in the dissolved 94 

phase (Wen et al., 2023) and in river sediments (Liu et al., 2024). In addition, no large isotopic 95 

fractionation (δ123Sb = 0.29 ± 0.14 ‰) was observed among Sb ore, slag and dust samples from a 96 

modern Sb smelter site indicating that the high-temperature industrial process did not fractionate Sb 97 

isotopes (Liao et al., 2023) unlike previously observed for other metal isotopes such as Cd or Zn (Sivry 98 

et al., 2008; Sonke et al., 2008; Gao et al., 2013) and for Sb at an old Pb smelting site (Guillevic et al., 99 

2024). These contradictory findings suggest that Sb fractionation associated with smelting may depend 100 

on the technology involved. Large Sb isotopic fractionation (0.23 ‰ < δ123Sb < 1.19 ‰) was observed 101 

in soil profiles affected by smelting emissions; it was ascribed to post-depositional biogeochemical 102 

processes (plant uptake, adsorption and reductive dissolution, Liao et al., 2023). Overall, a 103 

comprehensive knowledge is lacking about the direction and amplitude of isotopic fractionation 104 
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generated by biogeochemical processes in mining waters. Recent studies investigated the 105 

fractionation of Sb isotopes associated with Sb sorption on Al-oxides, Mn-oxides or Fe-oxyhydroxides 106 

showing either no isotopic fractionation (Al-oxides) or an enrichment with the light isotope in the 107 

adsorbed phase (Fe oxy(hydro)xides, Mn-oxides) (Zhou et al., 2022; Zhou et al., 2023; Luo et al., 2024; 108 

Ferrari et al., 2024; Wen et al., 2024; Zhou et al., 2024), the latter was further confirmed with field 109 

observations along a basaltic weathering profile (Wu et al., 2024). The abiotic reduction of Sb(V) into 110 

Sb(III) by different reducing agents (potassium iodide, sulphide) produced enrichment in the lighter 111 

isotope by -0.5 to -1.4 ‰ in the reduced species (Rouxel et al., 2003; Veldhuizen et al., 2023), in 112 

agreement with the result of theoretical Sb isotope fractionation calculations regarding Sb(III) oxides 113 

vs Sb(V) oxides (Ferrari et al., 2022). On the other hand, biotic oxidation of Sb(III) to Sb(V) by two 114 

different Sb tolerant bacterial strains isolated from a Sb-rich mine drainage in France (Ensifer sp.) and 115 

a soil in a Sb mining area in China (Pseudomonas sp. J1), resulted in a fractionation factor Δ123SbSb(V)-116 

Sb(III) of about -0.20 ‰ (Ensifer sp.) and -0.60 ‰ (Pseudomonas sp. J1), in relation with a kinetic effect 117 

(Ferrari et al., 2023; Jia et al., 2024). Altogether, these pioneer results suggest that Sb isotopes could 118 

contribute to identifying the sources and processes affecting Sb mobility in environments impacted by 119 

both mining and smelting activities, although it has never been attempted to date. 120 

The aim of this study was to explore the potential of antimony isotopes as an environmental 121 

tracer for identifying Sb sources and/or tracking Sb transport processes in complex aquatic 122 

environments impacted both by mining and smelting activities. For this, the mining and industrial town 123 

of Oruro (~265 000 inhabitants) in Bolivia, the 5th largest Sb producer worldwide, was chosen as the 124 

study site. Indeed, Oruro represented an ideal case-study since it suffers severe Sb contamination of 125 

surface waters, soils and atmospheric particles originating from multiple Sb sources, i.e. different 126 

mining and smelting sites (Goix, 2012), and human exposure to Sb was proven (Barbieri et al., 2016). 127 

The fate of Sb isotopes was investigated along two river systems impacted by acid mine drainage and 128 

smelter effluents in this area, during two contrasted hydrological periods. Antimony concentrations 129 

and isotopic compositions were determined in the dissolved phase, suspended particulate matter and 130 

sediment, together with aqueous Sb speciation, in order to identify the processes involved. The specific 131 

objectives of the study were i) to document the range of Sb isotope signatures, in relation to the 132 

multiple sources and geochemical processes at work, that may imprint significant spatial and temporal 133 

change in Sb isotope signature and ii) to interpret these changes in the light of recent results from 134 

theoretical and experimental studies that documented Sb isotopic fractionation factors associated 135 

with adsorption processes and redox changes. One expected outcome was evaluating the relevance of 136 

the application of Sb isotopes as source and/or process tracers in complex aquatic environments 137 

impacted by multiple mining and industrial sources.  138 
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2. Materials & methods 139 

2.1 Study area 140 

Bolivia is the 5th largest Sb producer after China, Russia, Tajikistan, Burma and Australia, with 141 

a production of 2500-3100 tons of Sb per year (2018-2022 data, U.S.G.S., 2023). Oruro is the largest 142 

mining city (264 643 inhabitants in 2012) in the Bolivian Altiplano located within the Bolivian Tin Belt 143 

in the Cordillera Oriental, 230 km southeast of La Paz, at an altitude of 3700-4200 m above sea level. 144 

The climate is characterised by two seasons, the dry season, from May to October and the wet season, 145 

from December to March, with a precipitation average of 375 mm annually.  146 

The Sb-rich silver-tin deposit, exploited for over 400 years, and the largest local mine of San 147 

José are located in dacitic and rhyolitic volcanic rocks from the Tertiary on the western side of the city 148 

of Oruro (Figure 1). This volcanic dome (Oruro complex) is embedded in Silurian rocks (mainly 149 

sandstones and siltstones) that outcrop in the mountainous area to the east of Oruro (Gomez et al., 150 

2019). Within the Oruro city area, the Silurian bedrock is covered by unconsolidated fluvial-lacustrine 151 

Quaternary sediments from tenths to hundreds of meters, mainly composed by quartz and other 152 

silicates and which forms a porous aquifer used for drinking water supply (Gomez et al., 2019). 153 

Within the Oruro volcanic complex, besides Ag and Sn minerals, the sulfidic ores also contain antimony 154 

and other base metals and metalloids (e.g., As, Pb, Zn). Antimony is associated with many Sb-rich 155 

sulfosalts such as tetrahedrite (Cu,Fe)12Sb4S13), pyrargyrite (Ag₃SbS₃), boulangerite (Pb5Sb4S11), 156 

andorite (PbAgSb3S6) and metastibnite (amorphous Sb2S3) (Keutsch and Brodtkorb, 2008). The 157 

exploitation of sulphide deposits produces acid mine drainage (AMD); the most important AMD 158 

effluent flows outside from the San José mine gallery entrance and joins the Rio Tagarete, forming the 159 

Canal Rosso (CR), which crosses the city and receives untreated urban wastewaters (Figure 1). The 160 

Canal Rosso joins Lake Uru-Uru to the south, after a 16 km course. Dissolved Sb concentration in this 161 

AMD was previously measured at 8080 ± 701 µg.L-1 at the exit of the mine gallery and a decrease was 162 

observed down to 19 ± 7 µg.L-1 about 10 km downstream (Goix, 2012). In the AMD at the exit of the 163 

mine gallery, the neo-formed minerals detected by XRD were mainly Ca, Fe and Al sulphates (such as 164 

gypsum (CaSO4·2H2O), halotrichite (FeAl2(SO4)4·22H2O), kalinite (KAl(SO4)2·11H2O) or rozenite 165 

(FeSO4·4(H2O)) while primary sulphides (including Sb sulphides such as boulangerite and andorite) 166 

were also found (Goix, 2012). In addition, Fe oxy(hydro)xides (goethite, hematite and ferrihydrite) 167 

were present at the mine exit and further downstream in the AMD (Goix et al., 2012). 168 

East of Oruro, in the city of Vinto, the largest Sn smelter in the country is responsible for a 169 

severe metal(loid) contamination in airborne particles (Goix et al., 2016). Antimony concentrations in 170 
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surface waters draining the smelter complex were not determined previously but drinking water in the 171 

Vinto area showed high Sb levels, up to 49 µg.L-1 (Goix, 2012). 172 

2.2 Sampling 173 

2.2.1 Sampling sites 174 

Two sampling campaigns were conducted, the first one at the end of the wet season, in March 175 

2019 and the second one at the end of the dry season, in October 2021. During both campaigns, 176 

samples were collected at 10 stations (Figure 1): 1) five stations along the river continuum from the 177 

San Jose mine gallery exit to Lake Uru-Uru (stations SJ1, CR1, CR2, CR3 and LUU), 2) two stations along 178 

the river draining the Vinto smelter area (Vinto River, stations V1 and V2), 3) in another urban canal 179 

(station URB, sampled in 2021 only) and 4) two natural reference sites not impacted by AMD, urban, 180 

or smelting activities (stations CC and PAR, sampled in 2021 only). One reference site was located along 181 

the Cala-Cala River (station CC), upstream from the confluence with the river draining the Vinto smelter 182 

area; this site had been identified by Tapia et al., (2012) to be representative of the geochemical 183 

background. A second reference site was located along the river Paria (station PAR), around 10 km 184 

NNE of the city of Oruro. A fourth sample set consisted of four drinking tap water samples; they were 185 

collected from the tap in the centre of Oruro and in east, centre, and south-west neighbourhoods of 186 

Vinto urban area. Water from Oruro's unified drinking water network originates mainly (at 85 %) from 187 

a nearby well field to the north of the city and from wells located between Oruro and Vinto urban 188 

areas (Gomez 2016; SELA, 2023), both well fields exploit the porous aquifer of Quaternary sediments. 189 

Vinto's drinking water supply network is separate from that of Oruro and it also exploits local wells in 190 

the porous Quaternary aquifer but groundwater flowpaths are disconnected from the Oruro well field 191 

(Gomez et al., 2016). A previous study showed high levels of Sb (10-49 µg.L-1) in Vinto drinking water 192 

in 2007 suggesting a possible impact of the smelter on the quality of local groundwater, with variations 193 

depending on the neighbourhood, which prompted sampling in three different areas of Vinto in this 194 

study. 195 



7 

196 
Figure 1: Location of the sampling stations and the main mining and metallurgical sites in the city of Oruro (Bolivia). 197 

2.2.2 Sample collection and field measurements 198 

The sampling in 2019 and 2021 included water (<0.22 µm) and riverbed sediment. In 2021, 199 

only dry sediments were collected at stations V1 and V2 due to river drying at these sites at the end of 200 

the dry season. Suspended particulate matter (SPM) was collected only in 2021. A summary of the 201 

samples and parameters taken at each station and at each season is given in Appendix (Table S1).  202 

The pH, conductivity, redox potential and dissolved oxygen concentration (DO) were measured 203 

in the field using an HQ40D portable multi-meter (Hach®) during the 2021 campaign. Surface 204 

sediments were collected with a stainless-steel spatula in a plastic box and homogenised before being 205 

stored in a 30 mL PE vial and kept in a cool box until returned to the laboratory.  206 

Water samples for dissolved organic carbon (DOC) analysis were filtrated in the field using a 207 

glass syringe (previously rinsed 3-times with ultrapure water and 3-times with sampled water) and a 208 

disposable 0.22 µm PVDF filter, the filtrate was collected in a decontaminated glass bottle and 209 

stabilised in 0.015 M H3PO4 (Suprapur, Merck®). 2 L of raw water were collected in an acid-cleaned 210 

HDPE bottle rinsed 3-times with the sampled water. A first subsample was immediately filtered in situ 211 
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using a disposable syringe and a 0.22 µm cellulose acetate filter: i) an aliquot (30 mL) was collected in 212 

an acid-cleaned HDPE bottle and acidified with 0.015 M HNO3 (Suprapur, Merck®) for analysis of Sb 213 

concentration and Sb isotope ratio, ii) another aliquot was collected in an acid-cleaned polypropylene 214 

tube (10 mL) and stabilized with 20 mM EDTA (J. T. Baker) and 87 mM acetic acid (Suprapur, Merck®) 215 

for the analysis of Sb redox speciation. A dilution factor of 10 (CR2, CR3, LUU) or 100 (SJ1, CR1) with 216 

ultrapure water was applied for redox speciation of AMD iron-rich waters. This procedure was adapted 217 

from Daus and Wennrich (2014) and Wu and Pichler (2016); EDTA, as a complexing agent, sequesters 218 

dissolved iron and the acid medium prevents the oxidation of Fe2+ in Fe3+. Dilution was performed to 219 

remain within the validity limits of the method in terms of iron concentration (<25 mg.L-1), to avoid 220 

iron precipitation and subsequent Sb adsorption or Sb(III) oxidation (Wu and Pichler, 2016). All 221 

stabilized water samples and the 2 L bottle of raw water were stored in the dark in a cool box and 222 

brought back for further processing in the UTO (Universidad Tecnica de Oruro). Once in the laboratory, 223 

the raw water was filtrated (within 1 hour after sampling) through acid-cleaned, pre-weighed 0.22 µm 224 

PVDF filters (Millipore®) fitted on polycarbonate filter holders (Sartorius®) to recover suspended 225 

particulate matter (SPM). Filters with SPM were stored in a filter box. Finally, a subsample (20 mL) of 226 

the filtrate (< 0.22 µm) was centrifuged in an ultrafiltration unit (< 10 kDa, Vivaspin®, Sartorius®) to 227 

obtain the “truly dissolved” phase, and the ultrafiltrated fraction (< 10 kDa) was stored in acid-cleaned 228 

HDPE bottle and acidified with 0.015 M of HNO3 (Suprapur, Merck®) for analysis of Sb concentration. 229 

All samples (waters, SPM and sediments) were transported in a cool box and then stored at 4 °C until 230 

further processing. 231 

2.3 Chemical analysis 232 

2.3.1 Materials and reagents 233 

Sample preparation for concentration and isotope analyses was carried out in a class 10 000 234 

cleanroom facility. Ultrapure water (Milli-Q®, resistivity > 18.2 MΩ cm, Q-POP Element system, 235 

Millipore) was used for all experiments and reagent preparation. All consumables used for Sb analysis 236 

and Sb chemical separation (e.g., sample bottles, tubes, SPE cartridge, pipette tips…) were soaked in 237 

10 % v/v analytical grade HNO3 or HCl, respectively, for 48 h and rinsed three times with ultrapure 238 

water before use. 30 % w/w HCl (Suprapur, Merck®), 65–69 % w/w HNO3 (Analpure, Analityka®) and 239 

40 % w/w HF (Suprapur, Merck®) were used for sample preparation and analysis. Sodium borohydride 240 

(1 % w/v), ascorbic acid (analytical grade, Sigma-Aldrich®) and potassium iodide (KI, Suprapur, Merck®) 241 

were used for hydride generation. Ethylenediaminetetraacetic acid disodium salt (EDTA) (J. T. Baker) 242 

and potassium hydrogen-phthalate (SigmaUltra, 99.95%, Sigma-Aldrich) were used for the mobile 243 
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phase in High-Performance Liquid Chromatography. A pure Sb standard solution SPEX (Sb 1000 µg mL-244 

1 in 20 % w/w HCl, batch number 24-175SBX) was used as an isotopic standard (Ferrari et al., 2021). 245 

For Sb redox speciation, solutions of Sb(III) and Sb(V) were prepared by dissolving 274.2 mg of 246 

potassium antimony(III) oxide tartrate trihydrate (Merck®) and 215.8 mg of potassium 247 

hexahydroxoantimonate (Merck®), respectively, in 100 mL of ultrapure water, to obtain a Sb 248 

concentration of ~1000 mg L-1. The exact Sb concentrations of these solutions were then determined 249 

by Inductively Coupled Plasma Mass Spectrometry (ICP-MS). 250 

2.3.2 Sample preparation  251 

Sediments and filters with suspended particulate matter (SPM) were air-dried in an oven at 40 252 

°C for 48 hours. Sediments were sieved at 2 mm before being powdered in an agate mortar. A 253 

subsample (50 mg) was digested using microwave-assisted acid digestion (UltraWAVE, Milestone®) 254 

following the protocol detailed for sediments in Ferrari et al. (2021). Suspended particulate matter on 255 

filters were dissolved in PTFE vials on a hot plate at 100 °C for 24 h with 4 mL of concentrated HNO3 256 

and 3 mL of concentrated HF. The solution was evaporated to dryness and the residue was re-dissolved 257 

in 30 mL of 1.5 M HNO3. For each set of samples, a procedural blank and a certified reference material 258 

of sediment (PACS-3 from the National Research Council NRC, Canada and GSD-3 from the Institute of 259 

Geophysical and Geochemical Exploration IGGE, China) were included. 260 

The purification procedure of Sb developed by Ferrari et al. (2021) was applied on water (<0.22 261 

µm), digest solutions of SPM and sediments before Sb isotope ratio measurement. This procedure is 262 

adapted to a wide range of Sb concentrations and sample matrices including mining water and 263 

sediments. Briefly, 100 ng of Sb in a 0.5 M HCl matrix with 10 % w/v KI and ascorbic acid were passed 264 

through a thiol-functionalised silica powder cartridge to adsorb Sb. Other metals and trace elements 265 

were eluded with 5 mL of 0.5 M HCl and 6 mL of 2.5 M HCl. Finally, Sb was recovered with 6 mL of 6 M 266 

HCl. Purification blanks showed that no contamination occurred during the procedure (Sb in blank < 1 267 

ng). After the purification step, Sb recovery was checked by ICP-MS analysis for all 2019 purified 268 

samples (Sb recovered at 103 ± 10 %, n=17). The analysis also showed the absence of potentially 269 

interfering elements (As, Sn, Te…) that could create analytical bias on Sb isotopic ratio measurement 270 

(isobaric and/or polyatomic interferences, matrix effect) (Ferrari et al., 2021). For 2021 samples, Sb 271 

recovery (107 ± 11 %, n=20) was calculated based on the intensity measured by HG-MC-ICP-MS 272 

compared to the expected Sb intensity (considering dilution factors and an initial Sb mass before 273 

purification of 100 ng).  274 

2.3.3 Analytical methods 275 
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All the analyses were performed at the laboratory HydroSciences Montpellier and the AETE-276 

ISO platform (OSU OREME, Université de Montpellier). 277 

The concentration of dissolved organic carbon (DOC) was determined using a TOC-VCSH 278 

Shimadzu carbon analyser. Total Sb concentration was determined in waters (<10 kDa and < 0.22 µm), 279 

sediments and SPM by Inductively Coupled Plasma Mass Spectrometry (ICP-MS, iCAP-TQ, Thermo 280 

Scientific®) after an adequate dilution in 0.15 M HNO3, according to the procedure described in Ferrari 281 

et al. (2021). Iron and sulphur were also analysed by ICP-MS in these samples because high 282 

concentration of these elements is a marker of contamination by AMD. The quality of ICP-MS analysis 283 

was checked using certified reference materials (CRM) for total Sb, Fe and S concentrations in water 284 

(SLRS-6 from the National Research Council NRC, Canada or NIST 1643e from the National Institute of 285 

Standards and Technology, USA) and sediments (PACS-3, GSD-3); concentrations were within 10 % of 286 

the certified values. Antimony, Fe and S in digestion blanks were negligible (<1 % of the concentrations 287 

in samples). A contamination with 1.7 µg.L-1 of Sb occurred during the ultrafiltration step but it 288 

generally represented less than 10 % of Sb concentration measured in the fraction below 10 kDa of 289 

the water samples, except for station PAR (29 %) and LUU (25 %). The blank contribution to Sb 290 

concentration in the fraction below 10 kDa was deduced for all samples. The concentration in the 291 

colloidal phase (10kDa << 0.22µm) was determined by difference between the concentrations 292 

measured in the water samples filtrated at 0.22 µm and ultrafiltrated at 10 kDa. 293 

Determination of Sb(III) and Sb(V) concentrations in the dissolved phase (< 0.22 µm) was 294 

carried out by High-Performance Liquid Chromatography coupled to ICP-MS (HPLC-ICP-MS, iCAP-Q, 295 

Thermo Scientific®) as described in Resongles et al. (2013). The mobile phase consisted of 5 mmol.L-1 296 

EDTA and 2 mmol.L-1 potassium hydrogen-phthalate, with a pH of around 4.5. Samples were diluted in 297 

a 20 mM EDTA and 17 mM acetic acid matrix. An internal standard solution of indium (In, 1 μg.L-1) was 298 

injected continuously after the chromatographic separation and the In signal was used to correct 299 

potential sensitivity drifts of ICP-MS. Detection limits were 0.07 µg.L-1 and 0.04 µg.L-1 for Sb(III) and 300 

Sb(V), respectively. As no CRM is available for Sb redox speciation, the certified water TM-25.5 (from 301 

Environment and Climate Change Canada) was measured to check the accuracy of total Sb 302 

concentration (sum of the two species Sb(III) and Sb(V)) and was found at 21.1 µg.L-1 within the range 303 

of certified value (20.4-26.6 µg.L-1). 304 

Antimony isotope ratio was measured in the dissolved phase (< 0.22 µm), SPM and sediments 305 

by Hydride Generation Multi-Collector Inductively Coupled Plasma Mass Spectrometry (HG-MC-ICP-306 

MS, Neptune Plus Multi-Collector, Thermo Scientific®). Details of the sample conditioning and 307 

analytical settings are presented in Ferrari et al. (2021) with minor changes in HG-MC-ICP-MS settings 308 
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(suppression of additional gas at the entrance of the HG module, decrease of the argon gas flow to 309 

avoid short- and long- term pressure instabilities) to improve signal stability as described in Ferrari et 310 

al. (2023). Instrumental settings are presented in Appendix (Table S2). Briefly, samples were diluted to 311 

2 µg.L-1 of Sb in 3 M HCl with 0.5 % w/v of KI-ascorbic acid, at least 3 hours before the analysis. Each 312 

sample was analysed 3-times using the sample-standard bracketing method with the SPEX isotopic 313 

standard solution. 121Sb and 123Sb were measured together with 120Sn, 122Sn and 126Te to check that no 314 

interference occurred. A correction of 123Te (isotope abundance of 0.91 %) interference on 123Sb was 315 

not required as 126Te (isotope abundance of 19.0 %) intensity was 0.06 mV on average (<0.01 % of 123Sb 316 

intensity). Blank solution (3 M HCl with 0.5 % w/v of KI-ascorbic acid) represented less than 1 % of Sb 317 

signal intensity of standard solution and samples. 318 

Antimony isotopic composition is expressed as δ123Sb notation (Equation 1) and is the average 319 

value for the three isotopic measurements if not specified otherwise. 320 

𝛿 𝑆𝑏123 (‰) = (
(

123𝑆𝑏
121𝑆𝑏

)
𝑠𝑎𝑚𝑝𝑙𝑒

 −(
123𝑆𝑏
121𝑆𝑏

)
𝑚𝑒𝑎𝑛 𝑠𝑡𝑑

(
123𝑆𝑏
121𝑆𝑏

)
𝑚𝑒𝑎𝑛 𝑠𝑡𝑑

) × 1000 (Eq. 1) 321 

Where (
123𝑆𝑏

121𝑆𝑏
)

𝑚𝑒𝑎𝑛 𝑠𝑡𝑑
 is the average of the Sb isotope ratio of the Sb isotope standard solution SPEX 322 

measured before and after the sample. 323 

The quality of Sb isotope measurement was checked by measuring the Sb isotopic composition of 324 

certified reference material published in Ferrari et al. (2021). Two certified reference materials (CRM) 325 

of sediments, PACS-3 (National Research Council NRC, Canada) and GSD-3 (Institute of Geophysical 326 

and Geochemical Exploration IGGE, China), were measured at 0.14 ± 0.06 ‰ and 0.15 ± 0.04 ‰, 327 

respectively, matching the previously published values (Ferrari et al., 2021). 328 

3. Results 329 

3.1 Main physicochemical parameters, Sb concentration and speciation 330 

3.1.1 Geochemical background 331 

Reference samples from Paria (PAR) and Cala-Cala (CC) rivers (representative of the 332 

geochemical background, sampled during the 2021 dry season) exhibited near-neutral pH of 8.30 and 333 

7.29, respectively (Table 1). Conductivity in Cala-Cala River was 422 µS.cm-1 and was relatively high in 334 

Paria River (1125 µS.cm-1), although lower than at contaminated sites. Redox potential (336 mV) 335 

revealed oxidizing conditions at both reference stations; a low dissolved oxygen (DO) value (1.7 mg.L-1) 336 

was measured in Cala-Cala River, which could be attributed to groundwater contribution to surface 337 
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waters at the end of the dry season. The concentrations of DOC (≤ 6.6 mg.L-1), dissolved Sb (≤ 4.1 338 

µg.L-1), dissolved Fe (≤ 0.5 mg.L-1) and dissolved S (≤ 48 mg.L-1) were lower than those measured at 339 

contaminated sites (Figure 2a). At the station PAR, Sb was present in a true dissolved form in water 340 

(i.e., same concentration in the fraction filtered at 0.22 µm and ultrafiltered at 10 kDa, Table 1). The 341 

concentration of Sb in the solid phase was 20.9 mg.kg-1 (PAR) in suspended particulate matter (SPM) 342 

and from 16.3 mg.kg-1 (CC) to 20.4 mg.kg-1 (PAR) in sediments, close to the background value of 12 ± 2 343 

mg.kg-1 determined in the same area by Tapia et al. (2012). 344 

Table 1: Main physico-chemical parameters, concentrations of Sb (total Sb and proportion of Sb(III) and Sb(V) in water < 0.22 345 
µm), Fe, S, DOC, and Sb isotope ratio (δ123Sb ±- 2σ) in water (< 0.22 µm), SPM and sediments from the rivers at the end of 346 
the wet (March 2019) and dry (October 2021) seasons.  347 
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Figure 2: a) Spatial variation of Sb concentration and Sb isotopic composition in water (<0.22 µm) and b) spatial variation of 349 

Sb concentration and Sb isotopic composition in sediments. 350 

 351 
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3.1.2 AMD-Lake continuum 352 

 Station SJ1 consisted of a shallow yellowish AMD at the outlet of San Jose mine gallery, with a 353 

low pH (1.56), a very high conductivity (93.3 mS.cm-1), high concentrations of dissolved Fe and S, up to 354 

3.7 g.L-1 and 4.3 g.L-1 during the dry season, respectively (Table 1). Redox and DO values (Eh = 616.8 mV 355 

and DO = 4.54 mg.L-1) reflected oxidizing conditions. Dissolved antimony concentrations were 7.8 mg.L-356 

1 (wet season) and 8 mg.L-1 (dry season). During the dry season, Sb was mainly in the oxidized form 357 

(80.6 % Sb(V) and 19.4 % Sb(III)) and mainly present as truly dissolved Sb (98 %) in the water column 358 

(Table 1). Antimony concentration in the sediments at SJ1 was extremely high during the wet season 359 

(14259 µg.kg-1) and was associated with a high Fe (16.6 wt.% ) and S (20.2 wt.%) content. Antimony, 360 

Fe and S concentrations were lower (715 µg.kg-1, 1.4 wt.% and 4.4 wt.%, respectively) during the dry 361 

season (Figure 2b). The two samples from the San José mining waste heaps were also heterogeneous 362 

in terms of Sb concentration (128 mg.kg-1 and 2604 mg.kg-1,), Fe concentration (4.2 wt.% to 11.3 wt.%), 363 

and S concentration (1.7 wt.% and 10.9 wt.%) (Table S3).  364 

From station SJ1 to downstream stations CR1, CR2 and CR3 in Canal Rosso, important physico-365 

chemical changes occurred. The pH continuously increased up to 5.2, while conductivity decreased 366 

down to 14.7 mS.cm-1 (Table 1). Dissolved Fe and S concentrations dropped by one order of magnitude. 367 

Redox and DO values decreased down to 350 mV and 2.5 mg.L-1 (CR3), respectively, while DOC 368 

concentration increased from 12 mg.L-1 (SJ1) to 66 mg.L-1 (CR2) in relation to untreated domestic 369 

wastewater inputs. Dissolved Sb concentrations decreased by at least two orders of magnitude 370 

compared to SJ1, down to ≤ 20 µg.L-1 at CR3 station (Figure 2a). In water, Sb was in a truly dissolved 371 

form (no significant difference between the concentration of Sb in the dissolved phases <0.22 µm and 372 

< 10 kDa, Table 1). Antimony(V) was predominant ( 90.1 %) ; Sb(III) was no more detected 373 

downstream from station CR1 (Table 1). Antimony exhibited high concentration in SPM (up to 3837 374 

µg.kg-1 at CR1) and sediments (from 57 to 1431 µg.kg-1) at stations CR1, CR2 and CR3, in association 375 

with a high Fe content (6.1 to 21.7 wt.% in SPM, 3.9 to 9.5 wt.% in sediment) and S content (1.1 to 5.2 376 

wt.% in sediment) (Table 1). In the water column, Sb was mainly in the truly dissolved phase (Table 1, 377 

Figure 3). Particulate Sb represented up to 20 % of total Sb concentration in the raw water, while the 378 

colloidal Sb phase (between 10 kDa and 0.22 µm) was negligible (≤ 1 % of total Sb) (Figure 3).  379 
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380 
Figure 3: Distribution of Sb (in %) in the water column among the truly dissolved (<10 kDa), colloidal (> 10 kDa and < 0.22 µm) 381 
and particulate (> 0.22 µm) phases. The colloidal phase was calculated by the difference between Sb concentrations in the 382 
dissolved phase filtrated at 0.22 µm and ultrafiltrated at 10 kDa. *The proportion of Sb associated with the particulate phase 383 
at the CR1 station represents an overestimate because bottom sediments were resuspended during the sampling due to the 384 
low water column and the inaccessibility of the site (covered canal accessible only through a manhole cover). Uncertainties 385 
(error bars) were estimated by propagating the analytical uncertainty of ICP-MS measurement to the distribution calculation 386 
(relative standard deviation (RSD) of 4 % and 1.5 % were applied to water samples (<0.22 µm and < 10 kDa) and SPM samples, 387 
respectively, based on the RSD measured for the certified reference materials of water (SLRS-6) and sediment (PACS-3) 388 
analysed alongside the samples. 389 

3.1.3 Lake Uru-Uru 390 

The Lake Uru-Uru (LUU) exhibited a higher pH (6.51) and lower dissolved Fe concentration than 391 

Canal Rosso, that flows into it. Redox (Eh = 175.5 mV) and DO value (2.75 mg.L-1) showed weakly 392 

oxidising conditions, in relation with a high DOC concentration (45.2 mg.L-1). Dissolved Sb 393 

concentration showed a decrease from the most downstream station in Canal Rosso CR3 (19.9 µg.L-1) 394 

to the lake LUU (7.2 µg.L-1 of which 4.7 µg/L in a truly dissolved form) in the dry season, while it showed 395 

an increase (from 10.2 to 21.9 µg.L-1) in the wet season. Antimony(V) predominated in the lake. The 396 

same trend was observed for Sb concentration in sediments, with either a decrease from CR3 (259 397 

mg.kg-1) to LUU (47.3 mg.kg-1) in the dry season or an increase (from 57.2 to 82.1 mg.kg-1) in the wet 398 

season (Table 1, Figure 2b). The concentration of SPM was extremely high, around 7 g.L-1 ; SPM 399 

contained 24.1 mg.kg-1 of Sb, in association with 8.8 wt.% Fe, thus particulate Sb represented 96 ± 3 % 400 

of total Sb in the raw lake water. The colloidal phase was negligible (≤ 1 % of total Sb) in the water 401 

column although it represented 35 % of Sb in filtrated water (2.5 µg/L) (Figure 3).  402 

3.1.4 Urban Canal 403 
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The Urban Canal (URB), which collected domestic wastewaters, exhibited a circumneutral pH 404 

(7.90) and high conductivity (5.4 mS.cm-1). Low redox (Eh = 2.3 mV) and DO (0.14 mg.L-1) values 405 

reflected reducing conditions, in relation with the high DOC value (22 mg.L-1). Dissolved Fe and S 406 

concentrations of 4.47 mg.L-1 and 251 mg.L-1 respectively, were lower than in Canal Rosso but higher 407 

than in reference stations PAR and CC, which likely reflect AMD contamination. Dissolved Sb 408 

concentration of 18.5 µg.L-1 was similar to the most downstream station in Canal Rosso (CR3), but 409 

redox speciation differed, showing 16 % Sb(III). Particulate and sedimentary Sb concentrations of 28.6 410 

mg.kg-1 and 54.7 mg.kg-1 respectively were at least three times lower than in CR3. The colloidal phase 411 

represented 10 % of total Sb (2 µg/L), which contrasted with the lack of colloidal Sb in Canal Rosso 412 

and lake Uru-Uru and probably reflected organic-mineral association in this sewage effluent (Figure 3).  413 

3.1.5 Vinto River 414 

The intermittent Vinto river that flowed next to the smelter site (station V1) and further 415 

downstream (V2) exhibited near-neutral pH (6-7) and low concentrations of dissolved Fe (≤ 0.06 mg.L-416 

1) and dissolved S (≤ 41 mg.L-1), similarly to reference stations PAR and CC ([Fe] ≤ 0.5 mg.L-1, [S] ≤ 48 417 

mg.L-1). Dissolved Sb concentrations were higher at stations V1 (31.4 µg.L-1) and V2 (33.3 µg.L-1), than 418 

at the upstream reference station CC (2.01 µg.L-1), showing an influence of the smelter area. The 419 

sediments at stations V1 and V2 also showed a higher Sb content (35 and 78 mg.kg-1 during the dry 420 

season and 154 and 419 mg.kg-1 during the wet season) than at the reference station CC (16.3 mg.kg-421 

1). The composite sample representative of smelter slags had a relatively low Sb content (41.7 mg.kg-1 422 

Sb) compared to mining wastes and a higher Fe content (21 wt. % Fe). Direct input of liquid effluent 423 

from the smelter was not observed; an input of contaminated groundwater and leaching of soils 424 

contaminated by atmospheric fallout could be involved instead.  425 

3.1.6 Drinking water 426 

Samples from the Vinto drinking water network (DW1-3) exhibited Sb concentrations between 7 and 427 

8.3 µg.L-1 (Table 2), thus slightly above the geochemical background determined for surface waters (≤ 428 

4 µg.L-1 at stations PAR and CC). Sample from the Oruro drinking water network (DW0) presented a 429 

lower Sb concentration (0.42 µg.L-1). The low concentrations of dissolved Fe (0.5 – 0.6 mg.L-1) and 430 

dissolved S (0.05 – 0.1 mg.L-1) at all DW stations denoted the lack of AMD contamination.  431 
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 432 

Table 2: Drinking water in the city of Oruro (DWO) and Vinto (DW1, DW2 and DW3). 433 

3.2 Antimony isotopic composition 434 

 Antimony isotopic composition (δ123Sb) in the various samples (water, SPM, sediments, mine 435 

wastes and smelter slags) collected in the study area ranged from -0.09 to +0.93 ‰. The mine waste 436 

samples exhibited an Sb isotopic composition (δ123Sb) of 0.14 ± 0.07 ‰ and 0.17 ± 0.08 ‰, while the 437 

Vinto smelting slag was slightly isotopically higher, with a signature of 0.29 ± 0.04 ‰. Water sampled 438 

at the reference sites Cala-Cala and Paria, representative of the geochemical background, exhibited 439 

similar isotopic composition (δ123Sb = 0.33 ± 0.02 ‰ and 0.36 ± 0.04, respectively), significantly 440 

different from the Canal Rosso values (δ123Sb = 0.4 – 0.7 ‰), but similar to the Vinto River value (δ123Sb 441 

≈ 0.3 ‰). The sediments at PAR and CC stations exhibited lower δ123Sb values than dissolved Sb (0.13 442 

± 0.05 ‰ and 0.24 ± 0.07 ‰, respectively). 443 

Antimony isotopic composition in water (< 0.22 µm) increased from the San José mine (δ123Sb 444 

= 0.42 to 0.46 ‰ at SJ1) to downstream stations (δ123Sb = 0.60 to 0.70 ‰ at CR3) along the river 445 

continuum and then decreased (δ123Sb = 0.28 to 0.55 ‰) in lake Uru-Uru (Figure 2a, Figure S1). The 446 

same spatial trend was observed during the wet and dry seasons, although the decrease in Lake Uru-447 

Uru was more significant in the wet season (δ123Sb = 0.28 ‰) than in the dry season (δ123Sb = 0.55 ‰). 448 

Sediments at the mine gallery exit (SJ1) and the CR1 station exhibited a different Sb isotope signature 449 

in the wet and dry seasons (Δ123Sbdry-wet ≈ 0.3 ‰), with the lowest isotope signature in the wet season 450 

(δ123Sb = -0.09 ‰ at SJ1 and 0.08 ‰ at CR1) compared to the dry season (δ123Sb = 0.22 ‰ at SJ1 and 451 

0.36 ‰ at CR1) (Figure 2b). At downstream stations along Canal Rosso and Lake Uru-Uru (CR2, CR3, 452 

LUU), Sb isotopic composition in sediments remained relatively stable at 0.23 ± 0.02 ‰, both in the 453 

wet and dry seasons. At these stations, SPM showed a slightly higher Sb isotopic composition (0.31 to 454 

0.49 ‰) than the sediments. The surface waters along the river continuum between the mine gallery 455 

exit (SJ1), the Canal Rosso (CR1, CR2, CR3) and Lake Uru-Uru (LUU) were preferentially enriched in 456 

heavier Sb isotope compared to SPM or sediments (Table 1, Figure S1). On average, the apparent 457 

fractionation factor between sediment or SPM and dissolved Sb (< 0.22 µm) was Δ123Sbwater-sediment = 458 

0.30 ± 0.15 ‰ and Δ123Sbwater-SPM = 0.21 ± 0.04 ‰, respectively (excluding CR1 from SPM samples due 459 

to sediment resuspension during sampling). 460 
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Water in the urban canal (URB) exhibited δ123Sb values of 0.61 ± 0.06 ‰, close to the Canal 461 

Rosso values while the sediments had a lower δ123Sb value (0.11 ± 0.04 ‰) than those of Canal Rosso. 462 

Water in the Vinto River downstream from the Vinto smelter exhibited an Sb isotopic composition of 463 

around 0.3 ‰, thus significantly lower than the Canal Rosso values but similar δ123Sb values in 464 

sediments (0.08 to 0.23 ‰).  465 

Samples from the Vinto drinking water network exhibited variable Sb isotopic composition 466 

from 0.64 ‰ to 0.93 ‰ (Table 2), thus significantly higher than the surface water geochemical 467 

background (δ123Sb ≈ 0.35 ‰); two samples exhibited a δ123Sb value similar to that of Canal Rosso 468 

(δ123Sb = 0.64 ± 0.03 ‰ for DW1 and 0.67 ± 0.02 ‰ for DW2), while the third DW sample stood out 469 

from all the others, with the highest value of all the data set (δ123Sb = 0.93 ± 0.01 ‰ for DW3).  470 

4. Discussion 471 

4.1 Variations of Sb isotopic composition in relation with geochemical processes 472 

Antimony concentrations at the exit of the San José mine gallery and in Canal Rosso were 473 

among the highest measured in AMD environments worldwide (Filella et al., 2001; Li et al., 2020; Long 474 

et al., 2022). The values were roughly the same between the dry and wet seasons and similar to those 475 

measured in 2011 by Goix (2012), showing persistent and steady AMD contamination. The decrease 476 

of dissolved Sb concentration and concomitant increase of particulate and sedimentary Sb along Canal 477 

Rosso reflected natural attenuation of the dissolved Sb contamination. This process involves Sb 478 

sorption or coprecipitation with Fe upon pH neutralisation, it was described in other Sb-rich AMD 479 

(Manaka et al., 2007; Filella et al., 2009; Resongles et al., 2013). Redox speciation showed that the 480 

decrease of dissolved Sb concentration in the AMD was accompanied by a decrease in the percentage 481 

of dissolved Sb(III), which reflected Sb(III) oxidation and/or preferential sorption/precipitation of Sb(III) 482 

upon Sb(V). Greater retention of Sb(III) during AMD neutralisation was observed in other AMD 483 

(Resongles et al., 2013). The natural attenuation process, besides dilution, resulted in relatively low Sb 484 

concentration values in both dissolved and particulate/sedimentary phases in lake Uru-Uru, only twice 485 

(for dissolved phase and sediment) those measured at the reference sites representative of the 486 

geochemical background.  487 

The isotopic composition of antimony in the AMD water of the San José mine, at the gallery 488 

exit (SJ1), was heavier than that of two Sb-rich mine wastes and sediments at the same station (Table 489 

S3), suggesting that the oxidative dissolution of sulphide minerals preferentially releases the heavy Sb 490 

isotope in water. Tanimizu et al., (2011) measured an apparent fractionation factor between water 491 

and stibnite Δ123Sbaqueous-mineral of +0.35 ‰. The Δ123Sbaqueous-mine waste at the station SJ1 was between 0.25 492 
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and 0.32 ‰, which is consistent with the previous observation of Tanimizu et al., (2011). Recent 493 

leaching experiments have confirmed that weathering of stibnite produces a leachate enriched with 494 

the heavy Sb isotope by up to 0.5 ‰ (Kaufmann et al., 2024). The origin of Sb isotopic fractionation 495 

was ascribed to the precipitation of isotopically light secondary Sb minerals rather than to the 496 

dissolution process of stibnite itself which did not fractionate Sb isotopes (Kaufmann et al., 2024). 497 

Important differences in the isotopic composition of the sediments in SJ1 were noted between the dry 498 

and the wet season Δ123Sbdry-wet = +0.31 ‰. This difference is associated with higher Sb concentrations 499 

during the wet season (14528 mg.kg-1) than during the dry season (715 mg.kg-1) and is likely explained 500 

by a difference in the nature of the sampled sediments. Indeed, a large range of isotopic composition 501 

have been found in secondary Sb minerals (from -0.50 ‰ to +0.69 ‰) resulting from stibnite 502 

dissolution (Kaufmann et al., 2024). Based on visual observations and sulphur content (representing 503 

20 % of dry weight), grey sediments sampled in the AMD stream at the exit of the San José mine in the 504 

wet season likely consisted of primary minerals (sulphides) exploited in the mine while yellow 505 

sediments sampled in the dry seasons were likely dominated by secondary neoformed minerals. Goix 506 

et al. (2012) highlighted the presence of exploited sulphides in the AMD at the San José mine exit 507 

(including Sb sulphides such as boulangerite and andorite) in addition to secondary Fe and Al sulphates 508 

and Fe (oxyhydr)oxides (ferrihydrite, goethite, hematite) minerals while primary sulphides were no 509 

longer detected further downstream.  510 

The apparent fractionation factor between water and sediment in Canal Rosso Δ123Sbwater-511 

sediments was 0.28 ± 0.19 ‰ in the dry season and 0.34 ± 0.03 ‰ in the wet season, considering the three 512 

stations (CR1, CR2, CR3). In acid mine drainage, one of the most important factors controlling the 513 

mobility of Sb is its sorption onto Fe-, Al-, or Mn- oxyhydroxides due to the important specific surface 514 

area of these phases (Fukushi et al., 2003; Manaka et al., 2007). These processes play an important 515 

role in the immobilisation of Sb in the sediments (Hiller et al., 2012). Recently, Sb(V) (Zhou et al., 2023; 516 

Ferrari et al., 2024) and Sb(III) (Ferrari et al., 2024) equilibrium isotopic fractionation was 517 

experimentally studied during their adsorption on Fe minerals including ferrihydrite (Δ123Sbaqueous-518 

adsorbed= 0.25-0.49 ‰), schwertmannite ((Δ123Sbaqueous-adsorbed=0.27-0.36 ‰), goethite (Δ123Sbaqueous- 519 

adsorbed= 1.14 ‰) and hematite (Δ123Sbaqueous- adsorbed= 1.12 ‰). The apparent fractionation factors 520 

(Δ123Sbwater-sediments) determined between the dissolved and sedimentary antimony in the AMD along 521 

Canal Rosso in the present study matched the equilibrium isotopic fractionation factors measured for 522 

Sb(III) and Sb(V) adsorption on these first two iron oxyhydroxide and oxyhydroxysulphate phases 523 

typical of AMD-impacted streams at acidic (schwertmannite) and near-neutral (ferrihydrite) pH 524 

(Bigham et al., 1996), although they are lower than the fractionation value reported by Zhou et al. 525 

(2023) for ferrihydrite. The progressive increase of δ123Sb in water and SPM or sediments along the 526 
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AMD stream (stations SJ1 to CR3), concomitant with a decrease of dissolved Sb concentration (Figure 527 

S1), was thus likely related to the adsorption of Sb on (oxy)hydroxides. The progressive depletion of 528 

light isotopes in the dissolved phase resulted in a progressive increase of δ123Sb of newly sorbed Sb in 529 

SPM and sediments (Figure S1). These results contrast with the steady isotope signature observed in 530 

the river water of mine-affected streams in France and China which was explained in both cases by the 531 

conservative behaviour of Sb in these near-neutral rivers (Resongles et al., 2015; Wen et al., 2023, Liu 532 

et al., 2024). 533 

The urban canal (URB) showed lower Sb concentrations in water, SPM and sediments than the 534 

Canal Rosso that directly received AMD from the San José mine gallery; however, they were 535 

significantly higher than the geochemical background; furthermore, the high Fe concentrations in 536 

water, SPM and sediment were characteristic of AMD chemistry, which confirmed AMD input. The 537 

apparent fractionation factor between dissolved and sedimentary Sb (Δ123Sbwater-sediments of +0.50 ‰) 538 

was higher than in Canal Rosso. The mixing of AMD with wastewater effluent in the urban canal may 539 

involve other (organic-rich) solids with a different adsorption isotopic fractionation factor as the extent 540 

of Sb fractionation is known to vary with the nature of the mineral phase and the adsorption 541 

mechanism involved (Zhou et al., 2022, 2023, 2024). Alternatively, other (bio-)geochemical processes, 542 

besides sorption on Fe secondary minerals, could be involved in Sb isotopic fractionation in these 543 

reducing waters. Indeed, a recent experimental study observed a Sb isotope fractionation of the same 544 

extent (fractionation factor of -0.46 to -0.62 ‰) due to Sb(V) reduction by sulphides and subsequent 545 

Sb(III) sulphide precipitation under conditions relevant to the station URB (i.e., circumneutral pH of 5-546 

8, sulphur concentration 32-192 mg.L-1) (Veldhuizen et al., 2023).  547 

The smelting slag sample exhibited a δ123Sb value of 0.29 ± 0.04 ‰, similar to the geochemical 548 

background represented by Cala-Cala river sediment (0.24 ± 0.07 ‰). High-temperature processes 549 

usually fractionate metal isotopes (e.g. Cd, Zn), with enrichment in the light isotopes in the 550 

atmospheric dust and enrichment in the heavy isotopes in slags (Sonke et al., 2008; Wiederhold, 2015). 551 

For Sb isotopes, the fractionation associated with smelting is not well characterized and understood 552 

yet. However, two recent studies revealed contradictory results probably due to differences in the 553 

smelting process. Indeed, a first study measuring Sb isotopes in slag, dust and ore from a modern 554 

industrial Sb smelter did not observe significant Sb isotopic fractionation due to smelting (Liao et al., 555 

2023), similarly to the present study, while a second study carried out at an old (>100 yrs.) small-scale 556 

Pb smelting site revealed a large fractionation between slags and ore (Guillevic et al., 2024). A better 557 

characterisation of the processed ore and fume dust would be required to better understand Sb 558 

isotope fractionation associated with high temperature industrial processes. 559 
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4.2 Variations of Sb isotopic composition associated with different contamination sources 560 

The contrasting isotopic signature of dissolved antimony in DMA water from the Canal Rosso 561 

at the most downstream station (CR3, δ123Sb = 0.60 - 0.70 ‰) and in river water downstream from the 562 

Vinto smelter (V2, δ123Sb = 0.36 ‰) could potentially provide information on the contribution of these 563 

two different anthropogenic sources to the Lake Uru-Uru. Water from the lake Uru-Uru exhibited a 564 

significant change in Sb isotopic composition between the wet and dry periods. During the dry period 565 

(2021), the signature (0.55 ± 0.01 ‰) was close to that of the AMD (> 0.4 ‰). During the wet period 566 

(2019), the signature (0.28 ± 0.02 ‰) was closer to that of the Vinto River water (0.29-0.36 ‰). Thus, 567 

the isotopic contribution of these two different sources (the AMD-impacted river and the smelting-568 

impacted river) might produce the isotopic composition in the Uru-Uru Lake water. This hypothesis of 569 

an additional ‘smelting-affected river’ source during the wet season is also supported by the increase 570 

of Sb concentration from 10 µg.L-1 in the Canal Rosso (at CR3) to 21.7 µg.L-1 in the lake (LUU) observed 571 

during the wet season when the smelting-affected river flowed while the concentration between these 572 

two stations decreased during the dry season when the Vinto river was not flowing. The Sb isotopic 573 

composition of LUU sediments did not vary with the season, with δ123Sb around 0.2 ‰, which was 574 

close to Canal Rosso sediments (δ123Sb = 0.2 – 0.3 ‰) and Vinto river sediments (δ123Sb = 0.1 – 0.2 ‰). 575 

In the urban canal, dissolved Sb concentration of 18.5 µg.L-1 was higher than the geochemical 576 

background (≤ 4 µg.L-1) and δ123Sb of 0.6 ‰ was close to that of Canal Rosso (δ123Sb = 0.4-0.7 ‰), 577 

which suggests that Sb enrichment in this canal originates from AMD input.  578 

The Sb concentration of the drinking water samples in the Vinto area (7 – 8 µg.L-1) was higher 579 

than that of the local geochemical background for surface waters represented by the Cala-Cala and 580 

Paria rivers (2 – 4 µg.L-1), which likely denoted anthropogenic contamination. However, the Sb isotopic 581 

composition, δ123Sb = 0.6 – 0.9 ‰, differs from that of the Vinto river downstream the smelter (δ123Sb 582 

= 0.3 – 0.4 ‰), suggesting another contamination source or fractionation of Sb isotopes during 583 

groundwater – surface water interactions. According to the local people, the drinking water in Vinto is 584 

from groundwater pumped in Cala-Cala and Sepulturas, close to the smelter localities. It is delivered 585 

with no treatment (other than disinfection). Therefore, contamination of drinking water by smelter 586 

discharges could be expected. The contrasted δ123Sb value between drinking water originating from 587 

local groundwater and Vinto river water suggested that natural processes occur between surface 588 

water and groundwater or within the aquifer (redox change, adsorption) that modify δ123Sb value. Such 589 

a difference between the isotopic composition of industrial effluents contaminating an aquifer and the 590 

isotopic composition of groundwater has been observed for Cr and was mainly explained by isotope 591 

fractionation due to Cr(VI) reduction within the aquifer (Novak et al. 2017; Slejko, et al. 2019). Further 592 

research is needed to understand the origin of such an Sb isotope shift. 593 
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5. Conclusion 594 

 This field study is among the first to document Sb isotope composition variability in a mining 595 

and industrial multi-source context. It documented a range of Sb isotope composition between -0.09 596 

and +0.93 ‰, with significant difference between dissolved Sb in AMD (0.4 – 0.7 ‰) and dissolved Sb 597 

in a smelter-impacted stream (0.3 ‰). It showed that natural attenuation process in AMD produced 598 

significant Sb isotope fractionation between Sb in the dissolved phase and the solid (Δ123Sbwater-sediments 599 

 0.3 ‰) that reflected sorption of Sb(III) and Sb(V) on secondary Fe-oxyhydroxides, privileging the 600 

light Sb isotope. The study also showed significant variation of Sb isotope composition between dry 601 

period (δ123Sb = 0.55 ± 0.01 ‰) and wet period (δ123Sb = 0.28 ± 0.02 ‰) in Uru-Uru lake water, which 602 

most readily reflected a variable contribution from the different tributaries impacted by distinct Sb 603 

sources, namely the AMD-impacted river of Oruro and the smelter-impacted river of Vinto.  604 

Altogether, these results show that Sb isotopes have the potential to help tracking Sb sources 605 

and transport processes in mining areas. An in-depth characterisation of Sb geochemistry 606 

(concentration, speciation and distribution), as done in this study, in complement to the determination 607 

of Sb isotope composition, is essential to achieve a comprehensive understanding of the behaviour 608 

and fate of Sb isotopes. However, there is still some challenges regarding the wide application of Sb 609 

isotopes to trace its sources and transport processes. The overlapping of several processes with similar 610 

(or opposite) fractionation factors can hinder their discrimination. More experimental studies are 611 

required to better characterise the behavior of Sb isotopes during complex geochemical processes and 612 

multi-source environments. While antimony extraction and environmental emissions are expected to 613 

increase in the near future (Zhou et al., 2015), the development of this understudied Sb isotopic system 614 

could ultimately lead to better identification of Sb sources in the environment when multiple 615 

contamination sources (mining, industrial and/or urban sources) co-exist, which is essential for 616 

implementing effective emission reduction strategies.   617 
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