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ARTICLE INFO ABSTRACT

Keywords: In the long-term after atmospheric deposit onto a forest ecosystem, Cs-137 becomes incorporated into the
Cs-137 biogeochemical cycle of stable elements and progressively reaches a quasi-equilibrium state. This study aimed at
Cs-133

determining to what extent Cs-137 activity distribution in tree vegetation could be predicted from that of stable
caesium (Cs-133) and potassium (K), which are known to be stable chemical analogues and competitors for Cs-
137 intake in tree organs. Field campaigns that focused on beech trees (Fagus sylvatica L.) were conducted in
2021 in three French forest stands with contrasted characteristics regarding either the contribution of global vs.
Chornobyl fallouts, soil or climatic conditions. Decades after Cs-137 fallouts, it was found that more than 80% of
the total radioactive inventory in the system remained confined in the top 20 cm mineral layers, while organic
layers and beech vegetation (including roots) contributed each to less than 1.5%. The enhanced downward
migration of Cs-137 in cambisol than podzol forest sites was presumably due to migration of clay particles and
bioturbation. The distribution of Cs-137 and Cs-133 inventories in beech trees was very similar among sites but
differed from that of K due a higher accumulation of Cs isotopes in roots (40-50% vs. < 25% for K). The
aggregated transfer factor (Tag) of Cs-137 calculated for aerial beech organs were all lower than those reported in
literature more than 20 years ago, this suggesting a decrease of bioavailability in soil due to ageing processes.
Regarding their variability, Tags were generally lower by a factor 5 at the cambisol site, which was fairly well
explained by a much higher value of RIP (radiocesium immobilisation potential). Cs-137 concentrations in trees
organs normalized by the soil exchangeable fractions were linearly correlated to those of Cs-133 and the best fit
was found for the linear regression model without intercept indicating that no more contribution of the foliar
uptake could be observed on long term. Provided that the vertical distribution of caesium concentrations and fine
root density are properly measured or estimated, Cs-133 was shown to be a much better proxy than K to estimate
the root transfer of Cs-137.

Long-term distribution
French forests
Beeches

Root transfer

1. Introduction

In case of a severe nuclear accident (Chornobyl, Fukushima),
caesium radioisotopes are likely to be released into the atmosphere in
large quantities and deposited onto the ground surfaces (Steinhauser
et al., 2014). Due to its long half-life (30.2 years), Cs-137 will rapidly
become one of the main lasting contributors to the radioactivity content
remaining in soil and perennial vegetation of the contaminated terri-
tories, with a long-term radiological impact on humans and biota.

* Corresponding author.
E-mail address: pierre.hurtevent@irsn.fr (P. Hurtevent).
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Forests are particularly sensitive ecosystems because they are very
efficient at intercepting gaseous or particulate radionuclides, and are
capable of retaining them in their soils and their internal biogeochem-
ical cycling process over decades (e.g. Tikhomirov et al., 1993; Tikho-
mirov and Shcheglov, 1994). Following atmospheric testing of nuclear
bombs (from the mid-1940s to the mid-1980s) or nuclear accidents such
as Chornobyl (April 1986) and Fukushima (March 2011), high
contamination levels of radiocaesium often persisted for years or de-
cades in forest foodstuffs such as mushrooms or game as well as in wood
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products (Calmon et al., 2009). Forest ecosystems are also of particular
interest because they can act as a secondary source of radioactive
contamination for the hydrosphere and other connected systems
through hydrological pathways, as still recently exemplified in the ter-
ritories contaminated by Fukushima atmospheric fallouts (Evrard et al.,
2015; Laceby et al., 2016). Finally, the relative contribution of the forest
component to the overall internal and external doses to humans, flora
and fauna can be significant for populations in close interaction with
such environments.

The fate and recycling of deposited radiocaesium in a forest medium
is driven by a variety of short to long term biological, physical and
chemical processes, some of which are still poorly understood. In the
short and mid-term after deposition (months to years), a small part of
the activity intercepted by tree canopies can be incorporated mainly into
leaves and subsequently translocated to perennial organs, notably wood
(e.g. Ronneau et al., 1991; Goor and Thiry, 2004; Nishikiori et al., 2015;
Komatsu et al., 2016; Thiry et al., 2016; Gonze and Calmon, 2017). At
the same time, a major part of the intercepted deposit is gradually
removed and returned to the forest floor through depuration processes
such as throughfall, stemflow and litterfall (e.g. Bunzl et al., 1989;
Loffredo et al., 2015; Kato et al.,, 2019). The predominance of
return-to-soil fluxes over root uptake is such that forest soil rapidly be-
comes the main reservoir of radiocaesium activity in the system (Myt-
tenaere et al., 1993; Coppin et al., 2016; Imamura et al., 2017; Gonze
et al., 2021; Yoschenko et al., 2022). Radiocaesium activity deposited
onto the upper organic layer is more or less rapidly transferred to the
upper mineral horizon as a result of organic matter decomposition,
lixiviation of mobile physico-chemical forms and biological activity (e.g.
Koarashi et al., 2016; Imamura et al., 2017; Takahashi et al., 2018; Muto
et al., 2019). Because caesium is efficiently fixed by some specific soil
components such as clay particles (Cremers et al., 1988; Wauters et al.,
1996; Vandebroek et al., 2012), it only slowly migrates downward and
can be retained for a long time in the organic and top mineral layers
preferentially colonised by fine roots (Rithm et al., 1999; Jagercikova
etal., 2015; Nakanishi et al., 2014; Fesenko et al., 2001a). In contrary to
short-term processes that have been well documented and studied after
Fukushima accident, the long-term (years to decades) dynamics of
radiocaesium remain rather unpredictable due to a lack of understand-
ing and to uncertainties in the parameterization notably of root uptake,
bio-chemical factors determining the bioavailability of radiocesium in
the rooting soil and internal translocation processes from roots to aerial
organs (Hashimoto et al., 2021). Post-Chornobyl studies suggested that
the system would reach a quasi-equilibrium state between one and two
decades after deposition, which is characterized by an overall balance
between root uptake, internal translocation and return-to-soil transfer
fluxes (e.g. Tikhomirov and Shcheglov, 1994; Riihm et al., 1999; Goor
and Thiry, 2004; Shcheglov et al., 2014). It was also suggested that
radiocaesium would be progressively incorporated into the biological
cycle of potassium (K), this stable element being considered as a
chemical analogue (Yoshida et al., 2004; Varga et al., 2009). This im-
plies that the behaviour and distribution of Cs-137 in the soil-tree system
would, to some extent, follow that of potassium in the long-term and/or
that of stable caesium (Cs-133). Unlike caesium for which there is no
evidence of discrimination between the two isotopes (White and
Broadley, 2000), a significant discrimination between Cs-137 and K in
root uptake and translocation processes has been evidenced in agricul-
tural crops (Zhu and Smolders, 2000; Casadesus et al., 2008). Thus,
analogy with K may be questioned for forest trees. Potassium also acts as
a competitor in sorption-desorption in soil as well as in absorption by
fine active roots. As such, it can influence the fate of Cs in the soil-tree
system. For all these reasons, knowledge of the biogeochemical
cycling of K that has long been studied due to its biological importance
for plants, as well as that of Cs-133 for which data remain scarce (due to
measurement difficulties), is a useful way to make insights into our
understanding of long-term dynamics of Cs-137 in terrestrial systems
(Riihm et al., 1999; Goor and Thiry, 2004; Yoshida et al., 2004).
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Current Cs-137 contamination in French forests originates from both
the global fallouts from nuclear weapons test and Chornobyl fallouts,
their respective contributions depending on the geographical area
considered. Thanks to the RENECOFOR French forest monitoring
network, studying the distribution of Cs-137, Cs-133 and K in French
beech forests (Fagus sylvatica L.) offers the opportunity to bring new
lights on the long-term behaviour of Cs-137 for this specific broadleaf
deciduous species that is quite common in France. The present study
aimed to answer the following questions: How is Cs-137 distributed
between forest compartments from 35 to 60 years after initial deposi-
tion? To what extent has Cs-137 reached a quasi-equilibrium state? To
what extent can we predict the distribution of Cs-137 activity in tree
vegetation from K or Cs-133 measurements? Which environmental
characteristics might explain the variability observed among sites? To
what extent does the bioavailability of Cs-137 in soil determine the
contamination in tree organs on the long-term? The present paper is
organized as follows. The selected sites, sampling methodology and data
treatment are described in sections 2. In sections 3.1 and 3.2, we present
and discuss results regarding the distribution of Cs-137, Cs-133 and K
concentrations and inventories respectively in soil and tree vegetation,
then assess the variability between sites and differences between ele-
ments and Cs isotopes. At first, in section 3.3, we quantify the so-called
aggregated transfer factor (Tag) used in simplistic radioecological
assessment studies and discuss our results in the light of the literature.
We then characterize the correlation between Cs-137 and stable ana-
logues concentrations for all sites and tree organs. Finally, we attempt to
explain the results observed through semi-mechanistic considerations
and to estimate Cs/K selectivity coefficients for both root uptake and
root-to-shoot translocation processes. The main results are summarized
in the conclusion (section 4).

2. Material and method
2.1. Sites characteristics

Soils and beech trees were sampled at three forest sites equipped and
monitored by the French National network for long-term monitoring of
forest ecosystems (RENECOFOR), which is part of the pan-European
network for intensive forest monitoring (ICP Forests level II). The
RENECOFOR network has been monitoring 2 ha permanent plots
installed throughout France since 1992, regularly collecting data about
soil physico-chemical properties, tree growth, atmospheric fluxes, and
analyses of major elements in the main biotic and abiotic compartments
of forest ecosystems.

The main stand characteristics of the sampled sites are presented in
Table 1 and their locations in Fig. 1. These plots differ in the main and
secondary trees species and their contributions to the stand basal area.
Fagus sylvatica L. (beech) is present in the 3 plots. In the HET site, beech
is the dominant tree species, representing 87% of the stand basal area. In
the CPS and PS sites, beech is a secondary tree species, accounting for
about 1/3 of the stand basal area. The main dominant species on these 2
sites, oaks and pines respectively, accounted for about the 2/3 of the
stand basal area. The beech trees in all three sites are quite similar in
their average age (from 72 to 89 years), their average diameter at breast
height (DBH, from 29 to 37 cm) and their average height (H, from 20 to
27 m). The density of beech trees differs by site: 170 trees ha™! in HET
site, 132 trees ha™! in GPS site and 52 trees ha~! in PS site. The sites lay
on two contrasted soil types according to the World Reference Base for
Soil Resources (IUSS, 2015): (1) eutric cambisol in the HET site with a
clayey texture (40% clays) and a mull humus type, and (2) cambic
podzol in the CPS and PS sites with a sandy texture (only 4% clays) and a
moder humus type. The soils also differ in their organic carbon content,
with the highest concentration in the HET and PS sites and a twice as low
content in the CPS site.

The sites are under the influence of Temperate Oceanic and Semi-
continental climates. Two sources of atmospheric deposition of Cs-137
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Table 1
Characteristics of the selected forest sites from the RENECOFOR network.
Site HET CPS PS
Sampling date 2021/01/12 2021/03/09 2021/05/18
Coordinates 43°09'14.1"N 0°39'40.4'W 48°27'15.2'N 2°43'07.4'E 48°51'08.8"N 7°42'20.3'E
Altitude (m) 400 80 175
Slope (%) 44 0 0
Mean annual temperature (°C) @ 13.3 10.8 10.2
Mean annual precipitations (mm) @ 1409 698 757

Main dominant species Tree species Fagus sylvatica L.

Quercus robur L. Quercus petraea Matt. Pinus sylvestris L.

Density (trees ha ') 170 98 100
% of stand basal area 87 59 60
Mean age (years) 89 133 55
Mean DBH (cm) 37 56 41
Mean H (m) 27 28 28
Secondary dominant species Tree species Quercus robur L. Quercus petraea Matt. Fagus sylvatica L. Fagus sylvatica L.
Density (trees ha™1) 6 132 52
% of stand basal area 7 31 39
Mean age (years) - 82 75
Mean DBH (cm) 65 30 29
Mean H (m) - 25 20
Soil organic horizon Humus type Mull Moder Moder
Surface density (kg m~2) 1.2 1.1 2.5

Soil mineral horizon 0-40 cm ™ Soil type Eutric cambisol Cambic podzol Cambic podzol
Clay (%) 40 4 4
Silt (%) 53 6 13
Sand (%) 7 90 83
Organic C (g kg™1) 15.4 7.8 18
Surface density (kg m™2) 443 536 495
PH (H0) 4.9 4.8 4.3
CEC (cmol* kg™h) 6.5 1.0 2.4

Cs-137 atmospheric deposition Soil inventories (Bq m~2) 2812 + 110 1630 + 148 3270 + 208
Global fallouts (%) 80 84 45
Chornobyl fallouts (%) 20 16 55

(1) - RENECOFOR report — Soil chemistry (Ponette et al., 1997), (2) - RENECOFOR report — Local weather monitoring (Peiffer et al., 2008), (3) — Estimated trees
densities and basal area from RENECOFOR plots, (4) - RENECOFOR report — Soil characteristics (Brethes and Ulrich, 1997).

CPS site®

Deposition of 137Cs on N
the French soils (Bq.m2)
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Fig. 1. Atmospheric depositions of Cs-137 on the French metropolitan territory: (a) — nuclear weapons atmospheric tests from 1945 to 1980 (IRSN, 2015) and (b) -

Chornobyl accident in 1986 (Renaud et al., 2007).

have impacted the three forest sites: global fallouts from atmospheric
nuclear tests (Fig. 1a) and the Chornobyl accident (Fig. 1b). The
numerous releases of Cs-137 into the atmosphere from 1945 to 1980
spread over all the French territory (IRSN, 2022). The Cs-137 was
mainly deposited in mountainous regions due to the high amount of
rainfall. Cs-137 deposits from the Chornobyl accident were more
localized in eastern part of France due to unfavourable meteorological
conditions, higher activity in air and heavy precipitation prevailing in
that part of the country in late April/early May 1986 (Renaud et al.,
2007). Hence, respective Cs-137 deposits did not exhibit the same
contributions according to site location: PS exhibited the highest total

Cs-137 inventories in soil (3270 Bq m™2, Supp. Mat. Table S4.1) and the
strongest contribution from the Chornobyl fallouts (55%, Table 1),
whereas for HET and CPS sites the global fallouts contributions were
estimated to be close to 80% (Table 1), with total soil Cs-137 inventories
of 2812 Bq m~2 and 1630 Bq m™2, respectively. The contribution of
global fallouts to the total amount of Cs-137 activity measured at
selected sites was estimated based on the map established by IRSN
(2022), the remaining part being attributed to Chornobyl fallouts.
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2.2. Sampling and sample treatment

2.2.1. Sampling

Sampling took place in 2021 taking advantage of thinning operations
carried out in the immediate vicinity of each of the 3 RENECOFOR
monitoring plots. It was performed during the dormant period when all
element fluxes have ceased for HET and CPS, but for PS the beech trees
had begun to bud. Six trees per site were selected based on DBH distri-
bution of the stands. For the HET site, the DBH population of the
dominant trees (beeches, 87% of the basal area) was divided into six
DBH classes of equal size and the median DBH of a class was selected
(one individual per equal size class). For the CPS and PS sites, two
dominant species were considered according to their respective contri-
butions to the stands basal area: the populations of the main dominant
species (oaks and Scots pines, respectively) contributing to about 2/3 of
the stand basal area were divided into four DBH classes of equal size to
select four of these trees in each stand as previously done in the HET site,
while the significant contribution of the beech as the secondary domi-
nant species (about 1/3 of the stand basal area) led to select two in-
dividuals belonging to the 10th and 90th percentiles of the DBH values
of the beech population. Trees with the closest DBH to the median DBH
of each considered class were cut for sampling.

Once the trees were cut, the height of the trees was measured.
Several stem discs (5 cm thickness) were sampled at four heights of each
tree (at OH, 0.25H, 0.5H, 0.75H) to consider a possible vertical gradient
in element concentrations. About 7 kg fw (fresh weight) of branches and
2 kg fw of twigs per tree were randomly taken in the low, middle, and
upper parts of the crown to be representative of the developed volume of
the entire crown. About 5 kg fw of roots per tree were collected from the
stump of each tree: the soil around the roots was removed and once all
roots were confirmed as belonging to the selected tree, they were
sampled. Later, in July 2021, approximatively 2 kg fw per tree of living
leaves were sampled with the same volumetric approach from standing
trees, at the same location and with DBH values close to those of the
trees sampled during the thinning operation. After their sampling, all the
samples were immediately packed and stored for further treatment in
the laboratory.

Soil horizons were sampled (N = 6 per stand) close to the sampled
trees. The organic layers, i.e. litter (Ol), fragmented (Of) and humified
(Oh) ones, were sampled sequentially using the same area frame (0.2
m?). This approach was adopted due to the difficulty of coring through
branches in the litter, its variable thickness, and low bulk density. The
organic horizon was separated into litter (Ol) and a single fragmented +
humified layer (Of + Oh) due to the difficulties in distinguishing them.
After in-situ removal of the organic layers, cores of the mineral layer
were taken with a cylindric auger (9.7 cm of internal diameter, 10 cm
length) down to a depth of 40 cm to account for the total inventory of Cs-
137 in soil. Each soil core was divided into 0-10 c¢cm, 10-20 cm and
20-40 cm layers to fit with the RENECOFOR soil sampling method (see
Ponette et al., 1997). As low Cs-137 concentrations were expected below
20 cm mineral soil depth (Baeza et al., 2005; Konopleva et al., 2009;
Yoschenko et al., 2017), it was also considered more relevant to collect
the 20-30 cm and 30-40 cm mineral layers together.

2.2.2. Samples treatment

Once in the laboratory, stem discs, bark, branches, and twigs were
first brushed to remove lichens and mosses and then rinsed with tap
water. The same process was applied to the roots to remove soil particles
until the soil was no longer detectable when blotted with white paper.
The roots were then divided into three diameter (&) classes: <1 cm, 1-3
cm and >3 cm. All samples were rinsed with reverse osmosis water to
remove any residual elementals from their surface. Leaves were only
rinsed with mineral-free water. For the stem compartments, a disc sector
(see Supp. Mat. Figure S1) was sampled in the same proportion from
each stem disc per tree (OH, 0.25H, 0.5H, 0.75H). Each disc sector was
further separated into four compartments: outer bark, inner bark,
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sapwood, and heartwood. Then the samples taken from the 4 discs were
pooled into one composite per stem compartment and per tree. All the
vegetal samples were oven-dried at 70 °C until constant weight. To
further concentrate these dry samples, they were decarbonised in a
furnace to obtain white ashes (Supp. Mat. Table S1). The dry samples of
outer bark and leaves were ground directly due to the low amounts of
ash expected as compared to the amount of dry sample to be processed.

A single composite sample per soil layer (Ol, Of + Oh, mineral 0-10
cm, 10-20 cm, 20-40 cm) and per site was made. In the laboratory,
coarse gravels, stones, and roots were removed from the mineral soil
samples (sieving mesh 2 mm). Each soil sample was dried at 105 °C and
then homogenized. The Cs-137, Cs-133 and K exchangeable fractions
were extracted using 1M ammonium acetate (NH4Ac) with a solid to
liquid ratio of 1:10 (Teramage et al., 2018): the NH4Ac solution (4 L.) was
added to 400g of samples of the 0-10 and 10-20 cm mineral soil layers,
then mixed and shaken with a rotary agitator at 11 rpm (Heidolph, Reax
20-8) for 21 h. Because of an extraction yield expected <10% (Fesenko
et al., 2001b; Konopleva et al., 2009), the 0-10 cm and 10-20 cm
mineral soil layers were used because of the expected highest Cs-137
concentrations in these layers. After 3 h of decantation of the solid
particles, 3 L of supernatant was filtered with 0.45 pm cellulosic ester
filters and placed in 3L Marinelli container for further
gamma-spectrometry analyses. An aliquot of ~50 mL was sampled and
stored for further ICP-MS and ICP-AES analyses. Data of total Cs-133 and
K contents in the 0-20 cm and 0-40 cm mineral soil layers were obtained
from the RENECOFOR database. Their procedure to reach the structural
mineral pool of soil elements consisted in a complete dissolution of the
soil solid matrix performed by calcination at 450 °C followed by
digestion with both hydrofluoric acid (HF) and perchloric acid (HCIO4)
according to the EU referenced French norm NF X31-151 (see Ponette
et al., 1997).

For the analysis of stable analogues contents (Cs-133 and K) in the
vegetal compartments, approximately 0.1 g of homogenized aliquots of
ash samples were taken and dissolved in 50 mL of HNO3 4%, then left to
stand for several hours to separate the solution from the solid particles
(decantation). The supernatant aliquot was taken and filtered with
double 0.8/0.2 pm PF (Hydrophilic polyethersulfone) filters. Filtered
solution was further diluted with UHQ water to reach a final concen-
tration of HNO3 2% (m/m) and stored at 4 °C until analysis. Dry samples
(outer bark, leaves) were mineralized with a microwave digester (CEM
MarsXpress5): 0.5 g aliquots were mixed with 6 mL HNO3 69%, 3 mL
HCl 37% and 1 mL UHQ water. These solutions were digested at 180 °C
for 30 min. Once digested, all samples were filtered with 0.2 pm PF
filters, then filtrate was evaporated. The dry extract was homogenized
with HNO3 2% (m/m) then stored at 4 °C until analysis.

2.3. Analytical measurements

2.3.1. Cs-137

Cs-137 activities were measured by gamma-spectrometry with HPGe
Coaxial Radiation Detector (Eurisys-Mesures, reference: EGPC 42-190R;
40% of relative efficiency). For vegetation ash samples the detection
limit (DL) was 0.20 Bq per sample with 8 h of counting in 120 mL ge-
ometry. If measurement was below this DL, the samples were re-
measured for 24 h with a lower DL (0.08 Bq per sample). If the results
were again below this second DL, a composite sample was performed.
The dry vegetation samples were measured in 500 mL containers and the
detection limits were 0.10 Bq and 0.08 Bq per sample with 12 and 24 h
of counting, respectively. The reference date for the results of gamma-
spectrometry analysis of vegetation samples was set to the date of
sampling in the corresponding stand (Table 1).

The dry soil samples were measured in 500 mL containers with the
same detector as mentioned above. The detection limits were 0.10 Bq
and 0.08 Bq per sample with 12 and 24 h of counting, respectively. The
NH4Ac extracted soil solutions were analysed in 3 L Marinelli beakers for
24 h with a DL of 0.10 Bq per sample. The reference date for gamma-
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spectrometry of soil samples was setup to 2020/09/01.

2.3.2. Cs-133 and K

For all vegetal samples, stable caesium and potassium concentrations
were determined by ICP-MS (Agilent 7800, Agilent Technologies,
Tokyo, Japan) and ICP-AES (OPTIMA 4300 DV, PerkinElmer), respec-
tively. To prepare calibration solutions, 1000 mg L' standard solutions
of Cs-133 and K purchased from PlasmaCAL (SCP Science) were used.
Instrumental quantification limits (Cs-133: ~1 ng L™ K: ~10 pg L™Y)
were obtained from external calibrations in HNO3 4% with analytical
precision <10%.

2.4. Data processing

2.4.1. Soil density and elements inventories in soil

For the soil organic layers, the total dry mass (kg dw) was divided by
the area of the sampling frame (mz) to obtain the mass density of each
layer per site (kg dw m~2). For the mineral soil layers, the dry mass of
the fine earth <2 mm (kg dw) was divided by the volume of the auger
(m3) to obtain the volumetric mass density of each mineral soil core (kg
m~3). Then the volumetric mass density was multiplied by the thickness
of the related layer to obtain the mass density per site (kg dw m~2). For
each soil layer, the mass density was further multiplied by the concen-
trations of elements (Bq or g kg™!) to estimate the element inventories or
stocks per soil layer (Bq or g m™2).

2.4.2. Cs-137 exchangeable fraction in soil mineral horizon

The NH4Ac extracted and total Cs-137 concentrations were used to
calculate the exchangeable fraction of this element in the 0-20 cm
mineral soil layer (expressed in %) with Equation (1). This percentage
was then applied to the inventories of each mineral soil layer to obtain
the exczhangeable fraction inventory of the 0-40 cm mineral soil layer (in
Bgm™).

137
[ X Vextmction

CS} extracted x 100 (1 )

Exchangeable fraction = —>
[ CS} 0-20cm % Mot

where [137Cs] extracted 1S the concentration of extracted Cs-137 (Bq L’l),

[*¥Cs] y_g00m is the Cs-137 concentration in the 0-20 cm soil layer (Bq

kg’1 dw) and Vexraciion is the extraction volume (4 L) and M;,; the mass
of soil (0.4 kg dw).

2.4.3. Biomass of trees compartments

Specific stem discs were used for biometric measurements (Supp.
Mat. Figure S1). The width of the outer bark, inner bark, sapwood, and
heartwood rings was measured on 4 axes, i.e. 8 radius, of each stem disc
to model the volume of the tree stem according to a truncated cone
model, and to acquire biomass allocation factors in the stem.

The mass density of each compartment (kg dw m’3) was determined
to allow the calculation of the stem compartment biomass. This esti-
mated biomass was then compared with those obtained from models
based on the allometric equations from the literature for beech trees (e.
g. Bartelink, 1997; Genet et al., 2011; Chakraborty et al., 2016; Cal-
varuso et al., 2017). The model by Genet et al. (2011) showed the best
agreement between modelled and estimated stem biomasses (Supp. Mat.
Figure S2). This model was used to predict the biomass of foliage,
branches, bark, stem and roots as given by the following allometric
relationships:

Biomass? =a+ f x (DBH* x H)’ @

where Biomass? (kg dw per tree) is the biomass of the given organ i for
any tree p, DBH (m) is the tree diameter at breast height, H (m) is the tree
height and a, 8,y are unitless model parameters (given in Supp. Mat.
with Figure S2). DBH and H values are released in Supp. Mat. Table S2.
Then, outer bark, inner bark, sapwood, and heartwood biomasses were
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obtained by applying allocation factors acquired from biometrics on
stem disk. Finally, twig biomass was estimated from the ratio of twig to
branch biomass (0.0018) derived from Devillez et al. (1973). To obtain a
representative biomass density of tree vegetation at the scale of the plot,
denoted Biomass; (kg dw m‘z), the individual biomasses were summed
over the tree population and normalized by the plot area S (5000 m?).

2.4.4. Concentration and inventory of elements in trees

To account for the variability of tree biomass between individuals,
the mean element concentration of Cs-137, Cs-133 and K in tree organ i,
denoted [Element]; (Bq or g kg~! dw), was calculated as the weighted-
average concentration over sampled individuals p:

>, [Element]? x Biomass}

>, Biomass} @)

[Element], =

Where [Element]? (Bq or g kg~! dw) is the concentration in tree p.
Element inventory in any tree organ i at the scale of the plot, denoted

StockElement; (Bq or g m™2), was calculated by multiplying the mean

concentration [Element]; by the biomass density Biomass;.

2.4.5. Concentrations normalized by the soil exchangeable fraction
inventory (NCE)

Mean element concentrations in tree compartments were normalized
by the exchangeable fraction inventory of the element considered in the
0-40 cm mineral soil layers (Equation (4)), hereafter referred to as NCE,
to compare the results between sites.

El t];
NCE Element; = [Etement]
StockElementy; exchangeable

4

where StockElement;y exchangearle iS the inventory of the exchangeable
fraction in the 0-40 cm mineral soil layer (Bq or g m™2).

2.4.6. Statistical analyses and uncertainties calculation

Statistical analyses were performed with the R software (R Core
Team, 2013; version 4.1.3). Pearson’s test was used to assess linear
correlations between normalized concentrations of Cs-137, Cs-133 and
K.

The uncertainties attached to the concentrations correspond to the
analytical uncertainties. Uncertainties in concentrations, inventories,
exchangeable fractions in mineral soils and normalized concentrations,
were classically propagated.

2.5. Semi-mechanistic modelling of Cs-137 root uptake by tree vegetation

To shed a little more light on the expected relationships between Cs-
137 and stable analogues concentrations in tree vegetation induced by
root uptake, some “theoretical” considerations were developed. As dis-
cussed in several publications (e.g. Myttenaere et al., 1993; Sombré
etal., 1994; Berg and Shuman, 1995; Zhu and Smolders, 2000; Goor and
Thiry, 2004; Casadesus et al., 2008; Rantavaara et al., 2012; Kobayashi
et al., 2019), the uptake of Cs-137 by roots can be reasonably related to
the annual demand for K of growing vegetation, UpK(t) (gK m 2 d™1),
divided by the characteristic concentration of exchangeable K, [K] (gK
kg~! dw). Such a ratio quantifies the “driving force” of the root uptake
mechanism. Based on this assumption, the root uptake flux of Cs-137
from each rooting soil layer j (Up'® Csj in Bq m2 d!) can be
expressed as follows:

UpK x o

K ©

Up'¥ Cs; = sel® x x [*¥7Cs]

. Jj
j

Where ['¥7Cs] j is the concentration of exchangeable Cs-137 in layer j (Bq
kg’1 dw), [K]; is the concentration of exchangeable K in j (gK kg’1 dw),
sel”” (n.d.) is the Cs/K selectivity coefficient specific to root absorption
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(comprised between 0 and 1) (n.d.) and a}‘p (n.d.) quantifies the pro-
portion of K which comes from j (n.d.). By definition, Zaj”p =1 (sum-
mation over layers j). If K concentration is constant with depth, a}‘p
approximately corresponds to the density of fine absorbing roots (@ < 2
mm). We can further assume that Cs-137 up-taken by roots is less effi-
ciently translocated to aboveground organs than K, because of chemical
discrimination in the internal transfer processes. If discrimination is
efficient, Cs-to-K concentration ratio in aerial organs should be signifi-
cantly smaller than in roots. Based on the previous assumptions (to be
confirmed at field), we obtain the following approximation for Cs-137
concentration in any aerial organ i:

[*¥7Cs], ~ sely® x sel® x % x Zd x ['¥Cs]
Where seli™ (n.d.) is the Cs/K selectivity coefficient (between 0 and 1),
[K]; (gK kg~! dw) denotes K concentration in organ i and [K] (gK kg™*
dw) denotes the constant concentration in soil. In a first approximation,
we will consider that selectivity is identical for all aerial organs. As a
result of stock definition, Equation (7) can be reformulated as follows:

137
[7Cs], (K],
~ sel™ 1up i
Stock™cs %% %% X Stockk

©

J

up
" X f;

)

S

Where Stock!®’ Cs is the total stock of exchangeable Cs-137 in the rooting
zone (Bq m™~2), StockK is the corresponding stock of exchangeable K (gK
m’z), B; (n.d.) is the contribution of layer j to the total inventory of Cs-
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137 in the rooting zone and w; (n.d.) is the contribution of layer j to the
total mass density of the rooting zone expressed in kg dw m~2. By
definition, we have 3§ = Xw; = 1. The last right-hand side (RHS) term
of Equation (8) quantifies the effect of vertical inhomogeneities while
the net selectivity coefficient, sel™ x sel*P, quantifies the cumulated ef-
fect of selectivity in root uptake and translocation.

The previous theoretical reasoning can be applied to Cs-133 except
that we consider here that there is no isotopic discrimination between
Cs-137 and Cs-133, that is: sel”? = sel™ = 1. Thus, normalized concen-
tration of exchangeable Cs-137 in aerial organs can be simply estimated
from Cs-133 concentration as follows:

[1376‘5] i [1336‘5] i ajl'lp < b
Stock™®’Cs  Stock'*3Cs w;

(8

where the last RHS term is identical to that for K.

As long as the contribution of foliar uptake is negligible with respect
to root uptake’s, this modelling approach tells us that NCE Cs-137 and
NCE Cs-133 or K would be related in a linear way, the proportionality
coefficient depending on vertical inhomogeneities in the rooting zone
and selectivity coefficients (for K). If the mean vertical distribution of
fine roots density is measured at site, reliable estimations of Cs-137/K
regression slopes for both aerial and root organs enable to infer the
two selectivity coefficients. If in situ measurement of element concen-
trations in roots or root density profile are not reliable enough, one can
nevertheless evaluate the net selectivity coefficient, sel™ x sel*?, by
comparing regression slopes obtained for Cs-137/K and Cs-137/Cs-133
relationships.
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Fig. 2. (a) - Concentration of Cs-137 in organic and mineral soil horizons, error bars correspond to 1 standard deviation. (b,c) — Contribution of each soil layer to the
total inventory of Cs-137 in soil. (d) Contribution of each organic layer to the total inventory of Cs-137 in the organic soil.
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3. Results & discussion

3.1. Vertical distribution of Cs-137 and stable analogues contents in
forest soil

3.1.1. Cs-137 concentrations and inventories

The Cs-137 concentrations in soils were heterogeneously distributed
among soil layers (Fig. 2a, Supp. Mat. Table S3.1) with the highest
concentrations in the mineral soil layer 0-10 cm at each site (11-24 Bq
kg~ dw) and then decreasing with depth in the mineral horizon. In the
organic horizon, the Of + Oh layers had higher Cs-137 concentrations
(5.5-14.0Bq kg’1 dw) than the Ol layer (0.9-5.0 Bq kg’1 dw) at all sites.
The mean ratio of Cs-137 concentrations between the Of + Oh and the
0-10 cm mineral layers were around 0.3, 0.6 and 0.6 for HET, CPS and
PS, respectively, i.e. twice greater in CPS/PS than HET sites. In the study
carried out by Winkelbauer et al. (2012) 25 years after the Chornobyl
fallouts in Bavarian forests (southern Germany), this ratio was 3 times
greater in stands characterized by moder humus type (like CPS, PS) than
mull humus type (like HET), i.e. a ratio of 3.3 in moder humus (N = 15,
excluding pure coniferous stands) vs. 1.1 in mull humus soil (N = 14).
The slower humification process and turnover of moder humus type
(Ponge, 2003; Karroum et al., 2005) could explain the higher retention
of Cs-137 in the organic layers.

For the three forest sites, the organic horizon accounted for less than
1% of the total soil Cs-137 inventory (Fig. 2b,c), i.e. 35 years after the
Chornobyl accident, with a major contribution coming from the Of 4+ Oh
layer (75-92%) (Fig. 2d). The latter result is in line with the reported
contributions observed by Belli et al. (2000) in European forest stands
about 10 years after the Chornobyl accident. Such a low contribution of
the organic horizon to the soil Cs-137 inventory differs from that
observed around 10 years after Chornobyl accident in Ukraine and
Russia or even 5 years after the Fukushima accident, where the organic
horizons contributed 11-91% of the total soil Cs-137 inventory (Kras-
nov, 1999; Shcheglov et al., 2001; Imamura et al., 2017). The decrease
of the organic layers contribution to the Cs-137 inventory in soil ac-
cording to the time elapsed from deposit in forest stands is consistent
with the continuous decrease of Cs-137 concentrations in crown com-
partments (Mamikhin and Klyashtorin, 2000; Clouvas et al., 2007;
Imamura et al., 2017; Tsvetnova et al., 2018; Kato et al., 2019; Hashi-
moto et al., 2021) and canopy to forest floor fluxes (Kato et al., 2019)
over time, as root uptake supply could not compensate for field losses
(litterfall, crown leaching, weathering) and biomass growth (Gonze
et al., 2021).

As also shown in Fig. 2b, significant differences in the contributions
of organic horizons to the total Cs-137 inventory exist between forest
stands, with the lowest contributions for the HET and CPS sites (~0.2
and 0.3 %, respectively) and the highest one for the PS site (~1%). The
higher retention of Cs-137 at PS site likely results from a higher mass
density of the Of + Oh layer in this stand dominated by conifers (2.0 kg
dw m~2 vs. 0.7 and 0.6 kg dw m~2 at HET and CPS sites, respectively,
Supp. Mat. Table S3.1). Climatic characteristics and litter composition
are the main factors influencing litter decomposition and organic matter
turnover (Zhang et al., 2008), the latter factor itself depending on the
nature of litterfall debris and the tree species abundance. At CPS and PS
sites, oaks and pines are respectively the major contributors to the
organic horizon material. The highest contribution of organic layers
(Fig. 2d) might be explained by a slower turnover of organic matter than
expected in purely deciduous stands. To some extent, this might also
result from a relative contribution of Chornobyl fallouts higher than at
HET and CPS sites (Table 1), this resulting a priori in higher Cs-137
concentrations in canopy organs and return-to-soil Cs-137 fluxes than
at sites contaminated by older global fallouts. The slight difference be-
tween pure deciduous HET and CPS sites, where the contributions of
global fallouts were similar, could be explained by higher Cs-137 con-
centrations in canopy organs at CPS (Supp. Mat. Table S§3.2),
site-specific climatic parameters as well as the nature of the organic
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matter (mull vs. moder) as previously discussed.

Despite some disparity between sites, the main Cs-137 inventories
were confined to the first 10 cm of the mineral soil irrespective of the site
(Fig. 2b) as was also observed by Konopleva et al. (2009) in southern
German forests investigated 19 years after the Chornobyl accident.
About 50% of the total Cs-137 inventory had migrated below 10 cm at
HET site (cambisol), whereas only 25-27% was found below 10 cm at
CPS and PS sites (podzol). The vertical profiles of Cs-137 inventory
displayed in Fig. 2b are typical of those in undisturbed soil layers (Belli,
20005 Jagercikova et al., 2015; Koarashi et al., 2023) due to the low
mobility or downward migration of Cs-137 with characteristic velocities
of typically 0.2-0.3 ecm y ! (IAEA, 2010). In soils, Cs-137 is
quasi-irreversibly adsorbed on the Frayed Edge Sites (FES) of clays
(Kruyts and Delvaux, 2002) due to their high absorption selectivity for
Cs cations (Cremers et al., 1988; Wauters et al., 1996; Vandebroek et al.,
2012) and diffuses from the FES through the interlayer space of clays
reducing its mobility over time (Kruyts and Delvaux, 2002). In their
meta-analysis of vertical migration of Cs-137 in a variety of forest soils,
Jagercikova et al. (2015) obtained twice higher velocities in cambisol
than in podzol soils. This corroborates our observations. The modeling
study of Jagercikova and co-authors (2015, 2017) concluded that
downward migration was mainly correlated to the solid transportation
of clay particles, which is itself sensitive to percolating water intensity
(Quénard et al., 2011), through preferential flow paths notably. In this
regard, the significantly higher annual rainfall amount at HET site
(1409 mm) compared to CPS and PS (698 and 757 mm, respectively,
Table 1) should have enhanced lixiviation of Cs-137 in the mineral
profile.

Homogenization of the mineral soil layers through bioturbation by
soil macrofauna (e.g. endogeic and anecic earthworms) could also
explain the long-term deeper migration of Cs-137 in cambisol (HET)
than in podzol (CPS/PS). Based on experiments aiming at monitoring N-
15 vertical profiles in forest soils supplied by N-15 enriched litterfall,
Nicolas et al. (2006) and Salleles (2014) concluded that the higher
biological activity of burrowing earthworms in forest soils under mull
humus explain the faster vertical mixing of N-15 when compared with
moder humus. More, the earthworm galleries in soil create preferential
flow paths that enhance downward transportation of solutes and solid
particles as discussed previously. On another hand, according to Saka-
shita et al. (2020), the fine roots (@ < 2 mm) turnover may have
contributed significantly to the downward migration of Cs-137 in forest
mineral soil layers. Indeed, the mortality of fine roots, which is of the
same order of magnitude as or even greater than the current living fine
roots biomass (Lwila et al., 2023), is a major process of organic matter
input into mineral soil layers (Jonard et al., 2017; Heinze et al., 2018). In
Japanese beech (Fagus crenata Blume) stands contaminated by ca. 95%
of global fallouts, Koarashi et al. (2023) showed that, in the long-term,
the retention ratio in the mineral soil was negatively correlated with the
soil organic carbon concentration. However, the significance of the fine
root turnover process could not be demonstrated in the current study
and remains to be assessed with field investigations by accounting for
the rooting system morphology and the fine roots dynamics. Anyway,
both abiotic (clays leaching) and biotic (bioturbation, roots mortality)
processes need to be further documented to better quantify their
respective contributions to Cs-137 migration in forest soils, especially in
the long-term.

3.1.2. Stable analogues concentrations and inventories

In contrast to Cs-137, Cs-133 and K concentrations in the mineral soil
layers were uniformly distributed in the mineral profiles at all sites
(Fig. 3a and b, Supp. Mat. Table S3.1). Mean Cs-133 concentrations in
mineral horizons varied from 0.8 to 8.0 mg kg~ dw depending on the
forest site and were in the range of values reported by Burger and
Lichtscheidl (2018) for soils, i.e. 0.3-25 mg kg’1 dw. Cs-133 concen-
trations were 3—4 orders of magnitude lower than those of K, ranging
within 8-15 g kg ™! dw in agreement with those derived from the review
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of Sardans and Penuelas (2015).

HET site had the highest Cs-133 inventories in the mineral soil (3590
mg m~2 dw, Supp. Mat. Table $4.1), followed by PS (1350 mg m~2 dw)
and CPS (420 mg m~2 dw). In contrast to Cs-133, the highest K in-
ventories were found at PS site (7440 g m 2 dw), followed by HET
(5513 g m—2 dw) and CPS (4150 g m—2 dw). Nevertheless, the distri-
bution of K (Fig. 3d) between the mineral layers was very similar to that
of Cs-133 (Fig. 3c). The vertical profiles of Cs and K inventories were
characteristic of their respective origins, i.e. atmospheric for Cs-137
(Fig. 2b) and geogenic for Cs-133 and K (Fig. 3¢ and d). Both Cs-133
and K are mainly provided by soil mineral weathering (White and
Broadley, 2000) and their distributions vary little over depth (Fig. 3c
and d) (Ranger et al., 1995a; Marques et al., 1997; Yoschenko et al.,
2022).

3.1.3. Exchangeable fractions of Cs isotopes and K

The concentrations of exchangeable Cs-137 in the mineral soil (0-40
cm) were in the range 0.12-0.50 Bq kg’1 dw (Supp. Mat. Tab. S3.1). On
average, the exchangeable fraction of Cs-137 was about 8% at HET and
PS sites against 4% at CPS site. These values were in agreement with
those acquired with the same protocol (NH4Ac) by Fesenko et al.
(2001b) about 10 years after the Chornobyl accident in mineral A layers
of soddy-podzolic loamy sands under Scots pines stands, typically
ranging from 1 to 10 %.

The mean exchangeable Cs-133 and K concentrations in the mineral
soil were respectively in the range 0.02-0.27 mg kg ™! dw and 12-45 mg
kg~ ! dw. The Cs-133 exchangeable fractions amounted to 3.4%, 2.7%
and 1.7% at HET, CPS and PS sites, respectively. The exchangeable
fraction of K was estimated to 0.5%, 0.3% and 0.1% at HET, CPS and PS
sites, respectively. An order of magnitude difference between the rela-
tive abundance of Cs-133 and K exchangeable fractions (%) was
assumed to be due to the structural abundance of K in primary minerals
(Sparks and Huang, 1985; Sardans and Penuelas, 2015) which me-
chanically decreased the ratio of K exchangeable inventory to its total
inventory.

3.2. Cs-137 and stable analogues contents in beech trees

3.2.1. Cs-137 concentrations

Concentrations of Cs-137 in beech organs (Fig. 4a) varied by more
than an order of magnitude between sites and organs, ranging from 0.2
to 4.7 Bq kg’1 dw (Supp. Mat. Table S3.2). For all sites, the ranking of
organs was very similar: roots > outer bark ~ leaves ~ twigs > heart-
wood ~ sapwood ~ branches ~ inner bark. Roots (1.0-4.7 Bq kg ™! dw),
outer bark (0.8-3.3 Bq kg_1 dw), leaves (0.6-3.7 Bq kg_1 dw) and twigs
(0.4-1.4 Bq kg~! dw) generally showed the highest concentrations,
except for twigs at PS site which were in the same range as branches. On
the contrary, branches (0.2-1.2 Bq kg~! dw), wood (0.2-1.7 Bq kg™!
dw) and inner bark (0.2-2.2 Bq kg ™! dw) generally showed the lowest
concentrations. Contrasting with what was observed in the short-term
period after an accident, the variability of Cs-137 concentrations be-
tween tree organs was found to be small, typically contained within a
factor of 3.

A decade after the Chornobyl deposit, Fesenko et al. (2003) also
found a similar ranking of Cs-137 concentrations in birch organs (roots
> leaves > bark > wood), notably with roots exhibiting the highest
Cs-137 concentrations among the measured organs. In the study by
Tsvetnova et al. (2018) of Cs-137 contamination in birch (Betula spp.)
and oak (Quercus spp.) stands, the variability among organs observed 24
years after Chornobyl was contained within 3-4 orders of magnitude,
with concentrations being the highest in outer bark and the lowest in
wood. When the analysis was restricted to the other organs (leaves,
twigs, branches, roots and inner bark), the variability was reduced to
less than a factor of 5, closer to what we observed. The very high
contamination of the outer bark from the study by Tsvetnova et al.
(2018) was probably due to the strong remanence of the intercepted
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atmospheric fallouts resulting from a slow turnover of the stem bark
and/or low stemflow outputs. To our knowledge, stem bark turnover
data are unfortunately scarce to assess this hypothesis and vary ac-
cording to tree type as illustrated by Paul et al. (2022): In this modelling
study, half-lives were estimated to vary from 89 to 194 years for soft-
wood (coniferous) species (N = 138), mainly represented by Pinus spp.
and from 5.4 to 15.7 years for hardwood (deciduous) species (N = 80),
mostly represented by Eucalyptus spp. These data may not be applicable
to beech trees, as they appear to be very specific to the tree species
considered and don’t allow a reliable calculation of the remaining
contamination inventory in the outer bark over time. The ranking of
Cs-137 concentrations released by Tsvetnova et al. (2018) also differed
from that of our study and are as follows for birch and oak trees,
respectively: (birch) outer bark > twigs ~ leaves > inner bark ~ roots >
branches > wood and (oak) outer bark > roots > leaves > branches ~
inner bark > twigs > wood. These results suggest a tree species effect, as
well as those from the study of Fogh and Andersson (2001) in forests of
the Bryansk region investigated about 10 years after Chornobyl accident
when comparing the ranking of Cs-137 concentrations in aboveground
organs between birch trees (leaves > twigs ~ wood > branches) and oak
trees (leaves > bark > branches ~ twigs > wood). The scarcity of Cs-137
time series data in forest stands doesn’t allow distinguishing accurately
the variability generated by species effect from that due to the time
elapsed from deposit in the stand of the current study even if global
patterns were identified.

Another noticeable result from Fig. 4a (Supp. Mat. Table S3.2) was
the absence of significant difference between Cs-137 concentrations in
sapwood and heartwood. Heartwood is a dead lignified cells tissue
where nutrients are immobilized and resorption occurs during its for-
mation from senescing sapwood (Meerts, 2002). This process creates a
net flux of elements from heartwood to sapwood, resulting in higher
Cs-137 concentrations in sapwood as demonstrated in post-Chornobyl
studies (Sombré et al., 1994; Goor and Thiry, 2004; Yoshida et al.,
2011). Ten years after the Chornobyl accident, Fesenko et al. (2001a)
measured Cs-137 concentrations in birch wood that decreased from the
outer (sapwood) to the inner (heartwood) stem rings by one order of
magnitude, while Holiaka et al. (2023) observed the opposite trend
(sapwood < heartwood) more than 30 years after the Chornobyl in
birches grown in Chornobyl Exclusion Zone. In this latter study, Scots
pines exhibited an opposite gradient with respect to birch trees
(sapwood > heartwood). Such a dependence on tree species was still
again observed after the Fukushima accident by Ohashi et al. (2017,
2020) who revealed quite contrasting patterns between the different
species studied (Japanese cedar and cypress, Konara oak, larch, red
pine).

3.2.2. Stable analogues concentrations

The Cs-133 concentrations in beech organs ranged from 8 to 155 g
kg™ dw (Supp. Mat. Table $3.2). In all stands, the highest concentra-
tions were found in roots (27-155 pg kg ! dw) or leaves (32-63 pg kg ™!
dw), whereas the lowest concentrations were found in branches (8-28
g kg™ dw) or wood (10-39 pg kg™ dw). The ranking of tree organs
was very similar to that observed for Cs-137 (Fig. 4a and b, Supp. Mat.
Table S3.2): roots > leaves ~ outer bark ~ inner bark > twigs >
branches ~ sapwood ~ heartwood. The two peculiarities of the Cs-133
distribution are: non-significant differences between outer bark and
inner bark (for HET and PS) and leaves > twigs (for CPS and PS). Despite
these slight discrepancies, the Cs-133/Cs-137 ratio was fairly constant
between organs at each site (Coefficient of variation of 0.3, 0.4 and 0.2
for HET, CPS and PS sites, respectively, data not shown). Yoshida et al.
(2011) reported a similar distribution of both Cs isotopes in stem of Scots
pines 12 years after Chornobyl accident. This was also corroborated by
Yoschenko et al. (2018) measurements in the stems of Japanese cedars 3
years after the Fukushima accident, i.e. showing a constant
Cs-133/Cs-137 ratio (see also Yoshida et al., 2004). Cs-133 concentra-
tions were the highest at PS site but, in contrast to Cs-137, they were
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generally higher at HET than CPS (Fig. 4b). The reasons behind this
remain unclear as Cs-133 is assumed to be exclusively supplied to tree
from the soil and none of the soil or eco-physiological parameters
measured in this study can explain such a difference in root transfer.

K concentrations were about 5 orders of magnitude higher than Cs-
133 concentrations in beech organs (Fig. 4c-Supp. Mat. Table S3.2),
whereas the difference did not exceed 3 to 4 orders of magnitude in the
forest soils (see previous section). Such a contrast probably resulted
from a discrimination between Cs and K in root absorption. Contrary to
Cs isotopes (Fig. 4a and b), no significant difference between sites could
be detected for individual organs, except for roots, which did not show
such a relatively high element concentration for K. Leaves were the main
sink for K, exhibiting the highest concentrations (8.2-9.4 g kg™! dw)
regardless the site, followed by twigs (ca. 3 g kg~* dw), then bark organs
(2.0-2.8 gkg ! dwand 1.9-2.4 g kg~ ! dw, for outer bark and inner bark,
respectively). The lowest K concentrations were found in the lignified
compartments, i.e. branches (1.1-1.6 g kg~! dw), sapwood (0.9-1.2 g
kg’1 dw), heartwood (1.2-1.6 g kg’1 dw) and roots (0.6-2.3 g kg’1 dw).
Generally, we did not observe significant differences between outer bark
and inner bark as well as between sapwood and heartwood. The vari-
ability of K concentrations among organs (excluding leaves) was con-
tained within a factor of 3 (PS, CPS) to 5 (HET). The highest K
concentrations were often found in leaves of deciduous trees or in
coniferous needles (Ranger et al., 1995b; Sardans and Penuelas, 2021).
Tsvetnova et al. (2018) found a slightly different distribution of K con-
centrations in birch and oak trees growing on close soil substrates:
(birch) leaves > twigs > inner bark ~ roots > branches > outer bark ~
wood and (oak) leaves > twigs ~ inner bark ~ branches ~ roots > outer
bark ~ wood. In beeches investigated here, K concentration in outer
bark is as high as that in inner bark and K concentration in branches as
well as roots are not significantly different from that in wood. The
variability between organs (excluding leaves) was contained within a
factor of respectively 8 and 3 for birches and oaks. Contrary to most
species (Meerts, 2002), decreasing K concentrations from heartwood to
sapwood were specifically observed for chestnut (Colin-Belgrand et al.,
1996) and beech (Penninckx et al., 2001; Boucher and Coté, 2002), the
heartwood of which is atypical (Penninckx et al., 2001).

3.2.3. Cs-137 and stable analogues inventories

Beech is the common tree species for the 3 sites, allowing the analyse
of the site effect. For sites comparison purpose, we normalized the Cs-
137 inventories in beech trees by the site-specific basal area of beech
trees (Table 1) to discard the influence of the varying beech abundances
among sites. After normalization, beech vegetation accounted for
respectively 0.3%, 1.5% and 0.5% of the total activity in HET, CPS and
PS stands, respectively (Supp. Mat. Table S4.2), showing that soil
remained by far the major reservoir of Cs-137 in the long-term after
deposition. The beech vegetation of CPS stand accumulated a relatively
higher proportion of Cs-137 vs. HET stand, while the deposition condi-
tions were similar (global vs. Chornobyl fallouts). It is also the case vs. PS
stand for which a higher accumulation would have been expected due to
the main contribution of Chornobyl fallouts. In the monospecific birch
and oak stands studied by Tsvetnova et al. (2018), the contributions of
tree vegetation to the total Cs-137 inventory were 0.1% and 0.3%,
respectively. In the deciduous broadleaf stands (Q. serrata Murray)
investigated by Imamura et al. (2017) four years after the Fukushima
accident, the contributions of tree vegetation (normalized by the basal
area) ranged between 0.2 and 9.0% (N = 6). Such a wide range likely
resulted from the variability of stand characteristics and atmospheric
fallouts.

For Cs-133, tree vegetation contributed to respectively 0.02%, 0.1 %
and 0.02% (normalized values) at HET, CPS and PS sites. The corre-
sponding values for K are one order of magnitude higher than Cs-133
which might result in Cs discrimination by root absorption. Indeed, a
factor of 10 is consistent with the values of the Cs vs. K discrimination
factor measured by Zhu and Smolders (2000) in crops (values varying
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between 0.1 and 0.2). No obvious explanation could be set up for the
higher relative accumulation of stable Cs by a factor 5 observed at CPS
site.

The distribution of biomass between tree organs was the same in all
stands (Fig. 5a). The partitioning of Cs isotopes was rather similar but
differed from that of K (Fig. 5b,c,d). Roots were the main contributor for
Cs isotopes but not for K, while stemwood was the main contributor to K
inventory and biomass (Supp. Mat. table S4.4). Stemwood remained the
second most important reservoir for Cs isotopes. For both stable Cs and
K, heartwood contributed more than sapwood at the three sites. Cs also
differed from K with respect to leaves, branches and, to less extent, bark.
Twigs displayed the same lowest contribution for both elements
(0.04-0.09%) because of its low biomass percentage (0.04%). An
enhanced accumulation of Cs-137 in roots compared to shoots was
already noticed by Fesenko et al. (2001a) for birch trees (Betula pendula
Roth) and by von Fircks et al. (2002) for one-year-old willows (Salix
viminalis L.) grown in short rotation coppice on contaminated arable
soils. It argues that coarse roots are active for Cs-137 storage as observed
in the case study. In the same experimental conditions and for the same
species (von Fircks et al., 2002), Gommers et al. (2000) observed the
lower accumulation for K in roots combined with the higher one for
Cs-137. Gommers et al. (2000 and references therein) reported that
hydroponically grown plants also accumulated radiocaesium in the
roots and suggested that the xylem vessel may act as a second selective
barrier to radiocaesium ascending to aboveground biomass (see also
Fesenko et al., 2001a). From a physiological point of view, according to
Ehlken and Kirchner (2002) the symplastic pathway is used to transport
ions from roots to xylem parenchyma cells where they are released into
the apoplasm of the xylem vessels. These authors suggested that the
Cs/K discrimination of root uptake from soil solution (White and
Broadley, 2000) were like those prevailing at the xylem entry. To our
knowledge, Cs/K discrimination factors have mostly been addressed for
crops grown in hydroponic conditions. Our results are consistent with
the above-cited studies. An exception is the study of Kobayashi et al.
(2019) dealing with Konara oak (Q. serrata Murray) seedlings grown in
hydroponics under low K contents (50 pM), which demonstrated a
higher discrimination of Cs by aboveground organs than (fine) roots.

3.3. Analysis of root transfer to tree vegetation

3.3.1. Aggregated transfer factor of Cs-137 for beeches (Tag)

To compare Cs-137 concentrations in tree organs between sites of
varying atmospheric deposits (Table 1), we normalized them (Bq kg™!)
by the total activity inventory in the stand (Bq m~2). As the contribution
of tree vegetation to the inventory is negligible (<2%), the normalized
concentrations correspond to the so-called aggregated transfer factor,
denoted Tag (m? kg™!), which quantifies the apparent transfer of ra-
dionuclides from soil to plants in semi-natural ecosystems (e.g. IAEA,
2010; Hashimoto et al., 2022). The Tag values (detailed in Supp. Mat.
Table S5.1) can be compared with those of the literature on beech trees
in Table 2.

The present Tag values rank as follows: leaves > branches ~ stem-
wood. They are definitely lower than those published in the literature
for beech trees. The Tags also differ from those measured for other de-
ciduous species more than a decade after Chornobyl accident (IAEA,
2009), i.e. lower for stemwood (0.1-3.8 1073 m? kg’1 dw) and much
lower for leaves (3-30 10~ m? kg~ dw). For birch and oak investigated
24 years after the Chornobyl accident by Tsvetnova et al. (2018), the Tag
values were consistent with our data for leaves (around 0.1 10~3 m?
kg~ dw) but the data for stemwood were abnormally low compared
with other studies (0.3-1 107® m? kg~! dw), without any explanation
being given by those authors. Based on post-Chornobyl studies, Ehlken
and Kirchner (2002) suggested that Tags would decrease with the years
following deposition. This could explain why, in the current long-term
field study, fairly low Tags compared to previous ones were observed.
Such temporal dependence seems to be confirmed by Vinichuk et al.
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Table 2
Aggregated transfer factor (Tag) of Cs-137 to beech organs measured in this
study and in the literature.

Beech Tag ( x 103 m?* kg ! Sampling Reference
organs dw) year
Leaves 0.2-1.1 2021 This study
0.2-7.4 2001 Lamarque et al.
(2005)
2.3-2.7 1997 Belli (2000)
Branches 0.06-0.4 2021 This study
0.2-5.2 2001 Lamarque et al.
(2005)
Stemwood 0.07-0.5 2021 This study
1.3-1.6 1997 Belli (2000)

(2023) who observed a decrease in Tags over the period 2012-2021 in
sampled shoots of oak, ash (Fraxinus spp.) and rowan trees (Sorbus spp.)
contaminated by Chornobyl fallouts. Nevertheless, due to the lack of
long-term data, the temporal trend of Cs-137 Tags needs to be better
documented.
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Calmon et al. (2009) and references therein reported that soil pa-
rameters, mainly clay content, exchangeable K and time elapsed after
deposition (Absalom et al., 1999, 2001; Ehlken and Kirchner, 2002),
were the main factors explaining the variability of root transfer of
Cs-137 in forest stands. The time effect (ageing) is attributed to the
sorption of Cs-137 and its irreversible fixation on clays (Kruyts and
Delvaux, 2002), which reduces its mobility in the soil (Bunzl et al.,
1995a, 1995b). Several authors reported that the root transfer factor
(TF = [Cs-137]plant/[Cs-137 15011 in Bq kg™' dw/Bq kg™ dw, dimen-
sionless) was inversely proportional to the Radiocaesium Interception
Potential (RIP), for both vascular plants (Smolders et al., 1997; Delvaux
et al.,, 2000; Konopleva et al., 2009; Zibold et al., 2009) and trees
(Gommers et al., 2000; Kruyts and Delvaux, 2002; Kruyts et al., 2004).
The RIP parameter is an intrinsic soil parameter that characterizes the
radiocaesium retention process in soil (Cremers et al., 1988; Sweeck
et al., 1990; Wauters et al., 1996; Vandebroek et al., 2012). It can be
estimated based on the sorption capacity of FES (Frayed Edges Sites) on
the micas clay particles, which have a stronger affinity for Cs™ compared
to K*. The selectivity of FES for Cs™ is about 10% which is three orders of
magnitude higher compared to the regular exchangeable complex. Thus,
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the cationic composition of the soil solution (Cs™ and K" and the
abundance of FES are the factors determining Cs-137 retention in soil
(Cremers et al., 1988; Wauters et al., 1996; Kruyts et al., 2004):

RIP =K'

x [FES] )
Where RIP is the Radiocaesium Interception Potential (mmol kg 1), KFES
is the selectivity coefficient in the FES for Cs-137/K and [FES] is the
Frayed Edge Sites abundance (mmol kg_l). Equation (9) is equivalent to

Equation (10) (Wauters et al., 1996):

RIP= K§ x [K'],, 10
Where K§* is the solid-liquid distribution coefficient for radiocaesium (L
kg™!) and [K*] is the concentration of K' in soil solution (mmol L™).

We attempted to estimate RIP values for HET, CPS and PS sites from
the meta-analysis of Vandebroek et al. (2012), by deriving a linear
regression between Cs-137 exchangeable fractions measured by NH4Ac
and HCl extractions (according to soil type, cambisol: pearson’sr = 0.9,
p-value <0.001, podzol: pearson’s r = 0.8, p-value <0.05), then using
the linear model between RIP and the exchangeable fraction based on
HCI extraction. The estimated RIP differed by 2 orders of magnitude
between HET (14000 mmol kg_l) and CPS/PS sites (200 and 160 mmol
kg™!, respectively). Even if the nature of clay quantitatively influences
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their sorption capacity of Cs (e.g. vermiculite > kaolinite, cf. Nakao
et al., 2008), such a difference between cambisol and podzol soils was
expected due to their contrasted clay contents (cf. Table 1) which
strongly influences FES abundance (Delvaux et al., 2000; Vandebroek
et al.,, 2012). Indeed, a higher clay content in HET soil likely explains
lower Tags in aboveground biomass: 6.5 10~ m? kg ™! at HET site vs
2.6/4.9 10~* m? kg~! at CPS/PS sites. However, the absence of signifi-
cant difference between RIPs at CPS and PS could hardly explain the
Tags difference by a factor 2. The Cs-137 exchangeable fraction was
twice higher for PS than CPS (Supp. Mat. Table S4.1) and may be related
to the twice higher CEC in soil mineral horizon of PS vs. CPS, but also to
the shorter delay from deposition. Soil parameters could also constitute
another source of variability: clay mineralogy (Vandebroek et al., 2012;
Hashimoto et al., 2022), soil pH (Gandois et al., 2010; De Tombeur et al.,
2020) and other competing cations in the soil solution (NHZ, Na™, Ca®*
Mg?") involved in the solid-liquid exchange with the clay-humic com-
plex (cf. Smolders et al., 1997; Konopleva et al., 2009).

3.3.2. Normalized concentrations of Cs-137 and stable analogues in
beeches (NCE)

The exchangeable fractions of Cs-137, Cs-133 and K in soil, resulting
from complex biophysiochemical processes taking place in the rooting
layers, were considered as the bioavailable pools from which root up-
take occurred. Normalizing concentrations in tree organs by the
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Fig. 6. (a,b,c) - NCE of Cs-137, Cs-133 and K in beech tree organs, respectively. Error bars correspond to 1 standard deviation.
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exchangeable inventory instead of the total inventory in the 0-40 cm
mineral layer (NCE — Normalized Concentration by the Exchangeable
inventory) contributed to reduce the variability of the soil-to-tree
transfer factors (Thgrring et al., 2012; Kanasashi et al., 2020;
Yoschenko et al., 2022). Since the structural pool contributes most to
soil Cs-133 and K contents, the use of NCEs instead of Tags provides
better information on the true extent of the uptake process at each site.
The NCE values in tree organs are displayed in Fig. 6 (Supp. Mat.
Table S5.2). They were systematically lower at HET site than at the CPS
and PS sites: a difference of about one order of magnitude for Cs-137, a
factor of 5-10 for Cs-133 and from 2 to 6 for K (Supp. Mat. Table S5.3).
For Cs-137 and K, the CPS and PS sites were not significantly different.
For Cs-133, NCEs were generally lower at the CPS site than at the PS site
(by nearly a factor of almost 2). With regards to the variability between
elements and isotopes, the NCEs of K were much higher than those for
Cs, by one to two orders of magnitude depending on the isotope and site
considered (Supp. Mat. Table S5.4). Regarding the difference between
Cs isotopes, we note that the NCEs of Cs-137 were generally a factor of 3
higher than the NCEs of Cs-133, the largest difference being for beech
roots at the CPS site, i.e. a factor of 8.

We expected that the normalization of concentrations by the
exchangeable inventory in the 0-40 cm mineral soil would have
decreased the variability of transfer factors between sites. This is defi-
nitely not the case since there remains up to one order of magnitude
difference between cambisol and podzol sites, particularly for caesium
isotopes. This suggests that other factors than the total deposit (for Cs-
137) and the exchangeable fraction (such as measured in this study)
play a role in the intake of elements by tree organs. Other factors of
variability are addressed in the next section.

3.3.3. Relationships between normalized concentrations of Cs-137 and
stable analogues in beeches

The relationship between Cs-137 and Cs-133 normalized concen-
trations in tree organs was examined and best illustrated by a linear
regression model without intercept, i.e. NCE Cs-137 = a x NCE Cs-133
before Log transformation (Fig. 7a, see Supp. Mat. Table S6.1 for pear-
son’s r values and attached p-values). This best fit was obtained by
minimizing the RMSLE of NCEs or equivalently, maximizing the coef-
ficient of determination (r?) based on the log-values of NCEs. As Fig. 7a
shows, the normalized concentration of Cs-137 was predicted fairly well
by that of Cs-133 when the three sites were grouped together (r*> = 0.80;
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n = 98, p-value < 1E-07), whereas it was less convincing for the podzol
sites dataset (r2 = 0.38; n = 44, p-value = 5.0 E—07) because of the
noticeable scattering between PS and CPS data points. When considered
separately, these two sites were much better fitted by the linear model
(r? = 0.75 and 0.86 for respectively CPS and PS, n = 22, p-values < 1E-
07). The absence of intercept seems to confirm that the contribution of
foliar uptake of airborne Cs-137 at the time of atmospheric fallouts is no
longer visible in the long-term. This implies that, after decades of
recycling of radioactivity in the soil-tree system, the distribution of Cs-
137 is now mainly determined by root uptake, internal translocations
in tree vegetation and transfer fluxes back to the soil.

The linear regression slope inferred from Fig. 7a for the complete Cs-
137 vs Cs-133 dataset was ~3, which value was in close agreement with
those established separately for the cambisol and podzol sites. Turning
back to the semi-mechanistic modelling approach described in para-
graph 2.5, it is worth examining to what extent the slope predicted by
Equation (9) was consistent with the value observed. For mineral soils
with bulk densities slowly increasing with depth, one can check that the
multiplying factor (quantifying the heterogeneity of mainly root density
and Cs-137 profiles in the rooting zone) is close to 1 if either root density
or Cs-137 concentration do not much vary with depth. On the contrary,
if the two profiles are strongly inhomogeneous, this slope becomes
significantly greater than 1 when these two variables are positively
correlated (e.g. they both decrease with depth) or significantly smaller
than 1 when negatively correlated. Generally, the density of fine active
roots decreases with depth and is maximum in the upper mineral soil
layers where nutrients leached from the organic layers accumulate. As
exchangeable Cs-137 inventory also decreased with depth at the studied
sites (cf. Fig. 2b), one might expect a slope greater than 1. This point
could be checked quantitatively, based on the measured Cs-137 and soil
density profiles down to z = 40 cm depth (see Supp. Mat. Table 54.1),
plus one additional hypothesis regarding the fine root density profile
(not measured). If one assumes an exponential root density profile, it can
be verified that this slope increases to a mean value consistent with
Fig. 7a as long as root density decreases with depth according to a}‘p

coefficients equal to respectively 0.95 and 0.05 in the 0-10 cm and
10-20 cm mineral layers (95% of the fine root biomass is contained
within the top 10 cm mineral soil), fine root biomass abundance being
negligible in the 20-40 cm layer. Such a distribution which corresponds
to the following truncated exponential profile: p(z) = 0.3 cm™! x exp
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(—0.3cm™ ! x 2) for z < 40 cm, 0 cm ! below, is plausible.

Regarding the linear relationship between Cs-137 and K normalized
concentrations, we distinguished aerial organs from roots because we
did not expect the same results (cf. paragraph 2.5). For aerial organs
(Fig. 7b), the fit of the regression model was less satisfactory than for
stable caesium, with r? values varying from 0.39 to 0.49 (all p-values
<5.0 E—03) depending on the sites considered. This is mainly because
the range of variability of K concentrations between organs and sites
extends here over 1.5 order of magnitude compared with 2.5 for Cs-133,
while the range of variability of Cs-137 concentrations at a given stable
concentration does not much change. This mechanically decreases the
value of 2. As depicted in Fig. 7b, the estimated slope for grouped sites
was slightly less than 0.025, which value was much smaller than for Cs-
133. There was also a striking difference between the cambisol and
podzol sites, with regression slopes differing by a factor 4, i.e. 0.0145 for
cambisol site (HET) against 0.058 for podzol sites (CPS + PS). Regarding
root organs for which data are rather sparse (Fig. 7c) and the range of K
concentrations are even narrower than for aerial organs, the relevance of
the linear regression model could not be demonstrated, even though Cs-
137 and K concentrations were positively correlated at HET and CPS
sites (see Supp. Mat. Table S6.1). Under the hypothesis of linearity, the
estimated slopes appear greater than those estimated in aerial organs, i.
e. by a factor of 2-4 depending on sites. Although very uncertain, it
would suggest some discrimination effect in internal translocation pro-
cesses (see below).

As long in-situ measurements are robust and the linear model is
validated, it is possible to estimate selectivity coefficients by comparing
slopes obtained for Cs-137/K and Cs-137/Cs-133 relationships (cf.
paragraph 2.5). Focusing on aerial organs, for which these two condi-
tions are met, enables to evaluate the net selectivity coefficient. If we
assume that it only depends on tree species but not on sites (i.e. soil,
climate characteristics), we estimated sel™ x sel» ~0.008 for aerial
organs. Such a value was unexpected because it is surprisingly low
compared to those estimated for the shoots of crops grown in hydro-
ponics conditions on the short term, which typically vary between 0.1
and 0.2 (e.g. Zhu and Smolders, 2000; Casadesus et al., 2008). The sit-
uations however are very different as we are dealing here with tree
plants grown on forest soils and long-term measurements. By comparing
Cs-137/K concentration ratios measured in aerial organs and roots, one
can further identify whether there is a discrimination by internal
translocation processes between Cs-137 and K. If so, concentration ratios
in aerial organs, notably foliage, would be smaller than in roots. Despite
a strong variability between sites or organs, this seems confirmed by our
data (Fig. 4) from which we derived the following values for average
Cs-137/K ratios: ~1.8 Bq g~ K in roots against ~0.32 Bq g~ K in aerial
organs (~0.15 Bq g ! Kin leaves). This would suggest a mean value sel™
~0.18 (0.32Bq g ' K/1.8 Bq g ! K). Despite the fact that slope estimates
for roots are not very reliable, we nevertheless inferred selectivity co-
efficients specific to each transfer process by comparing root and shoot
slopes, which led to the following values: selP ~0.037 and sel™ ~0.22.
We notice that the value obtained for translocation is rather consistent
with that deduced above from Cs-137/K concentration ratios. These
results would suggest that discrimination is much more effective during
root uptake than translocation to above-ground parts.

These above results must be treated with some caution because they
are based on the hypothesis of an analogy between Cs-137 and K, which
is not fully confirmed by the observations. Furthermore, the model
described above assumes that root uptake is the only supplier of
chemical elements to growing trees organs and does not consider in-
ternal (re)translocations between aerial organs, or return-to-soil loss
fluxes, which could also be subject to Cs/K discrimination according to
the physiological pathway. However, the magnitude of internal trans-
locations is a supplementary source of variability between sites because
these processes depend on the soil capacity to supply nutrients required
for plant growth (Legout et al., 2020). Another point is that the contri-
bution of organic soil was not accounted for in the study when
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estimating NCEs, although it also contributes to the transfer of Cs-137
and stable analogues to tree vegetation. Indeed, Of and Oh layers are
colonised by roots and have been shown to have low RIP values due to
low amounts of FES (Kruyts and Delvaux, 2002). Finally, we know from
Bel et al. (2020) that the inventory of bioavailable K in soil is under-
estimated by conventional extraction analyses, meaning a higher
bioavailable pool of K than estimated in our study. This is another source
of uncertainty in the results or variability between sites.

4. Conclusion

As expected in the long-term, the mineral soil horizon is the major
reservoir of the Cs-137 deposits and at least 80% of its inventory is found
in the 0-20 cm mineral layers whatever the site. The initial interception
of Cs-137 deposit and subsequent internalization through foliar uptake
pathway is no more visible in beech organs and equilibrium was reached
within stands compartments. In this steady state context, Cs-133 appears
a better chemical analogue of Cs-137 than K to address its root uptake if
considering the tree root density according to depth to define the rooting
zone, i.e. the relevant soil layer to account for. Focusing on a single tree
species, this study allowed identifying site effects, notably soil param-
eters driving the root uptake intensity of Cs-137.

Long-term scale effects are visible through the decrease of Cs-137
Tags in trees aboveground organs and the significant accumulation of
this radioisotope in roots. Slow processes as root uptake increased the
variability between sites. In this respect, internal translocations prob-
ably amplified the variability between tree species leading the decidu-
ous species appearing a less homogenous group than assumed. Since
they don’t account for eco-physiological and geochemical processes, the
modelling approaches relying on aggregated transfer factors (Tags) are
limited to encompass the observed variability over time. The use of
models relying on the biogeochemical cycle would better address the Cs-
137 dynamic in forest, provided that specific dataset is available.
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