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H I G H L I G H T S  G R A P H I C A L  A B S T R A C T  

• Citalopram bioaccumulates ~500 times 
more than bezafibrate in mussels. 

• Magnitude of pharmaceutical effects not 
directly correlated with bioaccumulation. 

• Possible alteration of reproduction, en-
ergy metabolism and immunity by the 
two pharmaceuticals. 

• Bioaccumulation and metabolic effects 
generally independent of PE-MPLs co- 
exposure. 

• PE-MPLs alone also dysregulated biolog-
ical pathways (e.g., purine metabolism).  
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A B S T R A C T   

Pharmaceuticals and microplastics constitute potential hazards in aquatic systems, but their combined effects 
and underlying toxicity mechanisms remain largely unknown. In this study, a simultaneous characterization of 
bioaccumulation, associated metabolomic alterations and potential recovery mechanisms was performed. Spe-
cifically, a bioassay on Mediterranean mussels (Mytilus galloprovincialis) was carried out with polyethylene 
microplastics (PE-MPLs, 1 mg/L) and citalopram or bezafibrate (500 ng/L). Single and co-exposure scenarios 
lasted 21 days, followed by a 7-day depuration period to assess their potential recovery. PE-MPLs delayed the 
bioaccumulation of citalopram (lower mean at 10 d: 447 compared to 770 ng/g dw under single exposure), 
although reaching similar tissue concentrations after 21 d. A more limited accumulation of bezafibrate was 
observed overall, regardless of PE-MPLs co-exposure (<MQL–3.2 ng/g dw). Metabolic profiles showed a strong 
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effect of pharmaceuticals, generally independent of PE-MPLs co-exposure. Alterations of the citrate cycle 
(bezafibrate exposure) and steroid and prostaglandin metabolism (citalopram and bezafibrate exposures) were 
highlighted. PE-MPLs alone also impacted metabolic pathways, such as neurotransmitters or purine metabolism. 
After depuration, relevant latent or long-lasting effects were demonstrated as, for instance, the effect of cit-
alopram on neurotransmitters metabolism. Altogether, the observed molecular-level responses to pharmaceuti-
cals and/or PE-MPLs may lead to a dysregulation of mussels’ reproduction, energy metabolism, and/or 
immunity.   

1. Introduction 

Marine ecosystems are vulnerable to discharges of contaminants 
from various sources. For example, urban wastewater can be released 
through underwater emissaries into coastal waters, whereas nearby 
discharging rivers may also increase the input of wastewater-borne 
contaminants. Sewage discharges into the sea comprise treated and 
uncontrolled ones, such as runoffs during heavy rain episodes [1]. In 
coastal ecosystems subjected to sewage discharges, marine organisms 
are chronically exposed to a wide range of wastewater-borne contami-
nants, such as pharmaceuticals, pesticides, industrial chemicals, or 
plasticizers, typically at trace levels concentrations (ng to few μg/L) [2, 
3]. Subsequently, pharmaceuticals have been detected in biotic and 
abiotic compartments from a diversity of marine environments, espe-
cially in estuarine and coastal ecosystems [4–7]. Although pharmaceu-
tical pollution sources are mostly land-based, local marine activities may 
represent an additional pressure to the environment. For instance, 
mariculture (through medicated feed), or direct excretion by bathers [8] 
can also contribute to pharmaceutical occurrence in coastal areas. 

Among pharmaceuticals, psychiatric drugs and lipid regulators 
constitute two relevant therapeutic groups given their increasing con-
sumption [9], relatively hydrophobic properties (generally log KOW>3) 
and tendency to accumulate in aquatic organisms [1,10,11]. The two 
selected pharmaceuticals (citalopram and bezafibrate) have been found 
in the range of 4–93 ng/L [12] and 1–67 ng/L [5,12,13], respectively, in 
estuarine and coastal waters. Different adverse effects have been 
described in response to laboratory exposures to antidepressants, 
generally at the sub-lethal level (e.g., behavioral and reproductive ef-
fects on mollusks) [14,15]. Comparatively little is known on the bio-
accumulation, mode of action, and potential ecotoxicological effects of 
lipid regulators in marine invertebrates [16]. 

In addition, pharmaceuticals can co-occur with other contaminants, 
such as microplastics (MPLs), which have received increasing attention 
in the last decade. Monitoring studies have revealed a wide range of 
MPLs sizes, shapes, polymer types and concentrations in different ma-
rine habitats [17]. MPLs found in coastal ecosystems can derive from 
land-based sources (e.g., river and wind transport, wastewater efflu-
ents), marine activities (e.g., fisheries) or in-situ degradation of large 
plastic litter. Due to a higher bioavailability and capacity to interfere 
with physiological processes, the small plastics are those that most affect 
marine biota [18]. 

In addition to the direct effects of (micro)plastics on aquatic organ-
isms, several studies have highlighted their possible role as vectors in the 
dispersion of macrofauna [19], microorganisms (i.e., biofouling) or 
antibiotic resistance genes (ARGs) [20] as well as of organic contami-
nants [21,22]. Following the sorption of contaminants, MPLs may act as 
carriers and modulate their bioaccumulation and ecotoxicological ef-
fects. Most studies have focused on the evaluation of MPLs interaction 
with persistent organic compounds (POPs) or heavy metals rather than 
emerging contaminants (e.g., pharmaceuticals, UV filters). Although the 
strongest sorption is expected for this type of hydrophobic contaminants 
(log KOW>4), it is known that MPLs can adsorb more hydrophilic 
pharmaceuticals too [23]. The significance and magnitude of pharma-
ceutical adsorption on MPLs will depend on several factors, including 
polymer- and compound-specific properties, and environmental condi-
tions (e.g., salinity) [24,25]. For example, the aging or weathering of 

MPLs induces changes in surface properties (e.g., cracking, charge) that 
can affect contaminant sorption/desorption processes [24]. In this 
context, little is known about their interactive effects on aquatic or-
ganisms, especially marine species [26,27]. 

Bivalves have been described as suitable model organisms to address 
the impact of different pollutants in the marine environment [28], 
including the combined effects of MPLs and pharmaceuticals [23]. 
Among bivalves, mussels (Mytilidae) are extensively used in field and 
laboratory studies due to their wide geographical distribution, easy 
collection and maintenance, well-known physiology, stress tolerance, 
and capacity to accumulate a wide range of contaminants [29]. Whereas 
field studies with mussels may provide insight into effects under envi-
ronmentally realistic scenarios (e.g., caging experiments), laboratory 
studies are necessary to overcome the difficulties of multiple interacting 
factors in the environment. 

To evaluate the impact of environmental contaminants or their 
mixtures on aquatic organisms, omics approaches have recently 
emerged, including metabolomics, transcriptomics, proteomics, or their 
integration [10,30]. Metabolomics is based on the identification of low 
molecular weight metabolites (50–1500 Da), which are highly depen-
dent on physiological, developmental or pathological conditions of or-
ganisms [31]. In fact, endogenous metabolites comprise final 
downstream products of genomic, transcriptomic, and/or proteomic 
alterations. For that reason, metabolomics has proved to be useful to 
screen biologically relevant alterations and gain insight into contami-
nants’ mode of action (MOA) [32]. Such mechanistic knowledge is also 
important to better understand the possible adverse outcomes (at the 
individual level) of combined exposure to MPLs and co-occurring con-
taminants [33]. 

The aim of this study was to explore the combined effects of MPLs 
and organic pollutants such as pharmaceuticals on marine mussels. 
Mediterranean mussels (Mytilus galloprovincialis) were exposed to poly-
ethylene MPLs in combination with either the antidepressant citalopram 
or the lipid regulator bezafibrate, which have been scarcely investigated 
in ecotoxicology studies. In addition, to the best of our knowledge, 
existing studies on mollusks have not addressed metabolomic alterations 
or their relationship with microplastics. Nevertheless, these compounds 
have been recently found in bivalves and fish from two coastal ecosys-
tems in the Mediterranean (ND− 3 ng/g dw) [1,34]. The differing cit-
alopram and bezafibrate physical-chemical properties (e.g., pKa of 9.78 
and 3.83 for citalopram and bezafibrate, respectively) might also lead to 
a different sorption behavior on microplastics. In addition, because of 
their specific modes of action, it was expected that these two compounds 
could trigger distinct pathways within mussels metabolome. The bio-
accumulation of the two pharmaceuticals might have important impli-
cations for their monitoring and management. For example, bivalves can 
be suitable bioindicators of certain pharmaceuticals in coastal ecosys-
tems, whereas other compounds may only accumulate to a much lower 
extent [35]. In addition, the impact of depuration (or “clean” periods) on 
the elimination of and organism recovery from such contaminants can 
be useful information for the planning of biomonitoring programs and 
the depuration of seafood for consumption [36]. 

In this context, a controlled laboratory experiment was conducted for 
21 days at environmentally realistic concentrations to study i) the bio-
accumulation of two selected pharmaceuticals in mussels, with and 
without MPLs (LC-MS/MS analyses in different tissues), ii) the possible 
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associated alterations of mussels’ metabolome (untargeted metab-
olomics using LC-HRMS in digestive gland), and iii) their potential for 
recovery after a 7 days depuration period. 

2. Materials and methods 

2.1. Chemicals and reagents 

Polyethylene MPLs (PE-MPLs) were purchased from Micro Powders 
Inc. (ref. MPP-635XF) in the form of a micronized powder of virgin 
HDPE yielding non-uniform particles with a maximum size of 22 µm 
(mean 4–6 µm), and density of 0.96 g/cm3 (as indicated by the supplier). 
A short-term aging of PE-MPLs was conducted before exposure in order 
to favor the leaching of plastic additives, particularly relevant for virgin 
plastics, which can affect exposed organisms. Further details about 
chemicals, reagents, and particle aging are provided in Supplementary 
Information (SI-1). 

2.2. Experimental design 

Mediterranean mussels (Mytilus galloprovincialis) (n = 1026) were 
obtained from a local raft culture in Benalmádena (S Spain) and accli-
mated for seven days prior to the exposure experiment. During accli-
mation and exposure, mussels were kept under the following general 
conditions: i) aerated seawater (0.45 µm-filtered) at 37.5 psu and 
16.5 ◦C; ii) natural photoperiod regime (12 h light:12 h dark), and iii) 
daily fed on the microalgae Isochrysis galbana (4–8 µm) in a proportion of 
4% of mussels dry weight (high growth-promoting). 

The exposure experiment was conducted in methacrylate tanks of 30 
cm (Ø) and maximum capacity of 20 L. A total of six treatment groups (n 
= 3 replicates, using three different tanks per case) were tested: mussels 
exposed to 1) clean seawater without contaminants (Control - CT), 2) 
polyethylene MPLs (PE-MPLs), 3) the antidepressant citalopram (CP), 4) 
a mixture of PE-MPLs and CP (PE-MPL/CP), 5) the lipid regulator 
bezafibrate (BZ), and 6) a mixture of PE-MPLs and BZ (PE-MPL/BZ). 
Mussels were exposed to the contaminants for 21 days. Then the spike of 
contaminants was stopped, and the mussels were kept for a period of 7 
days more in clean seawater (depuration period). In total the experiment 
lasted 28 days. At the beginning of the experiment, each tank was filled 
with 15 L of seawater and 57 mussels were added. The water volume was 
adapted to maintain the same mussel/pharmaceutical ratio along the 
exposure: 10 L and 41 mussels (from day 10–21). During the depuration 
period 25 mussels were also kept in 10 L (from day 21–28). Mussels were 
sampled at days 10, 21, and 28. Exposure tanks were daily spiked to 
counterbalance the uptake of contaminants by mussels and maintain 
nearly constant concentrations of the different stressors: 1 mg/L of PE- 
MPLs, and 500 ng/L of both CP and BZ. Stock suspensions used for the 
spiking contained individual pharmaceuticals (at 37.6 µg/L each) and/ 
or PE-MPLs (75 mg/L) in filtered seawater and were left in contact for 
24 h with agitation at 18ºC. 

The selected pharmaceuticals concentration (500 ng/L) was slightly 
higher than those reported in coastal waters (generally in 1 − 100 ng/L 
range) but around or below the established toxicity thresholds for cit-
alopram and bezafibrate. For example, the predicted-predicted no-effect 
concentration (PNEC) values in marine waters are 230 and 1600 ng/L 
for bezafibrate and citalopram, respectively (according to NORMAN 
Ecotoxicology Database [37]. In the case of microplastics, the lack of 
standardized methods has challenged the quantitative understanding of 
their environmental occurrence [38], but the selected exposure level (1 
mg/L) is comparable to reported concentrations in polluted estuaries (e. 
g., 0.8 − 2.2 mg/L in the Miri River Estuary) [39]. 

Seawater was renewed every three days throughout the experiment, 
in order to remove the suspended material (feces) which could affect the 
bioavailability of contaminants. All tanks received the same concen-
tration of solvent (methanol, 0.0005% v/v). A negligible mortality rate 
(<3%) was observed during the experiment. Seawater aliquots (~100 

mL) were taken from the tanks at different times after spiking (5′, 60′, 
120′, 300′, 24 h) and at 48 h (before spike) and 72 h (before water 
renewal), and kept at − 20ºC, to determine pharmaceutical concentra-
tions during the experiment. In addition, 200 mL of stock suspensions 
were filtered (GF/C 1.2 µm), and membrane filters were dried and stored 
for assessment of pharmaceutical loading on PE-MPLs. The concentra-
tion of PE-MPLs in seawater was also determined by assessing particle 
clearance after the spiking of tanks (via Coulter Counter, as shown in 
Supplementary Information SI-7). 

2.3. Mussels’ collection and dissection 

Sixteen individuals were collected per tank at each sampling time 
(10, 21 and 28 days). Whole body of six individuals were pooled, freeze- 
dried and kept at − 20ºC until chemical analysis whereas ten individuals 
were dissected on ice for different purposes: chemical and biomarker 
analyses of hemolymph (3 inds), metabolomic analysis of digestive 
glands (3 inds) and MPL analysis of gills and digestive glands (4 inds). 
Biomarker and MPL analyses are not covered in this study. The collected 
tissues were individually frozen in liquid nitrogen (− 196 ºC) and stored 
at − 80ºC. Biometric information was recorded upon dissection, namely 
mussel length (with valve) and wet weight (without valve). 

2.4. Pharmaceutical analyses 

For the extraction of pharmaceuticals from water samples, a modi-
fication of the method based on solid phase extraction (SPE) described 
by Gros et al., 2012 [40] was implemented. The analysis of pharma-
ceuticals in whole mussel samples was carried out using the extraction 
protocol described by Santos et al., 2019 [41] using bead-beating (more 
details in Supplementary Information SI-2). In turn, hemolymph sam-
ples (200 µL) were mixed with 200 µL of methanol and centrifuged (10 
min at 5000 rpm, 4ºC). The supernatant was transferred into a glass vial, 
and the internal standard mixture was added (concentration in final 
extract = 20 µg/L each). Finally, membrane filters (GF/C, 1.2 µm), 
theoretically containing PE-MPLs–loaded pharmaceuticals, were 
extracted by ultrasonication in methanol as described in León et al. 
(2019) [42], followed by filtration using syringe filters (RC 0.45 µm). 
The instrumental analysis of pharmaceuticals was carried out following 
the method described by Castaño-Trias et al. (submitted) [43] (Sup-
plementary Information SI-2). Validation parameters (method detection 
(MDL) and quantification limits (MQL), recoveries) of the analytical 
methodologies used for the different matrices can be found in Supple-
mentary Information (Table S1). 

2.5. Data analysis of pharmaceuticals 

For statistical calculations and graphical representation, concentra-
tion values below MQL were replaced by MQL/2. A two-way ANOVA 
was used to test the influence of PE-MPLs co-exposure (with/without) 
and time (10/21/28 d) on response variables (pharmaceutical concen-
tration in mussels). Bonferroni’s multiple comparison tests were used to 
determine the statistical differences between groups (p < 0.05). Bio-
accumulation factors (BAFs) at day 21 were calculated using the 
following equation: 

BAF
(

L
Kg

)

=
Cm

Cw  

Where Cm is the pharmaceutical concentration in mussels (ng/g dw) at 
the end of exposure (21 d), and Cw is the average concentration in water 
(µg/L). This equation was also adapted to calculate the partition be-
tween water and hemolymph (PH-W), and between hemolymph and soft 
tissues (PT-H). 
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2.6. Metabolomics LC-HRMS analyses 

2.6.1. Tissue preparation 
Tissue sample preparation was adapted from Bonnefille et al. (2018) 

[44]. Shortly, digestive gland samples (20 mg ± 0.1 mg dw) were 
extracted in two steps with the biphasic methanol:dichloromethane: 
water (16:16:13, v-v:v). Further details about the extraction of digestive 
glands are provided in Supplementary Information. Final extracts were 
filtered using a 500 µL centrifugal filter with a 10 kD modified poly-
ethersulfone membrane (VWR, Fontenay-sous-Bois, France), and trans-
ferred into chromatographic vials. A quality control (QC) sample was 
obtained by pooling 35 µL of each sample extract (n = 54). 

2.6.2. LC-HRMS data acquisition 
The samples were injected using liquid chromatography coupled to 

high-resolution mass spectrometry (LC-HRMS) on an Exactive Orbitrap 
(Thermo Fischer Scientific), equipped with a heated electrospray ioni-
zation probe (HESI) source. A reverse phase PFPP analytical column 
(100 × 2.1 mm; 3 µm particle size; Sigma Aldrich) was used for LC 
separation. The injection volume (10 µL) was loaded with a full loop 
injection. The Exactive HRMS was tuned to a mass resolution of 35,000 
(FWHM, m/z 200) with a mass spectrum range of 50–750 m/z for full- 
scan acquisition. Further chromatographic and HRMS acquisition de-
tails are described in Supplementary Information. Two batches of sam-
ples covering the total amount of samples were submitted: batch 1 (CT, 
PE-MPL, CP, PE-MPL/CP) and batch 2 (CT, PE-MPL, BZ, PE-MPL/BZ). 
Mussel samples were randomly distributed in the injection sequence 
to minimize the influence of confounding factors. A QC sample was 
injected every ten samples throughout the sequence to assess analytical 
repeatability and sensitivity. The relative standard deviation (RSD) was 
calculated for each feature in the QC sample. In addition, MS2 spectra 
were obtained from QC samples through data dependent acquisition 
(CE: 20 eV). 

2.6.3. Data processing 
Raw data files were converted into mzXML files with MSConvert 

freeware (ProteoWizard 3.0, [45]). A multi-step strategy was imple-
mented for processing ESI+ and ESI- acquisitions, as detailed in Courant 
et al. (2009) [46] using the XCMS package [47] in the R environment. 
Optimized XCMS parameters were set: m/z intervals for peak peaking of 
0.01, signal-to-noise ratio threshold of 3, group bandwidth of 8, and a 
minimum fraction of 0.5. After peak alignment, peak picking, and group 
comparisons, XCMS returned a results table containing feature charac-
teristics (m/z and retention time), abundance (peak area), and a com-
parison of areas between groups (Welch t-test). Features with an RSD 
> 30% in QCs were excluded from statistical analysis. 

2.6.4. Statistical analysis 
A Welch t-test was performed using the XCMS package for the uni-

variate statistical analysis of features between each exposed and control 
groups. Features with a p-value< 0.1 and an abundance ratio (fold- 
change) between groups> 1.3 were selected. The rationale for choosing 
such a p-value threshold was based on the interest of revealing trends in 
biological modulation due to exposure. A trend towards down- or up- 
modulation of several metabolites within the same pathway (p < 0.1) 
may be more biologically powerful than a single but statistically sig-
nificant (at p < 0.05) marker metabolite. Multivariate statistical ana-
lyses (PCA) were performed on processed data using SIMCA 17 software 
(Umetrics, Sweden). Datasets were log transformed and Pareto scaled 
before analysis. 

2.6.5. Metabolites annotation 
The annotation of metabolites was achieved using the public data-

bases Human Metabolome Database (http://www.hmdb.ca) and 
mzCloud. A mass precision was fixed at 0.002 Da and different anno-
tation levels were used according to Sumner et al. (2007) [48] and 

Blaženović et al., (2018) [49]. Level 1 annotations corresponded to 
unambiguous identification based on the comparison with m/z and 
retention time of a reference standard injected under the same analytical 
conditions (in-house database). Level 2 was characterized by putative 
annotation based on MS and/or MS/MS similarity with spectra from 
HMDB and mzCloud databases. Assignation of annotated metabolites to 
metabolic pathways was based on the Kyoto Encyclopedia of Genes and 
Genomes (KEGG; http://www.kegg.jp) and HMDB. 

3. Results 

3.1. Bioaccumulation of pharmaceuticals 

3.1.1. Concentrations in seawater 
Acceptable relative recoveries (100 – 124%) and detection limits (<

0.5 ng/L) were obtained for citalopram and bezafibrate (Table S1). After 
the spiking of exposure tanks, measured concentrations of pharmaceu-
ticals generally did not differ between groups (with or without PE- 
MPLs), suggesting that MPLs had a negligible effect on chemical avail-
ability in the water phase (Fig. S1). In the CT and PE-MPL tanks, phar-
maceutical concentrations were below the analytical limits, hence ruling 
out cross-contamination problems. Also, based on the analysis of filtered 
PE-MPLs particles from stock solutions, the presence of adsorbed com-
pounds could not be confirmed, as procedural blanks (‘clean filters’) 
showed a comparable loading (<1% of the total amount). Therefore, a 
negligible contribution of PE-MPLs to the variation in aqueous phar-
maceutical concentrations was demonstrated. 

Mean levels of citalopram (n = 3) per treatment group (CP and PE- 
MPL/CP) generally oscillated around 500 ng/L during each seawater 
spike-renewal cycle of 72 h (481 ± 62 and 303 ± 134, respectively, 
after first spike), with some variation across individual tanks in the 
selected period (196 – 736 ng/L). In the first 24 h, mean bezafibrate 
concentrations were maintained around 500 ng/L (512 ± 87 and 550 
± 30 in BZ and PE-MPL/BZ, respectively, after first spike). However, in 
contrast with citalopram, with each spike (every 24 h), mean bezafi-
brate concentrations steadily increased regardless of MPL presence 
(1203 – 2704 ng/L at 72 h, before water renewal) (Fig. S1). Therefore, 
the expected exposure concentration (500 ng/L) laid near the observed 
range for citalopram, with a subtle decrease during the first 24 h, and a 
slight increase after the successive spiking of tanks (before water 
renewal at 72 h) (effect of ‘Time’: F=18.0 p > 0.001). The effect of PE- 
MPLs was generally negligible, except for the initially lower levels of 
citalopram in water (effect of ‘Time x PE-MPLs’: F=3.0, p = 0.041) 
(Fig. S1). A more pronounced increase was observed for bezafibrate, 
with up to ≈ 3–4 times higher levels (mean) before water renewal and 
independently of PE-MPLs (effect of ‘Time’: F=13.8, p < 0.001). Alto-
gether, considering the fluctuation of pharmaceuticals within each 
water spike-renewal cycle, we estimated that the actual exposure con-
centrations of citalopram (mean ± SD) were 470 ± 144 (CP) and 505 
± 198 ng/L (PE-MPL/CP) in water throughout the whole exposure. 
Mean exposure levels of bezafibrate were higher and variable during the 
experiment: 1074 ± 505 (BZ) and 1232 ± 797 ng/L (PE-MPL/BZ). 

After depuration, and considering a daily renewal of water, 
remaining levels of citalopram in water ranged between 213 ± 36 ng/L 
(24 h) and 77 ± 25 ng/L (72 h). For bezafibrate, only trace concentra-
tions could be detected during depuration: 8.0 ± 0.3 ng/L (24 h) 
(Fig. S2). Therefore, the highest concentrations of both compounds were 
reported at the first stage of depuration (24 h). In addition, PE-MPLs 
seemed to diminish the excretion of citalopram by mussels, as shown 
by consistently lower concentrations in tank water. On average, after 
72 h of depuration, the amount of excreted citalopram was 4.7 µg (CP) 
and 3.0 µg (PE-MPL/CP). In addition to pharmaceuticals, a rapid 
clearance of daily MPL doses, completely cleared from seawater within 
15 min and accumulated in mussels, is shown in García-Pimentel et al., 
(in prep) and Supplementary Information (SI-6). 
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3.1.2. Concentrations in mussels’ tissues 
At the end of the exposure period (21 d), citalopram reached mean 

concentrations of 757 ± 155 and 701 ± 123 ng/g dw (whole body) in 
CP and PE-MPL/CP exposed mussels, respectively. Bezafibrate concen-
trations (21 d) were considerably lower, with mean levels below the 
MQL (<2.7 ng/g dw) in both treatments. Hemolymph results also 
showed higher concentrations of citalopram (4.5 ± 0.9 in CP and 6.1 
± 2.9 ng/mL in PE-MPL/CP exposed mussels) than bezafibrate (0.5 
± 0.2 in BZ and 0.4 ± 0.1 ng/mL in PE-MPL/BZ exposed mussels) 
(Fig. S3). Accordingly, the partition coefficient from water-to- 
hemolymph (PH-W) and the overall bioaccumulation factor (BAF) were 
between one and three orders of magnitude higher, respectively, for 
citalopram than bezafibrate (Fig. 1). Partition from hemolymph to soft 
tissues was also higher for the antidepressant (Table S2. Partition tis-
sues), indicating that not only transfer to hemolymph, but also subse-
quent retention in soft tissues, was weaker for the lipid regulator. 

Two-way ANOVA showed a significant effect of both MPLs and time 
in the bioaccumulation of citalopram (whole body) (F=25.5, p < 0.001): 
whereas MPLs mainly delayed the internalization of citalopram (effect 
of ‘PE-MPLs, p = 0.034), depuration decreased concentrations by 5-fold 
within seven days (effect of ‘Time’, p < 0.001) (Fig. 2). Following dep-
uration, the residual whole body burden did not differ significantly 
between groups, as comparable losses were observed in CP (78%) and 
PE-MPL/CP groups (81%). The partial depuration of citalopram was also 
reflected in hemolymph. In turn, PE-MPLs did not modulate bezafibrate 
concentrations in whole body, where depuration was the only signifi-
cant predictor (F=13.4, p < 0.001). Bezafibrate showed an increasing 
tendency in hemolymph from day 10–21 in both single and combined 
groups (p = 0.053), and it was not detected at all after depuration. 

A complementary mass balance analysis, based on water and mussel 
results, demonstrated a moderate retention of citalopram in mussels 
(9.0–9.6% of the total amount added to the system), in comparison to 
bezafibrate (<0.1%), which remained almost completely in the water 
phase (Fig. S4). 

A complementary mass balance analysis, based on water and mussel 
results, demonstrated a significant retention of citalopram in mussels 
(9–9.6% of the total amount added to the system), in comparison to 
bezafibrate (<0.1%), which remained almost completely in the water 
phase (Fig. S4. Mass balance). 

3.2. LC-HRMS metabolome analysis 

The LC-HRMS analysis of digestive gland samples after 21 d of 
exposure to the contaminants under ESI+ and ESI- modes led to meta-
bolic fingerprints consisting of 3793 and 4540 features (batch 1: CT, PE- 
MPL, CP, PE-MPL/CP groups), and 3198 and 4491 features (batch 2: CT, 
PE-MPL, BZ, PE-MPL/BZ groups), respectively. A comparable number of 
features were acquired for these batches at 28 d (post-depuration) 
(Supplementary Information, SI-4). On average, 68% and 69% of QC 

features in ESI+ and ESI- had a RSD < 30%. An acceptable repeatability 
was obtained in all cases, as confirmed by the QC samples injected at 
regular intervals throughout the analytical run, which clustered 
together in the PCA. PCA score plots generally showed a clustering of 
two main groups in each case, i.e., without pharmaceutical and 
pharmaceutical-exposed. Principal components (7) explained between 
51% and 54% of the total variance in ESI+ and ESI- datasets (batches 1 
and 2). The co-exposure to PE-MPLs did not lead to any clear split into 
sub-groups in the PCA (Fig. S5-6). 

Univariate analysis between treatment groups was performed for the 
prioritization of features. Based on these filtered datasets (p < 0.1; RSD 
QC<30%; fold-change>1.3x), Venn diagrams were built to highlight the 
number of relevant features across treatment groups (Fig. 3). For 
instance, 348 differential features (ESI- and ESI+) were simultaneously 
altered in CP and PE-MPL/CP groups, but not in PE-MPL mussels. In 
turn, 477 features were differential and simultaneously modulated in BZ 
and PE-MPL/BZ groups. Many of the features that were significantly 
altered in pharmaceutical-exposed mussels showed very high fold- 
changes (15–23% with fold-change>5), whereas features modified by 
PE-MPL alone led to more moderate values (7–10% with fold-change>5) 
(data not shown). This probably explains the clustering of samples ac-
cording to pharmaceutical exposure in the PCAs. Nevertheless, a non- 
negligible number of features were modulated in the presence of PE- 
MPLs, though many alterations were non-specific (60 – 67%), as they 
were also responsive to the other treatments. 

3.2.1. Modulation of metabolites and pathways 
Metabolites identified by confirmation with analytical standards 

(n = 39) or putative annotation (n = 25) are listed in a heatmap that 
shows their modulation amplitude and p-values for the different com-
parisons (against the control) at 21 d (Fig. 4). In addition, corresponding 
metabolite responses after depuration (28 d) are also provided to 
elucidate potential recovery mechanisms. Citrate (TCA) cycle, purine 
metabolism, or tyrosine metabolism were among the most impacted 
pathways after 21 d. An elevated number of metabolites were simulta-
neously altered by exposure to the different stressors, encompassing 
pharmaceuticals, PE-MPLs and their mixtures (e.g., Inosine mono-
phosphate (IMP), 4-Methylpentanal). On the other hand, other metab-
olites were specifically altered in response to a given pharmaceutical 
compound, e.g., TCA cycle intermediates by bezafibrate (up-regulation). 

Complementarily, a Venn diagram of annotated metabolites was 
built to explore common and specific responses to the two pharmaceu-
ticals (CP and BZ groups) and PE-MPLs (Fig. S7). Among them, six 
metabolites were commonly altered by all stressors (4-Methylpentanal, 
5,6-dihydroxyindol, IMP, lactaldehyde, lysophosphatidylcholine (LPC) 
(18:1(9Z)/0:0), uridine monophosphate (UMP)), and four were altered 
by both CP and BZ (e.g., 3,4-dihydroxyphenylacetaldehyde, hydrox-
ypregnenolone, prostaglandin D2/E2 (PGD2/PGE2), suberic acid), 
constituting responses to general and PhAC stress, respectively. In turn, 

Fig. 1. Mean measured concentrations of citalopram or bezafibrate in water (ng/L), mussel hemolymph (ng/mL) and whole mussel (ng/g dw). The partition co-
efficient from water to mussel hemolymph (PH-W) and the bioaccumulation factor (BAF in L/kg) are also shown. 
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among specific biomarkers, 14 metabolites were observed in BZ and PE- 
MPL, and two were associated with CP. For example, in BZ exposed 
mussels, four out of the 14 compounds were connected to the TCA cycle 
(i.e., cis-aconitic acid, isocitric acid, itaconic acid, and oxoglutaric acid). 

In mussels exposed to pharmaceuticals, dysregulated metabolites 
tended to fluctuate in the same direction regardless of PE-MPLs co- 
exposure (e.g., TCA cycle intermediates, purine metabolism). In fact, 
none of the impacted pathways showed an opposite response when 
comparing exposures to a pharmaceutical with or without the PE-MPLs. 
However, despite the weaker effect suggested by the PCA, PE-MPLs 
alone triggered relevant modulations, such as purine metabolism 
(down-modulation) or glycerophospholipid metabolism (up- 
regulation). 

In addition, several metabolites remained altered after the depu-
ration period (28 d), such as purine metabolites, PGD2/PGE2, or a LPC. 
Conversely, only a few metabolites changed in a different direction after 
depuration or returned to CT levels (e.g., TCA cycle intermediates, 
nicotinic acid). Finally, other metabolites were exclusively altered after 
depuration, such as serotonin in mussels exposed to citalopram. 

Besides endogenous metabolites, a retrospective analysis of LC- 
HRMS data allowed the annotation of the pharmaceutical metabolite 
N-desmethyl citalopram. This compound, later confirmed with its 
analytical standard, could be studied qualitatively in digestive glands. 
Despite the lack of significant differences between treatment groups (i. 
e., CP vs PE-MPL/CP), a higher mean concentration of N-desmethyl 
citalopram, along with a lower concentration of the parent compound 
(p < 0.1), was found in PE-MPL/CP exposed mussels (Fig. S8). 

4. Discussion 

4.1. Effect of MPLs on pharmaceutical bioavailability 

Mussels accumulated a much larger amount of citalopram than 
bezafibrate, especially in whole body but also in hemolymph samples. 

The final concentration of these two pharmaceuticals in mussel tissues 
was independent of microplastic co-exposure, but PE-MPLs affected the 
early assimilation of citalopram (at 10 d). Considering the negligible 
effect of PE-MPLs on water levels of the two pharmaceuticals, such effect 
might be related to other processes taking place within the mussels. 
Additionally, whereas the low-level accumulation of bezafibrate was 
completely cleared after the depuration period, a significant proportion 
of citalopram remained in the mussels. The amount of excreted cit-
alopram upon depuration was lower in mussels co-exposed to PE-MPLs. 
In the next sub-sections, these major findings will be thoroughly 
discussed. 

4.1.1. Bioaccumulation and tissue distribution of pharmaceuticals 
Few studies have addressed the uptake and bioaccumulation of cit-

alopram in aquatic organisms, but some have also documented a mod-
erate bioaccumulation in exposed bivalves [35] or fish [50]. For 
example, Serra-Compte et al. (2018) reported mussel concentrations 
( ± SD) of 12.9 ± 2.1 µg/g dw after a 20-day exposure to 5 µg/L (BAF ≈
2500, compared to 1390–1610 L/Kg in this study) [35]. According to its 
log KOW (3.74 [37]), as moderately hydrophobic pharmaceutical in its 
neutral form, citalopram represents a medium concern for bio-
accumulation [51]. 

Nevertheless, after converting our data to ww (i.e., dividing by a 
factor of 5.2), neither citalopram nor bezafibrate could be classified as 
‘bioaccumulative’ in this study according to the threshold value estab-
lished by the EPA (>1000 L/Kg ww) [52]. Pharmaceutical uptake by 
organisms is pH-dependent, since uncharged molecules can pass bio-
membranes more readily than their ions [53]. Selective serotonin re-
uptake inhibitors (SSRIs) are ionizable compounds (weak bases) with 
pKa values ranging between 9.05 and 10.5, meaning that their cationic 
form typically predominates under typical marine seawater pH 
(8.1–8.3). Significant proportions of both neutral and ionized citalopram 
could be expected to exist in seawater from exposure tanks. It has been 
suggested that, besides tested concentration, exposure time can also 

Fig. 2. Mean concentration of citalopram (left) and bezafibrate (right) in whole mussel (ng/g dw) at days 10, 21 and 28 (post-depuration). Note the difference in the 
Y-axis scale between compounds. SD is not shown in B (10 d) because all samples were <MQL (MQL/2 used). * : significant difference (p < 0.05) between treat-
ment groups. 

Fig. 3. Venn diagrams highlighting shared and uniquely altered metabolites in response to PE-MPLs and citalopram (A) or bezafibrate (B) groups, relative to the 
control (CT). Results for the selected signals (p < 0.1 and fold-change>1.3). 
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influence the tissue distribution of citalopram in exposed organisms. In 
fish, while short-term exposures led to negligible levels of citalopram in 
fish muscle (relative to liver/brain) [54], longer exposures resulted in 
high concentrations [50]. 

Comparatively, mean bezafibrate concentrations in whole mussels 
(<2.7 ng/g dw) were approximately 300–400-fold lower than cit-
alopram ones, in agreement with a more limited bioaccumulation ca-
pacity previously suggested [55]. This would be surprising given the 
relatively low hydrophilicity (log KOW=4.25 > 3.74 for citalopram). 

However, as an acidic pharmaceutical (pKa=3.2), bezafibrate remains 
predominantly in its deprotonated form at marine seawater pH values. 
The electrostatic repulsion of acidic drugs limits their transport through 
biomembranes and retention in tissues, because they are also negatively 
charged [56]. For the same reason, bezafibrate shows a limited sorption 
on suspended matter (e.g., microalgae), which can decrease their uptake 
with food [57]. 

Regarding tissue distribution, besides PH-W and overall BAF (Fig. 1), 
partition from hemolymph into tissues (PT-H) was lower also for 

Fig. 4. Heatmap of metabolites modulated by PE-MPLs, CP, BZ or their selected mixtures (PE-MPL/CP and PE-MPL/BZ) in mussel digestive gland (21 d), as well as 
their corresponding fold-change (colours) and p-value (p < 0.1). The response of selected metabolites after depuration is also reported. The colour code indicates a 
fold-change increase (green) or decrease (red) relative to the Control (CT): increasing intensities represent fold-changes between 1.3x and 1.5x (light), 1.5x and 2x, or 
higher than 2x (dark). Level 1 annotations are marked with an asterisk (*). 
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bezafibrate than citalopram (Table S2. Partition), meaning that, 
compared to whole mussel levels, a higher relative proportion of beza-
fibrate remained in hemolymph. Other factors could also affect the 
bioavailability and/or bioaccumulation of pharmaceuticals. Yang et al. 
(2020) [58] suggested that the bioaccumulation of bezafibrate and other 
compounds cannot be predicted by log KOW and/or log DOW (pH-de-
pendent), because biodegradation mechanisms are involved, chal-
lenging an obvious correlation with the physico-chemical properties of 
these compounds (e.g., log KOW and/or log DOW (pH-dependent)). 
Actually, in a study on mussels where bezafibrate was not detected after 
exposure to concentrations of up to 180.5 µg/L, fast metabolization was 
hypothesized to occur [55]. The digestive gland is a key metabolic organ 
in bivalves, which may actively contribute to the elimination of this 
pharmaceutical [59]. However, in this study, the limited uptake, bio-
accumulation/biodegradation and dissipation processes of bezafibrate 
likely explain its progressive increase in seawater following the spiking 
of contaminants (Fig. S1). 

4.1.2. The effect of MPLs 
A recent meta-analysis suggested a general tendency of MPLs to in-

crease the bioaccumulation of pharmaceuticals and personal care 
products (PPCPs) in aquatic organisms [27]. In our study, although a 
clear effect of PE-MPLs on pharmaceutical bioavailability in the water 
column could not be depicted, two remarkable trends were observed. 
Firstly, under co-exposure to PE-MPLs, the accumulation of citalopram 
in mussels’ tissues during the first stage (10 d) was diminished (Fig. 2). 
The accumulation of organic contaminants in marine bivalves derives 
from the direct uptake of compounds from the water phase (via gills) or 
those adsorbed onto particles (via digestive tract) [60]. Under a 
co-exposure scenario, MPLs might affect the bioavailability of pharma-
ceuticals in the water phase [23]. However, this was not demonstrated 
in our study, since the concentrations of citalopram in water were 
similar regardless of PE-MPLs presence. Liu et al. (2020) suggested that 
salinity is negatively linked with the adsorption of hydrophilic organic 
chemicals on MPLs [24], which could explain the limited loading of 

pharmaceuticals on PE-MPLs in this study. Therefore, given the negli-
gible effect of PE-MPLs on citalopram availability in water, a possible 
explanation to the observed differences in bioaccumulation at 10 
d might be due to the MPLs interference with key surfaces such as the 
gills, affecting the regulation of contaminant uptake [61]. Therefore, the 
PE-MPLs accumulated in both gills and digestive gland tissue (data not 
shown) might have slowed down the absorption of citalopram in 
mussels. 

Secondly, the amount of excreted citalopram during depuration (in 
seawater) was higher in mussels exposed to citalopram alone (CP, 
compared to PE-MPL/CP) (Fig. S2), which may be explained by different 
factors. For instance, it has been suggested that MPLs can affect the 
excretion of other contaminants, generally through a “cleaning effect”. 
Sun et al. (2022) [62] proposed a model that highlights a major influ-
ence of water and food routes in the uptake of pharmaceuticals in ma-
rine fish, while aged MPLs (polystyrene) contributed to the cleaning 
effect, decreasing their bioaccumulation. This would be in agreement 
with the observed results in mussels. Another possibility could be an 
enhanced biotransformation into and excretion of citalopram’s main 
metabolite in the presence of PE-MPLs. Different studies have shown 
that the uptake of MPLs enhances xenobiotic biotransformation [63]. In 
aquatic organisms, biotransformation of citalopram into N-desme-
thylcitalopram has been described in experimental studies [64]. In this 
study, based on the retrospective LC-HRMS analysis of digestive glands 
(Fig. S8), an increased metabolization of citalopram into N-desme-
thylcitalopram was suggested in PE-MPL/CP exposed mussels. There-
fore, the biotransformation of citalopram in mussels, which appears to 
be enhanced in the presence of PE-MPLs, could partially account for the 
observed differences in depuration water (higher levels of citalopram in 
CP than PE-MPL/CP tanks) (Fig. S2). 

4.2. Effects on the metabolome 

The effects assessment of pharmaceuticals and polyethylene MPLs 
(PE-MPLs) was based on the evaluation of associated metabolomic 

Fig. 4. (continued). 
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profiles on Mediterranean mussels. This approach allowed us to high-
light various impacted pathways, uniquely (e.g., TCA cycle in response 
to bezafibrate) or more generally modulated by the selected stressors (e. 
g., nucleotide metabolism). According to the PCAs, the two pharma-
ceuticals (citalopram or bezafibrate), with or without PE-MPLs, induced 
the strongest modulation of mussels’ metabolomic profile compared to 
the modulation caused by exposure to PE-MPLs alone (Fig. S5-6). This is 
particularly relevant for bezafibrate, which showed a very limited bio-
accumulation but provoked similar adverse effects on the organisms. 
The pharmaceutical-driven clustering may be explained by the contri-
bution of features with large fold-changes (data not shown) that, un-
fortunately, could not be annotated in many cases. The metabolic 
pathways most consistently impacted by citalopram and/or bezafibrate 
exposures were: neurotransmitters metabolism, i.e., serotoninergic ac-
tivity (citalopram) and dopaminergic activity (bezafibrate), energy 
metabolism (bezafibrate), nucleotide metabolism (citalopram and 
bezafibrate) and steroid and prostaglandin metabolism (citalopram and 
bezafibrate). 

In the co-occurrence of PE-MPLs, the magnitude and direction of 
feature modulation were comparable to those under single pharma-
ceutical exposure. Nevertheless, PE-MPLs alone also triggered signifi-
cant metabolomic responses, which were generally common to other 
stressors (i.e., non-specific, such as the effects on purine metabolism) 
(Fig. 3). In the following sub-sections, the main impacted pathways will 
be separately discussed, as well as their drivers and, finally, their 
possible implications at the individual level. 

4.2.1. Metabolism of neurotransmitters 
Two neurotransmitters (dopamine and serotonin) were impacted in 

mussels following exposure (21 d) and/or depuration (28 d). The sero-
toninergic activity was mainly down-regulated by citalopram and/or 
PE-MPLs, whereas dopaminergic activity was modulated by bezafibrate 
(up-regulation) or PE-MPLs (down-regulation). 

The effect of SSRI antidepressants on bivalve metabolism has been 
previously addressed [15,65]. The mechanism-of-action (MOA) of these 
antidepressants consists in increasing the serotonergic activity by pre-
venting serotonin (5-hydroxytryptamine [5-HT]) reuptake from the 
synaptic cleft. Therefore, according to the human MOA of citalopram, an 
increase in 5-HT levels would be expected in exposed mussels. The 
blocking of serotonin reuptake transporters on the cell membrane has 
been documented in fluoxetine-exposed mussels [66]. This MOA is 
shared by the different SSRIs, including citalopram, although with 
varying specificity and sensitivity. In this study, a statistically significant 
effect of citalopram on 5-HT levels in digestive gland (down-regulation) 
was only observed after the depuration period (28 d) (Fig. 4). A similar 
result was observed in fish exposed to another SSRI (fluoxetine), which 
experienced a decrease in the levels of brain serotonin during exposure 
or after a recovery period (depending on exposure level) [67]. In gen-
eral, the higher availability of 5-HT in the nervous system upon reuptake 
inhibition leads to a decrease in its synthesis and release [68], which 
may be reflected in other tissues. Therefore, the decreasing content of 
5-HT in mussels’ digestive gland may arise from an altered metabolism 
following exposure to citalopram (during the depuration phase). Addi-
tionally, the lower levels of citalopram in mussels after depuration (28 
d) may have contributed to increasing the reuptake of serotonin 
(compared to the exposed period) and therefore decreasing its levels. In 
addition, 5-HT levels are generally lower in bivalves’ digestive gland 
[69] compared to the nervous system, which may hamper the elucida-
tion of SSRI effects. 

In addition, serotoninergic activity was also down-regulated with PE- 
MPLs (Fig. 4), which may point out towards a general effect of different 
stressors on 5-HT metabolism. For example, a depletion of 5-HT levels 
was also observed in mussels exposed to heavy metals and, because 5-HT 
and dopamine (DOP) cause a relaxation of muscles, the effect was linked 
with muscle contraction and shell closure during stress [69]. Various 
contaminants, including MPLs [70], can decrease the activity of 

tryptophan hydroxylase (TPH), a limiting enzyme in 5-HT biosynthesis. 
In this study, the conversion of tryptophan into 5-HT in mussels exposed 
to PE-MPLs was probably impaired, shifting towards the production of 
other metabolites (e.g., DL-Kynurenine, p < 0.1 during depuration) 
(Fig. S9). 

On the other hand, the synthesis of the neurotransmitter DOP is 
associated with tyrosine metabolism, which was markedly modulated by 
bezafibrate, leading to an increased production of DOP and its metab-
olites DOP 4-sulfate and 3,4-dihydroxyphenylacetaldehyde (Fig. S10). 
The mitochondrial enzyme complex monoamine oxidase (MAO) medi-
ates the oxidation of DOP, and its modulation by environmental 
stressors could affect its elimination [71]. Alternatively, bezafibrate 
could enhance the conversion to DOP mediated by tyrosine hydroxylase 
(TH), which catalysed the rate-limiting step in the biosynthesis of DOP. 
This effect can be accompanied by depletion of tyrosine as precursor 
[72], as seen in this study (not significant). In this sense, it has been 
observed that another fibrate (gemfibrozil), through peroxisome 
proliferator-activated receptor (PPAR)-α activation, facilitates TH ac-
tivity in a mouse model of Parkinson’s disease [73]. In bivalves, TH 
activity and/or DOP also increased after exposure to pharmaceuticals 
[71] and other contaminants. 

In contrast to bezafibrate, PE-MPLs alone down-regulated the levels 
of DOP in exposed mussels. Nevertheless, most of the studies on MPLs 
have reported the opposite response in bivalves and fish. For instance, 
an increase in DOP in freshwater mussels exposed to PS-MPLs (1 and 
10 µm) was described as part of defence mechanisms to either reduce 
MPLs uptake or enhance their elimination [74]. However, the mecha-
nisms involved in the interference of MPLs with neurotransmitters 
metabolism are largely unknown [75]. A possible explanation to our 
findings would be a time-dependency of PE-MPLs effects on the dopa-
minergic system. While short exposures could manifest early defence 
responses involving DOP [76], these may be compensated for by chronic 
exposures. 

4.2.2. Energy metabolism 
In this study, a clear disturbance in the TCA cycle in bezafibrate- 

exposed mussels was shown (Fig. 5). Given the regulatory role of 
PPARs on energy metabolism (β-oxidation of fatty acids, TCA cycle and 
glycolysis), the observed effect in mussels may correspond to the MOA of 
bezafibrate. Whereas an alteration of “upstream” fatty acid β-oxidation 
could not be identified and the end-product acetyl-CoA was not detec-
ted, an increased abundance of different TCA metabolites was high-
lighted (i.e., citrate, cis-aconitate, isocitrate, and α-ketoglutarate), 
which may be indicative of an activated energy metabolism (Fig. 5). It is 
worth mentioning that sample preparation may have hampered the 
elucidation of fatty acids, as the analysis was based on the polar phase of 
the extracts. The exposure to different fibrate drugs has previously been 
related to an increased TCA cycle activity in rats [77]. However, the 
accumulation of certain TCA cycle intermediates may also be indicative 
of TCA cycle obstruction and consequent shortages of ATP (not detected) 
[78]. In addition, the TCA intermediate that increased more signifi-
cantly in this study (cis-aconitate, 21-fold), up-regulated its alternative 
metabolite itaconic acid, suggesting that associated effects may expand 
beyond the TCA cycle (e.g., C5-branched dibasic acid metabolism). 

Interestingly, the effect observed on TCA cycle intermediates dis-
appeared after the depuration period (28 d) (Fig. 4). In fact, none of 
these metabolites were consistently up- or down-modulated, meaning 
that they returned to baseline levels (reversible effect of bezafibrate on 
energy metabolism). On the other hand, depuration triggered an alter-
ation of nicotinic acid and nicotinamide metabolism (Fig. 4), related to 
the biosynthesis of the redox cofactor NAD+ . An increase in nicotinic 
acid (NAD+ precursor), which occurred in all treatment groups after 
depuration, has been associated with an activation of energetic meta-
bolism in snails [79]. 

Despite the activation of energy metabolism, clear signs of oxidative 
stress were not observed. The fact that carnitines and taurine, which 
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constitute important markers of oxidative stress in bivalves [80], were 
not consistently modulated in this study (Spreadsheet S1. All annota-
tions) despite being widely detected in mussels, may point out the lack 
of oxidative and osmotic stress. However, another oxidative stress in-
dicator (the amino acid phenylalanine and its metabolites) was dis-
rupted in PE-MPLs exposed mussels (increase in both 
ortho-Hydroxyphenylacetic acid and phenylethylamine) (Fig. 4). A 
disruption of phenylalanine metabolism has been previously reported in 
marine mussels (Mytilus coruscus) treated with polystyrene MPLs, which 
might lead to oxidative stress and neurotoxicity [81]. 

4.2.3. Nucleotide metabolism 
Nucleotide metabolism was broadly altered by all stressors in this 

study, as well as their mixtures. An elevated number of metabolites were 
consistently modulated, especially those belonging to the metabolism of 
purines (Fig. S11). Purine and pyrimidine metabolism are among the 
most impacted pathways in fish and mussels exposed to pharmaceuti-
cals, MPLs, and other pollutants [30,72], besides other stressors (e.g., 
captivity, hypoxia, food limitation). Therefore, dysregulation of nucle-
otide metabolism may constitute a general marker of health status and 
stress in mussels. 

In this study, a general increase in IMP (ca. 2.6–3.6 -fold) was 
accompanied by a down-regulation of AMP and related metabolites 
(adenosine, adenine, and/or ADP) (Fig. S11). In this scenario, AMP 
deaminase, the enzyme responsible for the conversion of AMP into IMP, 
could be overexpressed by exposure to contaminants. An increased 
conversion into IMP, and/or a decrease in AMP, was observed in bi-
valves subjected to hypoxia [82] or food limitation [83]. Therefore, it 
could be that IMP metabolism shifted towards the production of uric 
acid, which was up-regulated as end product of purine catabolism. It has 
been suggested that peroxisome proliferation in mussels, mediated by 
PPAR agonists (like bezafibrate), may be connected with alterations of 
nucleotide metabolism [84]. Although alterations on nucleotide meta-
bolism have been widely reported in different models, Colás-Ruiz et al. 
(2022) highlighted their tissue specificity: whereas purine metabolites 
were mainly up-regulated in fish plasma, they presented an opposite 
behaviour in liver [10]. 

4.2.4. Steroid and prostaglandin biosynthesis 
Steroid hormone and prostaglandin metabolism were mainly 

disturbed by exposure to citalopram or bezafibrate, regardless of PE- 
MPLs co-exposure (Fig. 4). Specifically, exposure triggered an up- 
regulation of the steroid hydroxypregnenolone, which derives from 
the metabolism of cholesterol. In this study, along with the increase in 
hydroxypregnenolone, the alternative metabolite 4-methylpentanal was 
down-regulated. Therefore, the metabolism of cholesterol seemed to 
shift towards the production of hydroxypregnenolone, which could have 
physiological implications since it acts as precursor (prohormone) of sex 
steroids (e.g., testosterone, estradiol). In agreement with our results, 
freshwater mussels exposed to 200 ng/L of another SSRI antidepressant 
(fluoxetine) showed an increase in the levels of esterified estradiol [85]. 
Dysregulation of steroidogenesis is among the side effects of SSRIs in 
humans, which affect CYP-mediated reactions in steroid hormone 
biosynthesis [86]. 

Along with steroid hormone biosynthesis, the metabolism of arach-
idonic acid leading to prostaglandins was also impacted. Specifically, 
higher concentrations of PGD2/PGE2 were observed in pharmaceutical- 
exposed mussels. Cyclooxygenases (COX) are the enzymes responsible 
for the formation of different prostanoids from arachidonic acid, 
including prostaglandins and thromboxane. Whereas nonsteroidal anti- 
inflammatory drugs (NSAIDs) are already known to inhibit COX en-
zymes to exert their effects [87], it is less clear how other pharmaceu-
ticals could affect arachidonic acid metabolism. Nonetheless, this effect 
has been suggested for citalopram in human patients [88], or fluoxetine, 
which enhanced the expression of COX enzymes in the gastric tissue of 
administered rats, probably through an indirect effect on plasma 
adrenaline [89]. Altogether, these and our study reinforce the idea that 
pharmaceuticals other than NSAIDs could exert effects on prostaglandin 
biosynthesis, probably through modulation of COX enzymes, also on 
non-target organisms. 

4.3. Possible individual-level implications 

4.3.1. Pharmaceuticals 
In this experiment, the bioaccumulation of pharmaceuticals (cit-

alopram and bezafibrate) in mussels was confirmed. Tissue concentra-
tions of citalopram were higher overall, regardless of PE-MPLs. 
However, the magnitude of pharmaceutical effects seemed comparable 
between the two compounds, despite the lower tendency for bio-
accumulation of bezafibrate. Compound-specific properties can influ-
ence internal effect concentrations, which may aid in the 
characterization of the relationship between bioaccumulation and 
toxicity [90]. Therefore, such threshold levels may contribute to 
explaining a similar toxicity between compounds that are retained by 
organisms to a different degree (e.g., pharmaceuticals in this study). 
Although several studies have simultaneously reported contaminant 
bioaccumulation and measured their effects on biota, only a few have 
tried to correlate both. In fact, it was suggested that the link between 
pharmaceutical bioaccumulation and harmful biological effects is very 
much unknown and remains a knowledge gap [91,92]. 

It is known that pharmaceutical effects are preceded by an effective 
uptake, a relevant part of the accumulation process, but different factors 
can complicate a prediction of ecotoxicity based on bioaccumulation 
models [90]. For example, physiological mechanisms of contaminant 
detoxification (e.g., sequestration in intracellular granules) can 
contribute to preventing a direct relationship between bioaccumulation 
and toxicity [93]. Based on the human therapeutic levels (Cmax plasma, 
ng/mL) of bezafibrate (15,000 ng/mL) and citalopram (50 ng/mL) [94], 
one could expect a higher potency of citalopram in non-target species. 
However, uncertainty factors are commonly applied to account for 
inter-species variability in their internal effect concentration, in order to 
estimate the potential hazards of pharmaceuticals in biota [95]. The 
results of this study highlight an increased sensitivity of mussels to 
bezafibrate given that although a very low bioaccumulation was 

Fig. 5. Partial map of pyruvate metabolism and citrate (TCA) cycle in the 
response of mussels (Mytilus galloprovincialis) to the pharmaceutical bezafibrate, 
with or without microplastics (BZ in yellow, PE-MPL/BZ in orange). Detected 
metabolites are marked in bold, and only the fold-change of significant alter-
ations (p < 0.1) is indicated. 
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observed, the related effects were significant. 
Regarding effects assessment, a concordance in the sensitivity of 

metabolomics and classical toxicity studies has been noted for a di-
versity of compounds [96]. Thus, most of the studies combining omics 
with classical ecotoxicology parameters observed simultaneous alter-
ations of the two (e.g., enzymatic activity and metabolome in mussels) 
[78]. However, advances in omics have improved the detection of subtle 
changes not detected by traditional biological endpoints, and have 
shown potential as part of biological early warning systems [97]. For 
instance, metabolomic approaches turned out to be more sensitive in 
mussels exposed to sulfamethoxazole [98]. 

Following pharmaceutical-driven alterations at lower levels of bio-
logical organization, a series of individual-level effects may arise. In this 
scenario, the Adverse Outcome Pathway (AOP) framework emerged as a 
tool to represent associated biological events and to connect them with 
plausible adverse outcomes at individual- and population- levels [99] 
(More detailed information can be found in Supplementary Information 
SI-7). For example, SSRIs could affect CYP enzymes involved in human 
steroidogenesis [86], which might cause impaired reproduction in 
non-target species too, as suggested in this study by the modulation of 
cholesterol metabolism in mussels. Additionally, the possible interaction 
of citalopram with COX enzymes, typically inhibited by NSAID drugs, 
but also suggested in this study, might influence the functions regulated 
by prostaglandins in invertebrates (e.g., immunity, gametogenesis). 

In the case of bezafibrate, it has been hypothesized that evolution-
arily conserved sequences related to PPAR in invertebrates may 
contribute to explaining similar effects on lipid and energy metabolism 
(mediated by PPAR-like receptors) to those in vertebrates [100], as 
suggested by this study. An alteration of energy metabolism can result in 
increased energy expenditure and loss of reserves, which can ultimately 
affect growth and reproduction in bivalves. A down-regulation of the 
TCA cycle has been connected to a loss of body weight in oysters [101], 
which was however not observed in exposed mussels from our study 
(Table S4). Nevertheless, downstream effects of PPAR activation by 
bezafibrate may extend beyond the stimulation of fatty acid metabolism. 
For example, PPARα-mediated up-regulation of NURR1 (transcription 
factor) is critical to the expression of enzymes involved in the synthesis 
of DOP, such as tyrosine hydroxylase (TH) [102]. DOP has been 
enhanced in bivalves from contaminated sites [72] and in 
bezafibrate-exposed mussels from this study too. Increased TH activity 
and levels of DOP are involved in byssus formation [44] and in the in-
hibition of gamete release [103], counteracting the effect of 5-HT in 
mussels [123]. Additionally, both DOP and 5-HT play an important role 
in feeding behaviour and digestion [104,105], so the observed changes 
could affect the function of the digestive gland. 

4.3.2. MPLs 
In general, the construction of AOPs for MPLs remains challenging, 

because there are no described specific targets for their action. However, 
relevant metabolic pathways can be disturbed by MPLs too [106]. Ac-
cording to this study, the metabolism of neurotransmitters, or purine 
metabolism, were markedly impaired following PE-MPLs exposure. 
Differences in exposure time, or activation of compensatory mechanisms 
to MPLs, could lead to contrasting findings in the metabolome across 
studies. In addition to neuroendocrine disruption, PE-MPLs may result in 
the disturbance of building blocks for DNA and RNA turnover and 
repair, or the production of energy cofactors (e.g., ATP) that are 
necessary for cell survival and proliferation [107]. 

Only tentative AOPs have been suggested for micro- and nano- 
plastics, based on the matching of key events with those in existing 
AOPs for other contaminants [75,106,108]. Commonly altered end-
points include ROS generation and related antioxidant and apoptotic 
pathways, as well as neurotoxicity via inhibition of acetylcholinesterase 
(AChE), but mechanistic aspects are generally undetermined [75,106]. 
Additionally, indirect metabolic effects may play a role in the toxicity of 
MPLs, e.g., neurotoxicity through oxidative stress-mediated inhibition of 

AChE, which can complicate the identification of mechanisms and AOPs 
[75,81]. For example, lipid peroxidation caused by MPLs might induce 
the rupture of acetylcholine-containing vesicles, releasing neurotrans-
mitters into the synaptic clefts, which activate AChE production as a 
compensatory mechanism [109]. Also, the diversity of MPLs (e.g., size, 
shape, surface, polymer, additives) and the lack of standardized meth-
odologies add further difficulties to hazard assessment, which often 
leads to contradictory outcomes in different studies [75]. 

In this study, expected individual-level effects comprise a distur-
bance of mussels’ energy metabolism, reproduction, behaviour, or im-
munity, in response to one or more of the selected stressors. The possible 
combined effects of PE-MPLs and pharmaceuticals were not further 
discussed, since no significant interactions on the mussels’ metabolome 
could be identified. 

4.3.3. Depuration effects 
Another interesting aspect of this study was the assessment of dep-

uration effects. This approach allowed us to characterize potential re-
covery mechanisms, as well as long-lasting or latent effects on the 
mussels. For example, energy metabolism was recovered in bezafibrate 
exposed mussels after depuration. In turn, the effects on purine meta-
bolism, common to all stressors, were long-lasting and not compensated 
by depuration. Finally, different metabolites were exclusively altered 
during the depuration period, the so-called latent effects, such as the 
effect of citalopram on 5-HT metabolism. This is environmentally rele-
vant because bivalves from freshwater and coastal areas may be sub-
jected to pulses of contamination separated by “clean” periods [110]. 
This effect has been assessed by few other metabolomic studies. For 
instance, in oysters previously exposed to fluoxetine (1 µg/L), only a 
partial recovery was observed after the depuration period, with several 
long-lasting alterations [65]. In fish from treated wastewater ponds, 
more than two months of depuration were needed to stabilise their 
metabolism [111]. On the other hand, in mussels exposed to the anti-
biotic sulfamethoxazole, the antioxidant system showed a delayed 
activation, not previously triggered during exposure [112]. Therefore, 
biomarkers also constitute useful tools to assess the possible latent ef-
fects of contaminants on organisms. Finally, the evaluation of depu-
ration of xenobiotics in commercial bivalves is also relevant from the 
point of view of risk assessment for consumers [98], as commercializa-
tion and consumption are commonly preceded by a depuration process. 
For example, in this study, around 20% of the accumulated citalopram, 
remained in the mussels after a 7-d depuration (Fig. S3). 

5. Conclusions 

By combining non-target LC-HRMS metabolomics and target chem-
ical analyses, the effect of MPLs (PE-MPLs) on the bioaccumulation and 
metabolomic effects of two common pharmaceuticals (citalopram and 
bezafibrate) was examined in marine mussels (Mytilus galloprovincialis). 
The bioaccumulation of the SSRI antidepressant citalopram exceeded 
that of the lipid regulator bezafibrate by almost two orders of magni-
tude. PE-MPLs delayed the accumulation of citalopram, prolonging the 
time needed to reach the concentrations observed in singly exposed 
mussels. In addition, PE-MPLs seemed to enhance the biotransformation 
of citalopram, limiting the excretion of the parent pharmaceutical into 
depuration water. 

The assessment of effects through metabolomics data highlighted the 
alteration of mussels’ endogenous metabolites in response to PE-MPLs, 
pharmaceuticals, or their mixtures. The strongest effects on the metab-
olome were driven by the two pharmaceuticals, mostly regardless of PE- 
MPLs co-exposure, but PE-MPLs alone had an impact on different 
metabolic pathways too. The metabolism of neurotransmitters, steroid 
and prostaglandin hormones, purines, or the TCA cycle, were among the 
most impacted pathways after exposure to pharmaceuticals and/or PE- 
MPLs. Toxicity mechanisms remain largely unknown, but certain ef-
fects were linked to the pharmaceuticals’ MOA. In this sense, 
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metabolomics can aid in the characterization of mechanisms leading to 
adverse outcomes at the individual level, which constitutes a powerful 
tool for the improvement of ecological risk assessment. The observed 
molecular alterations may lead to individual-level implications for the 
mussels, such as disrupted energy metabolism, reproduction, DNA and 
RNA synthesis, or immunity. 

Environmental implication 

The effect of pharmaceuticals on non-target organisms commonly 
relates to the pharmaceuticals’ mode of action, but their interaction with 
physical hazards such as microplastics, as well as their aquatic toxicity at 
environmentally relevant concentrations (bezafibrate), and that micro-
plastics can affect the bioaccumulation of citalopram. In addition, it was 
demonstrated that effects on the metabolome may persist or appear after 
a recovery period of 7 days. 
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