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Highlights

1. Muscle samples were obtained from 30 stranded Mediterranean striped dolphins.
2. Six bisphenols and 6 phtalate esters were detected in the samples.

3. BPZ was detected in all the samples, at the highest concentrations.

4. Concentrations did not relate with biological traits but varied with time.

5. Results confirm dolphin exposure to plasticizers in an already anthropized basin.

Abstract
Bisphenols (BPs) and phthalate esters (PAEs) are important compounds for the plastics industry, also
called “everywhere chemicals” due to their ubiquity in daily use products. Both chemical groups are

well-known environmental contaminants, whose presence has been reported in all environmental
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compartments, and whose effects, mainly associated to endocrine disruption, are detrimental to living
organisms. Cetaceans, due to their long life-span, low reproduction rate and high position in the trophic
web, are especially vulnerable to the effects of contaminants. However, little is known about BP and
PAE concentrations in cetacean tissues, their potential relation to individual biological variables, or
their trends over time. Here, the concentration of 10 BPs and 13 PAEs was assessed in the muscle of
30 striped dolphins (Stenella coeruleoalba) stranded along the Spanish Catalan coast (NW
Mediterranean) between 1990 and 2018. Six BP and 6 PAE compounds were detected, of which only
4,4'-(cyclohexane-1,1-diyl)diphenol (BPZ) was detected in all the samples, at the highest
concentration (mean 16.06 pg ¢! lipid weight). Sex or reproductive condition were largely uninfluential
on concentrations: only dimethylphthalate (DMP) concentrations were significantly higher in
immature individuals than in adults, and the overall PAE concentrations were significantly higher in
males than in females. Temporal variations were only detected in bis(4-hydroxyphenyl)ethane (BPE),
diethylphthalate (DEP) and dimethylphthalate (DMP), whose concentrations were lower, and 9,9-
Bis(4-hydroxyphenyl)fluorene (BPFL), which were higher, respectively, in samples taken between
2014-2018, probably reflecting shifts in the production and use of these chemicals. These results
provide the first assessment of concentrations of several BP and PAE compounds in the muscle of an

odontocete cetacean.

Keywords

Pollutants; Plastic additives; Plasticizers; Contamination; Marine Mammals; Cetaceans
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1. Introduction

Bisphenols (BPs) and phthalic acid esters (PAEs) have been called “everywhere chemicals”
due to their widespread use in the manufacture and processing of plastic and resin products and their
ubiquity in human body, wildlife and the environment (Net et al, 2015; Warner and Flaws, 2018;
Sangeetha et al, 2021). Indeed, they are important chemical components for the plastics industry, where
BPs (and more specifically Bisphenol A (2,2-bis(4-hydroxyphenyl)propane, henceforth BPA), along
with its analogues) are used in the manufacture of hard, transparent plastics such as water bottles, as
well as in the production of polycarbonate, polyacrylate, flame retardants, solvents, and other products
used for coating, such as epoxy resins, and are present in a large variety of everyday products (Staples
et al, 1998; Rochester et al, 2015; Mustieles et al, 2020; Torres-Garcia et al, 2022). On the other hand,
PAEs are used to manufacture soft, flexible and transparent plastics, such as plastic polyvinyl chloride
(PVC) products, and a very broad range of products including building materials, toys, personal care
products (PCP), food packaging, cosmetics, medical devices (Graham, 1973), and many other daily

use products, where their content can be up to 10-60 % by weight (Net et al, 2015).

Although plastic materials are chemically inert, the chemical additives used to improve their
qualities may be released to the environment during the plastic weathering processes caused by solar
radiation, sea corrosion, and chemical and biological degradation (Koelmans et al, 2014; Net et al,
2015). Moreover, BPs and PAEs may also enter the environment during the production process and
ultimately be transported at sea through river discharge or atmospheric deposition (Xie et al., 2007).
The constant raise of plastic production, and consequent plastic pollution in the worldwide oceans
(Jambeck et al, 2015; Geyer et al, 2017; Lambert et al, 2020) is thus expected to increase the
concentration of plastic additives such as BPs and PAEs in the marine environment, as a result of their
direct deposition, and/or their leaching from the large amounts of marine plastic litter that reach the

oceans every day.
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Indeed, both BPs and PAEs are well-known environmental pollutants, which have been
detected in every natural compartment, including air, soil, sediments, fresh and marine waters (Xie et
al, 2007; Zeng et al., 2009; Ben Sghaier et al, 2017; Paluselli et al, 2018; Moustafa et al, 2022; Torres-
Garcia et al, 2022; Xing et al, 2022), as well as in the tissues of several animal species (Kang et al,
2007; Koelmans, 2014; Nehring et al, 2017; Routti et al., 2021). Both in vivo and in vitro studies have
proven their toxic effects to living organisms. In vitro studies with laboratory animals and
epidemiological studies in humans showed that BPA, several of its analogues, and most PAEs, cause
severe endocrine effects (Basak et al, 2020), as well as potential neurological and carcinogenic effects
(e.g., Benjamin et al, 2017; Li et al, 2018; Pelch et al, 2019; Han et al, 2021). Although most BPs and
PAEs are subject to efficient metabolic degradation and elimination (Kang et al, 2006; Net et al, 2015),
the increased levels of environmental and dietary exposure to which living organisms are subject may
maintain their tissue concentrations at chronic or sub-chronic levels, and trigger detrimental effects

(Silva et al, 2018; Warner and Flaws, 2018).

Cetaceans are particularly vulnerable to the effects of lipophilic contaminants. Being mammals
with a long life-span, low reproduction rate, and high position in the trophic web, they are subject to
both the bioaccumulation and biomagnification of pollutants (Loganathan, 2012). Despite the proven
toxic effects of BPs and PAEs to mammals, and their potentially high concentrations in the marine
environment, their concentrations in the tissues of marine mammals have been determined only by a
handful of studies so far. Most of the published research focuses on the assessment of PAEs and their
metabolites in the tissues of two main species: the bottlenose dolphin (7ursiops truncatus, i.e., Dziobak
et al, 2021, 2022; Hart et al, 2018, 2020) and the fin whale (Balaenoptaera physalus, i.e., Baini et al,
2017; Fossi et al, 2012, 2014, 2016; Garcia-Garin et al, 2022); while other marine mammal species
have been scarcely studied (e.g., Rian et al, 2020; Routti et al, 2021), and the concentrations of BPs in
these organisms have been barely investigated (i.e., Montoro-Martinez et al, 2021; Page-Karjian et al,

2020). Still little is known regarding the concentrations of these contaminants, and especially of BPs
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and PAEs other than the more commonly studied BPA and di-(2-ethylhexyl) phthalate (DEHP), in

marine mammals, their potential relation with biological variables, or their trends over time.

With the aim of contributing to fill such information gap, here we analysed 10 BPs and 13 PAEs
in the muscle of 30 striped dolphins (Stenella coeruleoalba) stranded along the Mediterranean coast
of Spain between 1990 and 2018. Our results are discussed taking into account the potential influence
of biological variables, such as sex and maturation stage of the individuals, and of the year of death,
which might reflect the increasing levels of plastic pollution in the Mediterranean Sea and the
regulation of some of the analysed compounds, like BPA and DEHP. Although the Mediterranean
striped dolphin is currently not in a concerning conservation status, cetaceans are often subject to a
variety of human impacts that, combined, may compromise the healthy survival of their populations
(Hart et al, 2020, Dziobaak et al, 2022). The pathways and levels of exposure to these increasingly
widespread pollutants of potentially vulnerable marine fauna such as cetaceans deserve in-depth

investigation.

2. Materials and methods

2.1. Study area and sampling

Muscle samples were collected from 30 striped dolphins found stranded along the Spanish
Catalan coast, in the NW Mediterranean Sea (Fig.1), during three separate periods between 1990 and
2018 (i.e., 1990, 2007-08, and 2014-18), and preserved in the biological tissue bank of the University
of Barcelona (BMA Tissue Bank). Since muscle represents approximately 50% of dolphins weight
and its average lipid content is 6%, this tissue was considered representative enough to assess the levels
of BPs and PAEs in the dolphins. The cause of death for most dolphins was related with the
morbillivirus epizootics occurred in the Mediterranean Sea during 1990 and 2006-07 periods. As age

information was only available from 7 out of the 30 dolphins, individuals were classified according to
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their sexual maturation stage, defined according to their body length. Individuals whose body was
shorter than 1.3 m were classified as immature, and individuals whose body was longer than 1.8 m
were classified as adult (Table 1). Overall, sampled individuals included 24 adults (12 males and 12
females), and 6 immature individuals (2 males and 4 females, Table 1). Muscle samples, stored at —20
°C, were subsampled using stainless steel material to obtain individual subsamples of 25-30 g, which
were placed in glass bottles and preserved frozen until analysis. To avoid contamination, no plastic

material was used during this procedure.
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Figure 1: Map of the Western Mediterranean Sea highlighting (in pink) the area of the Spanish Catalan coast, where the

striped dolphins sampled in this study were found stranded.



128 Table 1: Sex, body length (in m), maturation stage and age (when determined) of the sampled striped dolphins, along with

129 the lipid content and overall phthalate and bisphenol compounds concentrations found in their muscle (expressed in ug g

130 lipid weight (Iw)).

Sample Year Sex Length  Maturation Age Lipid > PAE > BP
stage content (%)
2007_1 2007 M 2.1 MATURE NA 1.24 72.499 1.277
2007_3 2007 F 1.8 MATURE NA 1.21 9.564 17.251
2007_4 2007 F 1.95 MATURE NA 0.69 30.430 32.939
2007_6 2007 M 1.85 MATURE NA 1.10 23.231 17.249
2008_1 2008 F 21 MATURE NA 15.46 3.568 0.369
2008_6 2008 F 1.89 MATURE NA 1.08 46.250 26.104
2008_7 2008 M 1.85 MATURE NA 1.04 7.923 42.594
9033 1990 M 1.93 MATURE 16 1.87 26.645 2.714
9034 1990 F 1.96 MATURE 14 1.64 3.542 8.971
9040 1990 M 1.81 MATURE 7 1.77 14.713 13.499
9042 1990 M 1.87 MATURE 10 1.67 4.463 50.728
9043 1990 F 1.8 MATURE 9 1.85 1.547 4.665
9046 1990 F 1.82 MATURE 30 1.58 5.192 9.069
9054 1990 F 2 MATURE 23 1.77 5.020 17.188
9067 1990 M 1.91 MATURE NA 1.86 36.006 28.954
N_1 18 2018 F 2 MATURE NA 1.04 2.089 1.905
N_168_17 2017 M 1.93 MATURE NA 1.30 18.476 5.756
N_21_18 2018 M 1.82 MATURE NA 1.40 15.992 0.924
N_286_15 2015 F 1 IMMATURE NA 2.88 13.259 10.305
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N_291_14 2014 F 1.04 IMMATURE NA 16.78 1.832 0.154

N_352_14 2014 M 13 IMMATURE NA 1.39 0.006 15.661
N_355_14 2014 F 1.07 IMMATURE NA 3.10 9.681 33.913
N_370_14 2014 M 2.04 MATURE NA 1.42 4.522 2.240
N_407_15 2015 M 2.1 MATURE NA 1.22 6.141 20.854
N_45_17 2017 F 1.23 IMMATURE NA 3.02 80.258 13.801
N_488 17 2017 M 1.98 MATURE NA 1.38 16.826 24.986
N_49_15 2015 F 1.9 MATURE NA 2.06 11.118 5.772
N_497_17 2017 F 1.9 MATURE NA 8.77 1.806 3.242
N_523_17 2017 M 1.03 IMMATURE NA 2.70 8.303 96.396
N_77_17 2017 F 1.81 MATURE NA 1.41 1.372 4.375

2.2. Sample preparation

After 48 h lyophilization, a subsample of 4 g (dry weight, dw), was taken from the central
portion (to avoid possible contamination) of each muscle sample and homogenised. Each subsample
was then transferred in 50 mL centrifuge tubes and diluted in a mixture of 10 mL acetonitrile, 10 mL
Milli-Q water, 100 pL internal standard (d4-DIBP), and extraction salts (composed by 1 g NaCl, 4 g
MgSOs, 1 g CeHsNasO7-2H20 and 0.5 g CeHeNa207-1.5H20). After stirring in a vortex mixer with
ceramic homogenizers and centrifugating for 5 minutes at 5000 rpm, 8 mL of each extract were
transferred to centrifuge tubes containing the dispersive solid phase extraction clean-up salts (400 mg
PSA, 400 mg GCB, 1200 mg MgSO4 and 400 mg C18EC). The mixture was then vortexed and
centrifuged again at 5000 rpm for 5 minutes. Five (5) mL of the supernatant were transferred to a vial,
and the extraction was repeated a second time using 10 mL ethyl acetate. The two resulting extracts

were then combined and reduced under a gentle nitrogen stream to 200 pL and 50 pL for PAEs and
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BPs, respectively. Prior to PAE GC-MS/MS analyses, extracts were stored frozen in glass tubes. For
BPs, each extract was derivatized with 50 pL of BSTFA containing 1% TMCS and heated at 65 °C
during 2 h. After derivatization, samples were kept at room temperature during 15 min prior to GC-

MS analysis (Sghaier et al, 2017).

Due to the lipophilic nature of PAEs and BPs, it is generally recommended to report their
concentrations on a lipidic weight (Iw) basis to prevent any bias related to the individual, specific, or
tissue-related differences in lipid concentrations (Krahn et al, 2003). Thus, following Garcia-Garin et
al (2020), 1 g dw of each sample was used to determine the lw gravimetrically by a 15 min sonication
ina 15 mL solution of hexane:acetone (1:1). Two extractions were performed and the resulting extracts
were mixed. After the solvent evaporation under nitrogen stream, the remaining lipids were dried at

90 °C until they reached a constant weight.

2.3. Instrumental analysis, standards and reagents

Ten BP and thirteen PAE compounds were analysed, namely: BPA, 4.4'-(1-
Phenylethylidene)bisphenol (BPAP), 1,1-Bis(4-hydroxyphenyl)-1,1-diphenylmethane (BPBP), 2,2-
Bis(4-hydroxy-3-methylphenyl)propane  (BPC), bis(4-hydroxyphenyl)ethane (BPE), (bis(4-
hydroxypheny)methane (BPF), 9,9-Bis(4-hydroxyphenyl)fluorene (BPFL), 4,4'-(1,3-
Phenylenediisopropylidene)bisphenol (BPM), 4,4'-(1,4-Phenylenediisopropylidene)bisphenol (BPP),
4.4'-(cyclohexane-1,1-diyl)diphenol (BPZ), dimethylphthalate (DMP), diethylphthalate (DEP), di-n-
butylphthalate (DBP), bis(2-methoxyethyl) phthalate (DMEP), dipentylphthalate (DPP), bis(2-
ethoxyethyl) phthalate (DEEP), benzyl butyl phthalate (BBP), phthalic acid dicyclohexyl ester
(DCHP), bis(4-methyl-2-pentyl) phthalate (BMPP), di-n-hexyl phthalate (DHP), bis(2-n-butoxyethyl)
phthalate (DBEP), bis(2-ethylhexyl) phthalate (DEHP) and di-n-octyl phthalate (DNOP). Analytical
standards of BPs and PAEs were purchased from TCI Europe (Zwijndrecht, Belgium) and Restek

(Lisses, France), respectively. Deuterated BPA (BPA d16) and labelled phthalic acid diisobutyl ester

9
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(ds-DIBP) were obtained from Sigma-Aldrich (St. Louis, MO, USA); acetonitrile and ethyl acetate
(for HPLC isocratic grade) for trace analysis were provided by VWR; the extraction salts were
provided by Merck Acetone (SupraSolv®) and Agilent Technologies; and the BSTFA + TMCS (99:1)

solution was provided by Supelco.

An Agilent 7890 GC coupled to an Agilent 7000C Triple Quadrupole GC/MS system (Agilent
Technologies, France) were used for analyses. An Agilent DB-17ms, 30 m x 0.25 mm, 0.25 pum
column, with a constant flow of 1.2 mL helium (99.999% purity) min, was used to produce analyte
separation. The solvent vent injection mode was used through an ultra-inert inlet liner, with a glass
wool frit from Agilent, to inject samples in a multimode inlet. The injector operated with an injection
volume of 3 pL and a temperature cycle of: 0.8 min at 50 °C (solvent evaporation), raise to 300 °C at
720 °C min'%; 5 min hold; cooling down to 280 °C; 10 min hold. The quenching and collision gas were
helium (99.999% purity; flow rate of 2.25 mL min') and nitrogen (99.999% purity; flow rate of 1.5
mL min1), respectively. The temperature cycle of the oven included: 2 min at 40 °C, a first raise to
220 °C at 30 °C min, a second raise to 260 °C at 5 °C min and a last raise to 280 °C at 20 °C min™,
7 min hold; for a total run time of 24 min. Electron impact ionisation (EI) at 70 eV ionising energy,
and the MRM mode were set to operate the triple quadrupole mass spectrometer, at temperatures of

280 °C for the transfer line, 230 °C for the ion source and 150 °C for quadrupoles 1 and 2.

2.4. Quality assurance

To prevent sample contamination, all procedures were performed in clean laboratory
conditions: samples and standards preparation, extraction, clean-up and the pre-concentration step
were carried out in a laminar flow cabinet. Glassware was washed with detergent (Decon), rinsed with
ultra-pure water (Milli-Q water) then washed with acid solution (HCI) and again rinsed with Milli-Q
water follow by acetone and was dried at 120 °C prior to use. Analytical blanks were included every

10 samples to minimize the error of quantification. Targeted compounds in blanks should be lower

10
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than limit of quantification (LOQ) value: if they were higher than LOQ in the samples, the
concentration detected in the blank was subtracted from the corresponding batch of samples (Net et al,
2015). BPs and PAEs were lower than LOQ in the procedural blanks. Limit of detection (LOD) and
LOQ for each compound were estimated as 3-times and 10-times the baseline of blank chromatograms,
respectively, and were confirmed by experimental analysis. LOQs for BPs and PAEs were in the range
of 0.73 — 4.36 and 0.012 — 0.062 ng g' dw, respectively. The recovery rate of each BP and PAE was
calculated by spiking the targeted compounds into a real matrix of interest. The mean BP recovery was
estimated at 99.7% with a rate of 108, 102, 110, 106, 94 and 97% for BPA, BPE, BPF, BPFL, BPP,
and BPZ, respectively. The mean PAE recovery was estimated at 92% with a rate of 104, 81, 86, 98,
76 and 106% for DMP, DEP, DBP, DEHP, DCHP and DNOP, respectively. Samples were not replicated
but the analytical procedure was repeated to check its replicability: Standard deviations obtained were
<5% when the concentration of the compound was higher than 0.1 ng g' and ~12% when the
concentration of the compound was close to the LOQs. Calibration curves were obtained in the range

of 0.1 — 5000 pg 1'! with the correlation coefficients of =0.994.

The University of Lille, LASIRE laboratory (UMR CNRS 8516) provided the infrastructure

and support to perform all above analyses.

2.5. Statistical analysis

The distribution of each BP and PAE concentrations were tested for normality and
heteroscedasticity through a Shapiro Wilk and Levene tests, respectively. As concentrations were not
normally distributed, data were analysed using non-parametric tests, considering both each BP and
PAE compound individually, as well as the sum of all BP and of all PAE compounds. To exclude
potential biases, results obtained from mature individuals (n=24) were used to assess the relative
influence of sex and year of death, split in three groups (i.e., 1990, 2007-2008 and 2014-2018), through

a Kruskal Wallis and a Spearman’s rho correlation test, respectively. Results obtained from the 2014-

11
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2018 samples (n=15) were used to assess the potential effect of the maturation stage through a Kruskal
Wallis test. The level of significance was set at p <0.05. Analyses were performed in R (R Core Team,

2021).

3. Results

The overall concentration of BPs and PAEs detected in each sample are shown in Table 1.
Minimum, maximum and mean concentrations of each BP and PAE, as well as their frequency of
occurrence, are summarized in Table 2. Out of the 10 BPs and 13 PAEs analysed, 6 BPs and 6 PAEs
were detected, respectively. The concentrations of the majority of selected BPs and PAEs were below
the LOQ, meaning that these compounds were not detected in all the sampled dolphins. Indeed, BPZ
was the only compound detected in all samples, at higher concentrations than any other compound
(Table 2). DEP, DBP and DEHP were the only other compounds whose mean concentrations were
higher than 1 pg g! Iw, and which were also detected in 80%, 73% and 63% of samples, respectively

(Table 2, Fig. 2).

Table 2: Mean concentrations and ranges of individual and overall BP and PAE compound concentrations expressed on a
lipid weight (Iw) basis, and frequency of occurrence (FO) in the muscle of stranded striped dolphins. Values below LOQ

are expressed as 0.

Mean lw (ug g')  Range (ug g' Iw) FO (%)

BPA 0.29 0-4.93 10
BPE 0.67 0-6.17 90
BPF 0.01 0-0.07 67
BPFL 0.05 0-0.44 47
BPP 0.03 0-0.94 7
BPZ 16.06 0.12-94.9 100
>BP 17.13 0.15-96.4

12



DBP 7.24 0-26.59 73

DCHP 0.19 0-3.03 13
DEHP 6.85 0-48.9 63
DEP 1.62 0-8.04 80
DMP 0.08 0-1.38 38
DNOP 0.09 0-2.1 7
2PAE 16.08 0.01-80.29
232
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234 Figure 2: Relative contribution of the detected BP and PAE compounds split by sex, maturation stage, and sampling period.

235  Results of the comparison of BP and PAE concentrations between sexes, mature and immature
236  individuals, and sampling periods are shown in table 3. No significant difference was detected between
237  sexes for individual BPs or PAEs. However, the overall concentration of PAEs was significantly higher
238  (p = 0.024, Kruskal-Wallis test) in samples from males than in those from females. No significant
239  difference was detected between the concentrations of BPs or PAEs in mature and immature dolphins,
240  with the exception of DMP, whose concentrations were significantly higher (p = 0.023, Kruskal-Wallis
241  test) in immature individuals than in adults. Finally, a significant positive correlation between the
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243

244

245

246

247
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249

concentration of BPFL and the period of sampling (p = 0.46, p = 0.024), and significant negative

correlations between the concentrations of BPE, DEP, and DMP and the period of sampling were

detected (p =-0.49, p =0.016, p =-0.494, p = 0.014; p =-0.708, p <0.001, respectively) (Spearman’s

rho test, Table 3, Fig. 3).

Table 3. Results of the statistic tests performed to compare the concentrations of BPs and PAEs between males and females,

mature and immature individuals, and the three sampling periods. The number of samples considered for each test is

indicated in brackets. K-W refers to Kruskall-Wallis test. Significant results (p < 0.05) are marked with an asterisk (*).

Sex Maturation Stage Sampling period
(24 samples) (15 samples) (24 samples)

K-Wchi- p-value K-Wchi- p-value Spearmans’  Spearmans’ p-value

squared squared S rho
BPA 2.087 0.1486 0.15873 0.6903 1910.3 0.169422 0.4287
BPE 0.27047 0.603 3.5619 0.05912 3422.3 -0.487936 0.01557*
BPF 0.65906  0.4169 3.0247 0.08201 3022 -0.3139107 0.1352
BPFL 0.15862  0.6904 1.2763 0.2586 1245.2 0.4585894 0.0242*
BPP 1 0.3173 1.5 0.2207 2336.8 -0.01599233 0.9409
BPZ 0.65333  0.4189 2 0.1573 3056 -0.328701 0.1168
>BP 0.40333  0.5254 2 0.1573 3007.2 -0.3074647 0.1439
DBP 1.0967 0.295 0.057613  0.8103 2395.2 -0.04140386 0.8477
DCHP 0.4943 0.482 1.5 0.2207 2671.3 -0.1614263 0.4511
DEHP 2.3774 0.1231 0.12963 0.7188 2376.3 -0.03319363 0.8776
DEP 3.4433  0.06351 0.031818  0.8584 3435.8 -0.4938182 0.01419*
DMP 0.14256  0.7057 5.1734  0.02294* 3928.4 -0.7079887  0.0001086*
DNOP 2.087 0.1486 0.66667 0.4142 2292.3 0.003369187 0.9875
YPAE 5.07 0.02434* 0 1 2489 -0.08217524 0.7027
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Figure 3: Boxplots showing the significant correlations between BPs (BPFL and BPE, top graphs) and PAEs (DEP and
DMP, bottom graphs) concentrations detected in samples from adult individuals and the period of sampling. Boxes show

the first and the third quartiles, horizontal lines represent the median, and whiskers cover extreme values within the 1.5

IQR value. Outliers are marked as dots.
4. Discussion

In this study, we assess the occurrence and concentration of BPs and PAEs in striped dolphins
that stranded in the Western Mediterranean Sea across the 30-year period between 1990 and 2018, and
provide the first record, to our knowledge, of the presence of a number of these compounds in the
muscular tissue of cetaceans. We discuss our results in light of the scarce literature available on the
concentration of these contaminants in the marine environment, and specifically on marine mammals.
In the published literature, summarised in Table 4, these pollutants are assessed in cetaceans or marine
mammals through a variety of tissues, including muscle, liver, blubber, skin, plasma and urine, which
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271
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275

only allows a speculative discussion of the different values observed by other studies. Taking the
limitations implied by the relatively low number of samples analysed into account, we also consider
the potential influence of factors liable of influencing the detected concentrations, such as sex,
maturation stage, and year of death of individuals. As information regarding the cause of death was
not available for all individuals, and most of the sampled dolphins were killed by the morbillivirus
epizootic, results could not be related to any potential toxic or detrimental effect to the health status of

dolphins.

Table 4. Concentrations of BP and PAE compounds assessed in the tissues of marine mammal species. All concentrations
are expressed in ng g*!, with the exception of those in urine samples, which are expressed in ng mL-!. The matrix in which
the compounds analysed, along with the number of samples and the specification on the basis on which concentrations are
calculated (dw: dry weight, ww: wet weight, Iw: lipid weight) are indicated in the first column; the geographic area of each

study, along with the corresponding reference are indicated in the last column.
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Species #samples, BBP DBP DCHP DEHP MEHP DEP MEP DMP DNOP BPA BPF BPS Area,
matrix reference
Fin whale 5, Blubber 58/177 Italy2b
(Balaenopt (ww/lw)
era 30/10, skin 55; 40 Mediterrane
physalus) + blubber an Sea/Sea
biopsies of Cortez®
(ww)
3, skin 7051 nd Mediterrane
(dw) an Sead
6, Blubber <10 <10 42 <37 <10 Svalbard®
(ww)
31, Muscle 303 <0.1 10 303 8 Iceland'
(dw)
Blue whale 7, Blubber <10 <10 20 <37 <10 Svalbard®
(Balaenopt (ww)
era
musculus)
Bowhead 5, Blubber <10 <10 n.a <37 <10 Svalbard®
whale (ww)
(Balaena
mysticetus)
Minke 2, Liver 29.7 107 86.2 15.1 25 6.7 Greenland?
whale (ww)
(Balaenopt
era
acutorostr
ata)
Striped 2, Skin 21460 1720 Mediterrane
dolphin (dw) an Sead
(Stenella
coeruleoal 5, Muscle 419 514 52 304 101 174  Canaries"
ba)
30, Muscle 7240 190 6850 1620 80 90 290 10 This study
(Iw)
Stenella 5, Blubber 70 <10 USAI
spp. (dw)
Risso’s 1, Skin 1130 464 Mediterrane
dolphin (dw) an Sead
(Grampus 2, Muscle 552 381 42 163 89 37  Canaries"
griseus)
Bottlenose 1, Skin 26068 1770 Mediterrane
dolphin (dw) an Sead
(Tursiops 2, Muscle 413 783 0 201 110 10  Canaries"
truncatus) 46, Blubber 4800 50400 UsS.i
(dw)
17/51/50, 1.9 5.4 us.j
Urine 4.57 451 uU.S.k!
(ng mLY) 0.17- u.s.m
76.6
Pilot whale 3, Liver 28 15.1 103.6 23.2 2.50 5.6 Faroef
(Globiceph (ww)
ala melas)
Short- 1, Muscle 969 335 0 732 81 12 Canaries"
finned
pilot whale
(Globiceph
ala
macrorhyn
chus)
Harbour 100, Liver 5.99 Norway"
porpoise (ww)
(Phocoena
phocoena)
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Pygmy 1, Muscle 664 102 0 181 47 213  Canaries"
sperm
whale
(Kogia
breviceps)
Kogiaspp 22, Blubber 170 1650 US.
(dw)
Fraser's 1, Muscle 552 330 98 72 67 28 Canariesh
dolphin
(Lagenodel
phis hosei)
White- 1, Blubber 1380 397400 US.
beaked (dw) 0
dolphin
(Lagenorh
ynchus
albirostris
Melon- 3, Blubber 500 <10 US.
headed (dw)
whale
(Peponoce
phala
electra)
Polar bear 12, Fat <10 <10 n.a. <37. <10 Svalbard®
(Ursus tissue 5
maritimus) (ww)
13, Plasma <0.8 <0.8 Svalbard®
(ww)
2, Liver 31 12.8 142.6 22.7 51.4 22 Greenland®
(ww)
Ringed 4, Liver 128. 7.3 117.2 21 3.7 7.6 Greenlandf
seal (ww) 6
(Phoca
hispida)
276 Fossi et al (2012);

277

279
280
281
282
283
284
285
286
287
288
289
290
291
292

293

a
b
278 CFossi et al (2016);
d
e

Fossi et al (2014);

Baini et al (2017) (also analysed MBzP, MBP, BBzP, DIOIP);
Routti et al (2021) (also assessed DMPP, DHxP, and DnNP, DnBP, DiBP, DiNP and DiDP in blubber of cetaceans and adipose tissue of polar bear; and

4.1 BP concentrations

MMP, MEOHP, MiBP, MnBP, MBzB, MEHHP in the blood plasma of polar bear);
fGarcia—Garin et al (2022),
9vorkamp et al (2004),
hMontoto Martinez et al (2021),
IPage-Karjian et al (2020) (they also analysed muscle samples from Mesoplodon spp, G. griseus and Z. cavirostris for BPA and DEP, which were not
Qetected);
JHart et al (2018) (also analysed MEOHP and MBP);
I(Hart et al, 2020 (also assessed MBP);
'Diobak et al (2021) (also assessed MBP, MBzP, MiBP, MEOHP, MEHHP, MMP),
sziobak et al (2022);
nRian et al (2020) (also assessed mIBP, mBP, PA, mMP, mHxP, mEHHP, mNP, mOP, mEOHP, mHpP, mBzP, mDP).
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Since its commercialization in the 1950s, BPA has been the most widely used BP during decades
(Staples et al, 1998). However, after several studies alerted about its adverse effects on reproduction,
development, and neural networks, as well as on the cardiovascular, metabolic, and immune systems
of living organisms, its use was discontinued for most applications in the European Union (EC,
2011/8/EU), as well as in Canada, United States, Japan, Brazil, China and Malaysia (Akhbarizadeh et
al, 2020). Industry soon after began to develop alternative compounds to replace it, and in 2016, 16
BP analogues were industrially applied, of which BPF, BPS and BPAF were the most widely used
(Chen et al, 2016). Due to their increased production and use, several of these compounds were soon
detected in foodstuff, household dust, and PCPs, and high concentrations were detected in both the

environment and human tissues (Pelch et al, 2019; Park et al, 2020).

In this study, we detected 6 of the 10 BPs analysed, which, in decreasing order of frequency, were:
BPZ, BPE, BPF, BPFL, BPA, BPP, and, in decreasing order of concentration: BPZ, BPE, BPA, BPFL,
BPP, BPF. Diet is the main intake route for marine mammals, which can ingest BPs either indirectly
through contaminated prey (i.e., fish or molluscs) and water, or directly from accidentally ingested
pieces of plastics, microplastics, or other materials that may release BPs during their degradation
(Nehring et al, 2017). In smaller proportions, marine mammals may also be exposed to these

contaminants through the inhalation of polluted air (Nehring et al, 2017).

According to our results, BPZ was the most common and most concentrated compound (mean 16.06,
range 0.12-94.9 ug g’!' Iw), followed by BPE (mean 0.67, range 0-6.17 pug g™ Iw), which was detected
in 90% of the samples, at slightly higher concentrations than the other four BP compounds detected.
Unfortunately, very little is known about the environmental concentration of both compounds. BPZ is
a component widely used in European countries for the manufacture of epoxy resins and polycarbonate
plastics, and has been detected in PCP (0.71-0.74 ng g™"), foodstuff (0.03-0.08 pg g), soft drinks (0.09

ng L) and human biomonitoring samples (0.06 pg L), as well as in indoor dust and sludge (at 0.001-
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0.5, and up to 1.8 ng g”!, respectively, Chen et al, 2016), which may explain its higher concentration
in all the analysed samples. On the other hand, BPE is used for polycarbonate and cyanate and epoxy
resins, and recent studies have shown that it is commonly detected in source and drinking water (0.83
ng L, Zheng et al, 2019), as well as in municipal sewage sludge (0.980 pg g, Sauer et al, 2021).
Moreover, according to Danzl et al (2009), BPE in seawater is slightly more resistant to biodegradation
than other compounds such as BPA, BPF or BPP, which may justify its presence in 90% of the samples

analysed.

The other four BPs were not detected in all the samples, as their lowest concentrations were below the
LOQ. Mean and maximum concentrations were below 1 pg g Iw for all these compounds, except for
BPA, which was only detected in three individuals, but whose maximum concentration was one order
of magnitude higher than BPP, BPFL and two orders of magnitude higher than BPF. Indeed, although
in Europe the use of BPA has been banned from several products, this compound is still widely
produced and has been found in surface waters (0.25 pg L', Zheng et al, 2019), sewage sludge (0.12—
6.50 pug g!, Sauer et al, 2021), bivalves, holothurians and fish from the Balearic Island, in the Western
Mediterranean Sea (0.29; 0.45 and 0.32 ug g!' ww, respectively, Rios-Fuster et al, 2022), samples of
herring gull feathers, Baltic grey seal fur, and human hair (0.1, 0.07 and 0.34 ug g, respectively,
Nehring et al, 2017), as well as in the few cetacean species analysed (Page-Karjian et al, 2020,
Montoto-Martinez et al, 2021), which also included 5 striped dolphins (Table 4). Ozhan and Kocaman
(2019) detected BPA levels in the highly anthropized waters of the Black Sea, Bosphorus, and Sea of
Marmara in a range of 8.85-14.76 ug L'!. However, BPA is rapidly degraded in seawater (Staples,
1998), where it can last only up to 30 days (Kang et al, 2007) and, similarly to other BPs, its excretion
rate in mammals is high (Kang et al, 2006), which possibly explains its low presence in the dolphins

analysed (i.e., 3 out of 30).
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BPFL was detected in almost half of the samples, at lower concentrations than all the previously
mentioned compounds. This compound is a novel BPA substitute used in the plastics industry as an
organic (fluorinate) synthesis intermediate (Zhang et al, 2021), and extensively applied to synthesize
polyesters, epoxy resins, polycarbonates, and in consumer products that are labelled BPA-free (Ozkan-
Kotiloglu et al, 2022). Aside from its detection in animal feeds (0.24 ng g”' dw, Wang et al, 2021) and
in environmental samples of water bodies and sediments (0.056-0.069 ng L', Jin and Zhu, 2016), the
information regarding this compound is very limited. However, its increasing use may be the reason

of its presence in almost half of the sampled dolphins.

Finally, mean BPP and BPF concentrations were similarly low, but while BPP was detected only in 2
samples (7%), BPF was detected in almost 70% of them. Indeed, BPF is widely applied for the
manufacture of lacquers, varnishes, liners, adhesives plastics, and water pipes, as well as in dental
sealants, oral prosthetic devices, tissue substitutes and coatings for food packaging (Chen et al, 2016).
Both compounds have been detected in foodstuff (e.g., 0.24 ng g' BPP, and 1.13 pg g' BPF,
respectively, in samples from mustard and ginger, Liao and Kannan, 2013), household dust (up to 2 ng
g BPP, and up to 1 pg g™! BPF, respectively, Chen et al, 2016), and PCPs (0.79-0.99 ng g'! BPP, and
0.820.99 ug g’! BPF, respectively, Chen et al, 2016), and BPF has also been detected in sewage sludge
(0-3.1 pg g, Sauer et al, 2021), surface water (0.2 ug L™, Chen et al, 2016, 0.002 ug L!, Zheng et al,
2019; 0-0.075 pg L', Sauer et al, 2021), marine fish (0.005 ug g' ww, 0.001 ug g'! dw, Akhbarizadeh
et al, 2020), in bivalves, holothurians and fish in the Cabrera archipelago, not far from our sampling
area (0.29, 0.1 and 0.1 pg g™' ww, respectively, Rios-Fuster et al, 2022) and in the cetacean species
analysed by Montoto-Martinez et al (2021, Table 4). According to Danzl et al (2009), BPF in seawater
is more biodegradable than BPP, which may explain its lower concentrations, while its higher
frequency of detection may be justified by its wider use and applications. On the other hand, BPP is

one of the few BP analogues with a log Kow value higher than 5 (Chen et al, 2016), which indicates a
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tendency to accumulate in tissues, and thus be a liable factor contributing to the relatively higher

concentration found in the two samples where it was detected.

The scarcity of literature regarding environmental concentrations of BP compounds, especially in the
Mediterranean waters, as well as the almost totally lacking data on their concentration in marine
wildlife, and particularly cetaceans, prevents any comparison or further speculation on the
environmental factors determining the concentrations detected. Furthermore, the variety of tissues
analysed within the available studies on marine mammals, only allows a qualitative comparison
between the concentrations detected in the different cetacean species or geographical regions.
However, even at low concentrations, the presence of several BP compounds in often a large proportion
of the individuals analysed indicates that Mediterranean dolphins are somehow exposed to these
contaminants. Some of the BPs detected in the muscle of striped dolphins were also detected in the
Mediterranean waters, and bivalve, holothurians, and fish (Errico et al, 2017; Ozhan and Kocaman,
2019; Rios-Fuster et al, 2022) from the NW Mediterranean Sea. Interestingly, the concentrations found
by these authors were generally higher than those found here. The scattered nature of these data and
the different measurement methods applied prevent from assessing the potential occurrence of
bioconentration or biomagnification of these pollutants. However, despite tissue levels of pollutants
may vary depending on their chemical properties and the species/individual metabolism, the presence
of BPs in the dolphin tissues can only be attributed to the pollution of the Mediterranean seawater,
either from plastic waste, industrial and domestic effluents, landfill wastes, and/or atmospheric

deposition.

4.2 PAE concentrations

DEHP was the first PAE to be synthesized, in the 1930s, for its application as a plasticizer for the
newly developed hard PVC (Graham, 1973). Since then, the industry of PAEs grew and diversified

along with their applications, which range from home furnishings to transportation, construction,
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apparel, food, PCP, and the medical industry (Graham, 1973). However, research demonstrated that
also PAEs can leach from plastics to the environment and that the exposure to these chemicals can
produce toxic effects (Warner and Flaws, 2018). Several PAE compounds, such as DEHP, DBP and
DIBP, have been included as hazardous for the environment in the European REACH regulation to
protect human health from chemical risks (EU 1907/2006), and their use has been banned in the EU
from a number of applications (Net et al, 2015). They have also been included, along with a few others,
in the list of priority hazardous pollutants in China and the USA (CPSC, 2018), and are already subject
to some restrictions in the USA. Although the use of PAE has declined, they still make up over 55%
of world plasticizers, which are consumed at a growing rate of 3.5% per year (IHSMarkit, 2020) and

are thus expected to end up in large quantities in the marine environment.

The analysis of PAEs is challenging, because the sample manipulation and the use of organic solvent
may lead to possible contamination of the samples and/or of the laboratory environment (Panio et al,
2020). In this study, we detected 6 of the 13 PAEs analysed, which in decreasing order of frequency,
were: DEP, DBP, DEHP, DMP, DCHP, DNOP, and, in decreasing order of concentration: DBP, DEHP,
DEP, DCHP, DNOP, DMP. Marine mammals are exposed to PAEs mainly through the ingestion of
materials that may release these compounds once they are made bioavailable by digestive surfactants
(Teuten et al, 2007), or through contaminated food, water and air. However, as PAEs are rapidly
degraded in the environment (Xie et al, 2007) and metabolised by living organisms (Mackintosh et al,
2004), and they do not appear to biomagnify in aquatic food webs (Mackintosh et al, 2004; Routti et

al, 2021), exposure through prey ingestion is expected to be limited (Hart et al, 2020).

In the NW Mediterranean Sea, PAE concentrations have been found to range from 100 to 527 ng L"!
in seawater, from 12 to 610 ng g' dw in sediment, and from 0.9 to 47 pg g dw in zooplankton
(Schmidt et al, 2021). Consistently with Garcia-Garin et al (2022) and Montoto-Martinez et al (2022),

the only two studies assessing PAEs in cetacean muscle, our results showed a high variability of the
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overall individual PAE concentrations, and identified DEHP, DEP and DBP as the most common and
most concentrated compounds. Indeed, these compounds are among the most frequently detected PAEs

in surface waters (Net et al, 2015; Hart et al, 2020).

DEHP has been detected in the Mediterranean waters of the Gulf of Marseille at concentrations ranging
from 15.8 to 923.8 ng L! (Paluselli et al, 2018), and was the more abundant PAE compound observed
in the surface sediments across the Gulf of Lion (Alkan et al, 2021). It was detected in the gonads of
sea urchins from Sardinia (17 ng g!, Raguso et al, 2022), in bivalves, holothurians and fish from the
Balearic Islands (mean 2.58, 1.48 and 0.88 pg g! ww, respectively, Rios-Fuster et al, 2022) and in
biopsies taken from cetaceans (including two striped dolphins) in the Pelagos Sanctuary (Baini et al,
2016), where high concentrations of this compound and its metabolites were also detected in marine
neuston and plankton samples (Fossi et al, 2012; Baini et al, 2016). DEHP was also detected in the
cetacean samples analysed by Vorkamp et al (2004), Routti et al (2021), and Montoto-Martinez et al
(2021) in the North Atlantic Ocean (Table 4). As this compound is the most widely used to increase
flexibility of plastics (especially PVC), representing in 2015 over 35% of the global plasticizer market
(Routti et al, 2021), it is also the most studied, along with its metabolites. Given that DEHP has low
solubility in water and preferentially partitions to suspended particles and sediments, it is prone to
bioaccumulate in lipid-rich tissues and to biomagnify along marine food webs, the main exposure for
marine mammals happens through the food (Dziobak et al, 2021; Routti et al, 2021). These combined

factors may explain why this compound was detected at the highest concentrations in our samples.

On the other hand, studies on low molecular weight PAEs, such as DBP and DEP, in the tissues of
aquatic organisms are scarcer. Indeed, these compounds have been reported to accumulate at low level
in aquatic species (Net et al, 2015), and their half-life is short both in the marine environment (i.e.,
over 90% degradation within a week, Staples et al, 1997) and in fish tissues (Net et al, 2015). DEP was

detected in the waters of Marseille Bay at concentrations ranging from 3.3 to 50 ng L' (Paluselli et al,
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2018), in a small proportion of sediment samples from the Gulf of Lion (Alkan et al, 2021), in bivalves,
holothurians and fish from the Balearic Islands (0.54, 0.49 and 0.17 pg g!' ww, respectively, Rios-
Fuster et al, 2022), in 40% of the samples of cetacean muscle analysed by Montoto-Martinez et al
(2021), as well as in the tissues of the dolphins analysed by Page-Karijan et al (2020) and in the muscle
of the fin whales analysed by Garcia-Garin et al (2022). DBP was detected in the gonads of sea urchins
from Sardinia (10 ng g™, Raguso et al, 2022), in bivalves, holothurians and fish from the Balearic
Islands (0.78, 1.24, 0.72 pg g' ww, respectively, Rios-Fuster et al, 2022), and in the samples of
cetacean muscle analysed by Montoto-Martinez et al (2021) and Garcia-Garin et al (2022) (Table 4).
The concentrations found in these studies were of comparable order of magnitude as those we detected,
despite not all the cited studies analysed the same tissues, which prevents a rigorous comparison of
concentrations, and the frequency of detection varied among studies and species, probably indicating
that, while the metabolism of this compound is similar among cetacean species, its level of exposure
varies between geographical areas. Its metabolite, MEP, was also detected in the samples of dolphin
urine analysed by Hart et al (2018, 2020) and in the liver of harbour porpoises (Rian et al, 2020; Table

4).

DMP is also a low molecular weight PAE, which is used, along with DBP and DEP, as a component
of industrial solvents, adhesives, waxes, inks, insecticides, PCPs and pharmaceutical products (Net et
al, 2015). This compound was detected in the waters of the Marseille Bay at concentrations ranging
between 0.8 and 11.9 ng L' (Paluselli et al, 2018) and in the sediments of the Gulf of Lion (Alkan et
al, 2021). We detected this compound in half of our samples, at very low concentrations, similar to
those detected in the liver of ringed seals and polar bears by Vorkamp et al (2004), and in the muscle
of fin whales by Garcia-Garin et al (2022), who observed it in a higher proportion of samples (Table
4). Rian et al (2021) also detected the presence of its metabolite, mMP, in the liver of 69% of the 100
harbour porpoises they analysed. The apparent lower prevalence of this compound in our and other

Mediterranean samples, as compared to those from other areas, is likely related to different rates of
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DMP deposition in the Mediterranean Sea than in the Atlantic Ocean, which could be the result of

lower rates of production and use in the countries bordering the Mediterranean Sea.

Paluselli et al (2018) highlighted that the origin and aging of plastic materials may affect the
concentration of PAEs in both the seawater and the guts of marine organisms. Moreover, while
compounds like DEHP are denser than seawater and thus subject to sinking, phthalates can also leach
from positively buoyant polymers such as polyethylene (PE), polypropylene (PP), and polystyrene
(PS) (Paluselli et al, 2019). Thus, the highly variable concentrations detected, and the variability found
among studies may not only derive from different environmental deposition rates among compounds,
but also from different feeding habits of the cetacean species or of the individuals analysed (i.e., pelagic
vs benthic), along with the intrinsic differences related to the assessment of these pollutants in different

tissues.

Finally, DCHP and DNOP were only detected in 4 and 2 dolphins analysed, respectively, at lower
concentrations than most other compounds. To our knowledge, the only study reporting these
compounds in a cetacean tissue is that from Garcia-Garin et al (2022), which detected DCHP in one
of the fin whale muscle samples analysed, while this compound was below the limit of quantifications
in the marine mammal samples analysed by Routti et al (2020) (Table 4). This result might indicate
that the exposure to these contaminants in the marine environment is relatively low, but the scarce

literature available prevents from relating the levels found to the local uses and production rates.

4.3 Influence of biological traits

Sex

None of the single BP or PAE compounds analysed was detected at significantly different
concentrations in samples from adult males and females. This result is consistent with the few

publications analysing these compounds in mammals of different sex, including marine mammals and
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clinical studies in humans. Published research is consistent in stating that these compounds do not
bioaccumulate in tissues; on the contrary, they are largely excreted through the urine, faeces, bile, hair
or fur (Kang et al, 2006; Chen et al, 2016; Nehring et al, 2017). Dziobak et al (2021) and Rian et al
(2020) also showed that the concentrations of phthalate metabolites in the urine and liver of odontocete
species do not differ between sexes. However, the metabolism of each compound may vary according
to its chemical characteristics, as well as to individual variables and habits like the diet (Akhbarizadeh
et al, 2020). In humans, diet, lifestyle, and other individual habits, were proven to be the main factors
determining different metabolite concentrations in males and females (e.g., Hartmann et al, 2015;
Huang et al, 2015; Silva et al, 2004). Moreover, the metabolism of female mammals often differs from
that of males as a consequence of their hormone cycle, pregnancy, and lactation, which can affect the
concentration of contaminants in their tissues (Aguilar et al, 1999). Indeed, laboratory studies show
that female rats metabolize BPA faster than males, and different BPA concentrations have been found
in the human serum, as a consequence of differences in the androgen-related metabolism (Kang et al,
2007). These factors may also explain why, although the concentration of none of the compounds was
significantly different between sexes, the summation of all PAE compound concentrations was overall
higher in samples from males than in those from female dolphins. However, given the limited number

of samples used to perform this analysis, this result is to be interpreted with caution.

Maturation stage

In contrast with certain organic compounds such as PCBs and chlorinated pesticides that show age-
related accumulation in cetaceans (e.g., Tanabe et al, 1987), neither BPs nor PAEs tend to
bioaccumulate in animal tissues. Indeed, most of the few studies that assessed potential variations of
these compounds with the size or age of marine mammals did not detect any specific trend (e.g.,
Garcia-Garin et al, 2022, Montoto-Martinez et al, 2021). Our results showed no significant difference

between sexually mature and immature dolphins, with the exception of DMP, whose concentrations
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were higher in samples from immature individuals. Indeed, out of the 15 samples analysed from the
2014-2018 period, this compound was only detected in three immature females, while its concentration
was below the LOQ in all the remaining samples from this period. Although the statistical significance
of the test is likely weak due to the limited number of samples, other authors have shown that adult
mammals tend to have a more efficient metabolism of some contaminants than immature specimens.
Indeed, Rian et al (2020) found that the concentration of a common metabolite of PAE, the phthalic
acid (PA), decreased with body length in dolphins, and Hart et al (2021) found that mean
concentrations of the overall PAE analysed and of MEHP were higher in calves than in adult dolphins,
possibly reflecting a more efficient biotransformation process of these compounds in adult individuals.
Maternal transfer during pregnancy and through lactation may also increase pollutant concentrations
in newborn or calf mammals (e.g., Borrell et al 1995; Addison and Brodie, 1977; Borrell and Aguilar
2005; Fouin et al, 2012; Barbosa et al, 2018); however, this phenomenon has only been reported for
human milk and the more lipophilic phthalate diesters and metabolites, such as DEHP/MEHP, while
information on this regard for marine mammals is absent. As both BPs and PAEs are rapidly
metabolized and do not bioaccumulate in tissues, we believe unlikely that this process is relevant to
explain our results. Rather, the exposure to chemicals between adult and immature dolphins may be
influenced by dissimilarities in their diet, physiology and/or activity levels, as suggested by Hart et al

(2018) and Rian et al (2020).

4.3 Influence of year of death

The increased demand of plastic, and plastic-related materials, has led the production of plastic
additives such as BP and PAE:s to raise exponentially during the past decades (Net et al, 2015). Indeed,
PAEs production reached 8 million tons in 2011, and in 2020 PAEs made up 55% of the world
consumption of plasticizers (IHSMarkit, 2021). Given such a wider production, a higher amount of

these compounds is expected to reach the seas, either directly from spills during the production process,
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or in the form of leachates dispersed from the large quantities of plastic or plastic-related items that
increasingly pollute the seas (Jambeck et al., 2015). However, the high liability of these compounds
limits their environmental persistence, and, indeed, according to several authors, atmospheric PAE
concentration in the North Atlantic did not change substantially from the 1970s (Giam et al, 1978;
Atlas and Giam, 1981; Bohlin-Nizzetto et al, 2018). Consistently, Garcia-Garin et al (2022) did not
detect any significant temporal trend between 1986 and 2015 in the concentration of PAE compounds

in samples of fin whale muscle.

Although our temporal analyses were based only on 24 samples and thus the observed trends must be
interpreted with caution, in line with the above findings, the concentrations of most compounds did
not vary significantly during the three periods (1990, 2007-2008 and 2014-2018), with the exception
of two BP and two PAE compounds. Interestingly, the concentration of three (BPE, DEP, DMP)
compounds showed a significant decreasing temporal trend, while concentrations of BPFL showed a
significant increase in the most recent samples. Indeed, the concentrations of BPFL were higher than
the LOQ only in one sample from the 90s, and in two samples from the 2007-2008 period, while they
were above the limit in most of samples from the 2014-2018 period. This result might be explained by
the relative novelty of this compound, which only began to be produced and used massively as a
replacement of BPA in the so-called “BPA-free” products (Ozkan-Kotiloglu et al, 2022), once the use
of BPA as additive was banned in numerous products in several countries and in the EU in the early

2010s.

BPE, in turn, was detected in 90% of samples, independently of the period, but its concentrations
showed a slightly decreasing trend, with the lowest concentrations occurring in the most recent samples
and the peak of concentrations detected in two samples from the 2007-2008 period. The slightly higher
persistence of this compound (Danzl et al, 2009) likely justifies its detection in most samples, however,

as little is known on its trends of production and use, we may only assume that this compound,
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commonly used in cyanate resins (Zheng et al, 2019), has been recently replaced by other analogues

and is reaching the Mediterranean waters in reducing quantities.

Similarly, DMP was detected, although at very low concentrations, in all samples from the 1990s, at
slightly higher concentrations in only three samples from the 2007-2008 period, and again at very low
concentrations in only three samples from immature individuals from the 2014-2018 period. Finally,
DEP was detected in a consistent proportion of the individuals analysed from the three periods, but its
concentrations were substantially and significantly lower in the samples from the 2014-2018 period
than in those from the two earlier periods. Both compounds have been included in the lists of priority
pollutants in USA, EU and China (Net et al, 2015), which may imply that the rates at which they are
produced and used are every time more restricted. Indeed, while the market of high molecular weight
PAEs has kept generally steady in Europe, that of low molecular weight PAEs such as DMP and DEP
has been decreasing since the beginning of the 2000s: in 2017, low molecular weight PAEs still
represented 40% of the global plasticizers market, but only 11% of the European one (IHSMarkit,
2021). The limited number of samples hampers a proper interpretation of results also in this case.
However, given the low persistence of these compounds in the marine environment, in contrast to the
behaviour of persistent organic pollutants that exhibit very slow decline in concentrations in cetacean
tissues (Loganathan et al, 1990), the lower frequency and concentrations observed in the most recent

samples might reflect a recent shift in the commercial production of these PAEs.

Indeed, our sampling period spans almost three decades, during which there have been significant
changes in the production and use of these chemicals. However, the observed temporal variability may
also be the result of the degradation of certain compounds (biodegradation or photodegradation), while
the non-detection of certain other compounds could be related to the presence of possible unknown

metabolites.

4.4 Implications for the Mediterranean striped dolphin population
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The Mediterranean striped dolphin is currently classified by the [IUCN red list under the “least concern”
category (IUCN, 2019). However, this population has experimented a series of mortality events, during
1990-1992, and 2006-2007, related with morbillivirus epizootics (Aguilar and Raga, 1993; Domingo
et al, 1990; 1995; Keck et al, 2010), and its individuals are known to carry in their tissues extremely
high levels of pollutants (Aguilar and Borrell, 1994; Aguilar, 2000). While, in principle, there should
be no direct correlation between contaminant burden and morbillivirus, it might be possible that
individuals suffering from heavy contamination have a weaker immune system and thus are more
susceptible to contract a virus. Unfortunately, this possibility could not be addressed here; however,
the concentrations we detected were relatively low and most probably did not have any health effect
on the dolphins. Despite the tissue concentration of organochlorine pollutants and mercury in striped
dolphins have shown decreasing trends (Aguilar and Borrell, 2005; Borrell et al, 2014), and the
concentration of plastics ingested by Mediterranean striped dolphins is generally low (Novillo et al,
2020), the main threat for this species in the Mediterranean is still associated with marine pollution
(IUCN, 2019). Indeed, the extreme anthropization of the basin causes these animals to be constantly
and increasingly exposed to a mixture of pollutants and subject to a variety of stress factors (Marsili
et al, 2018; Aznar-Alemany et al, 2021). Although the detected concentrations do not appear to be
concerningly high, and neither BPs nor PAEs seem to bioaccumulate in the tissues of dolphins, the
long-term exposure to these chemicals, combined with other multiple stressors, may potentially
produce adverse effects to long living animals such as cetaceans (Hart et al, 2020, Dziobaak et al,

2022).

Conclusions

Our results provide the first assessment of a number of BP analogues and PAE compounds in the
muscle of an odontocete cetacean, and indicate that Mediterranean dolphins are exposed to these

pollutants. While no significant relation was detected between the concentration of these compounds
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and the dolphins’ biological traits (sex and sexual maturation), some temporal trends emerged. The
limited number of samples available (n=30) allows only a partial interpretation of results, however, the
observed trends might reflect a shift in the commercial production and use of some BP and PAE
compounds, and the detected values contribute to enlarge the limited knowledge base on their levels
in the marine fauna. Given the increasing rate of production and use of these compounds, and the
scarce information regarding their presence in the marine environment, it is of utterly importance to
continue investigating their levels in sensitive marine fauna like cetaceans, along with their sources,

intake routes, metabolism, and potential long-term effects.

Acknowledgements

Authors are grateful to the FSE “El FSE invierte en tu futuro” and the Fundacié Montcelimar —
Universitat de Barcelona for supporting O. Garcia-Garin with a Ph.D. FPU scholarship (FPU17/00073)

and a mobility grant.

References

Addison, R.F., Brodie, P.F. 1977. Organochlorine Residues in Maternal Blubber, Milk, and Pup
Blubber from Grey Seals (Halichoerus grypus) from Sable Island, Nova Scotia. Journal of the

Fisheries Research Board of Canada 34,7, 937-941. D0i:10.1139/f77-146.

Aguilar, A. 2000. Population biology, conservation threats and status of Mediterranean striped

dolphins (Stenella coeruleoalba). Journal of Cetacean Research and Management 2,1,17-26.

Aguilar, A., and Borrell, A. 1994. Abnormally high polychlorinated biphenyl levels in striped dolphins
(Stenella coeruleoalba) affected by the 1990-1992 Mediterranean epizootic. Science of the Total

Environment 154,2-3, 237-247.

32



626

627

628

629

630

631

632

633

634

635

636

637

638

639

640

641

642

643

644

645

646

Aguilar, A., Borrell, A., Pastor, T. 1999. Biological factors affecting variability of persistent pollutant

levels in cetaceans. Journal of Cetacean Research and Management 83-116.

Aguilar, A., Borrell, A., 2005. DDT and PCB reduction in the western Mediterranean from 1987 to
2002, as shown by levels in striped dolphins (Stenella coeruleoalba). Marine Environmental

Research 59, 4, 391-404. D0i:10.1016/j.marenvres.2004.06.004

Aguilar, A., Raga, J.A. 1993. The striped dolphin epizootic in the Mediterranean Sea. Ambio 22, 8,

524-528.

Akhbarizadeh, R., Moore, F., Monteiro, C., Fernandes, J.O., Cunha, S.C. 2020. Occurrence, trophic
transfer, and health risk assessment of bisphenol analogues in seafood from the Persian Gulf.

Marine Pollution Bulletin 154, 111036, https://doi.org/10.1016/j.marpolbul.2020.111036.

Alkan, N., Alkan, A., Castro-Jiménez, J., Royer, F., Papillon, L., Ourgaud, M., Sempéré, R. 2021.
Environmental occurrence of phthalate and organophosphate esters in sediments across the Gulf
of Lion (NW Mediterranean Sea). Science of The Total Environment 760, 143412,

https://doi.org/10.1016/j.scitotenv.2020.143412.

Atlas, E., Giam, C.S. 1981. Global Transport of Organic Pollutants: Ambient Concentrations in the

Remote Marine Atmosphere. Science 211, 163-165.

Aznar-Alemany, O., Sala, B., Jobst, K.J., Reiner, E.J., Borrell, A., Aguilar, A., Eljarrat, E. 2021.
Temporal trends of halogenated and organophosphate contaminants in striped dolphins from the

Mediterranean Sea. Science of The Total Environment 753, 142205.

Baini, M., Martellini, T., Cincinelli, A., Campani, T., Minutoli, R., Panti, C., Finoia, M.G., Fossi, M.C.

2017. First detection of seven phthalate esters (PAEs) as plastic tracers in superficial

33


https://doi.org/10.1016/j.marpolbul.2020.111036
https://doi.org/10.1016/j.scitotenv.2020.143412

647

648

649

650

651

652

653

654

655

656

657

658

659

660

661

662

663

664

665

666

667

668

neustonic/planktonic samples and cetacean blubber. Analytical Methods 9,9, 1512-1520.

https://doi.org/10.1039/c6ay02674¢

Barbosa, A.P.M., Méndez-Fernandez, P., Dias, P.S., Santos, M.C.O., Taniguchi, S., Montone, R.C.
2018. Transplacental transfer of persistent organic pollutants in La Plata dolphins (Pontoporia
blainvillei; Cetartiodactyla, Pontoporiidae). Science of The Total Environment 1,631-632,239-

245. Doi: 10.1016/j.scitotenv.2018.02.325.

Basak, S., Das, M.K., Duttaroy A.K. 2020. Plastics derived endocrine-disrupting compounds and their

effects on early development. Birth Defects Research 112, 1308-1325, 10.1002/bdr2.1741.

Ben Sghaier, R., Net, S., Ghorbel-Abid, I, Bessadok, S., Le Coz, M., Ben Hassan-Chehimi, D.,
Trabelsi-Ayadi, M., Tackx, M., Ouddane, B. 2017. Simultaneous detection of 13 Endocrine
Disrupting Chemicals in Water by a combined of SPE-BSTFA Derivatization and GC-MS in
transboundary rivers (France-Belgium). Water, Air, & Soil Pollution 228, 2. DOI

10.1007/s11270-016-3195-2.

Benjamin, S., Masai, E., Kamimura, N., Takahashi, K., Anderson, R.C., Faisal, P.A. 2017. Phthalates
impact human health: epidemiological evidences and plausible mechanism of action. Journal of

Hazardous Materials 340, 360—383. https://doi.org/10.1016/j. jhazmat.2017.06.036.

Bohlin-Nizzetto, P., Aas, W., Nikiforov, V. 2018. Monitoring of environmental contaminants in air

and precipitation. Annual report 2014. https://nilu.brage.unit.no/nilu-

xmlui/handle/11250/2611257

Borrell, A., Bloch, D., Desportes, G. 1995. Age trends and reproductive transfer of organochlorine
compounds in long-finned pilot whales from the Faroe Islands. Environmental Pollution, 88, 3,

283-292.

34


https://doi.org/10.1039/c6ay02674e
https://doi/
https://nilu.brage.unit.no/nilu-xmlui/handle/11250/2611257
https://nilu.brage.unit.no/nilu-xmlui/handle/11250/2611257

669

670

671

672

673

674

675

676

677

678

679

680

681

682

683

684

685

686

687

688

689

Borrell, A., Aguilar, A. 2005 Mother-calf transfer of organochlorine compounds in the common
dolphin (Delphinus delphis). Bulletin of environmental contamination and toxicology, 75, 1, 149-

156.

Borrell, A., Aguilar, A., Tornero, V., Drago, M. 2014. Concentrations of mercury in tissues of striped
dolphins suggest decline of pollution in Mediterranean open waters, Chemosphere, 107, 319-323,

https://doi.org/10.1016/j.chemosphere.2013.12.076.

Consumer Product Safety Commission (CPSC) 2018. Prohibition of Children’s Toys and Child Care
Articles Containing Specified Phthalates; 16 CFR Part 1307; Consumer Product Safety

Commission (CPSC): Bethesda, MA, USA, 2018.

Domingo M., Ferrer L., Pumarola M., Marco A. 1990. Morbillivirus in dolphins. Nature 348, 21.

Domingo, M., Vilafranca, M., Visa, J., Prats, N., Trudgett, A., Visser, . 1995. Evidence for chronic
morbillivirus infection in the Mediterranean striped dolphin (Stenella coeruleoalba). Veterinary

Microbiology 44, 2-4, 229-239. https://doi.org/10.1016/0378-1135(95)00016-4.

Dziobak, M.K., Wells, R.S., Pisarski, E.C., Wirth, E.F., Hart, L.B. 2021. Demographic Assessment of
Mono(2-ethylhexyl) Phthalate (MEHP) and Monoethyl Phthalate (MEP) Concentrations in
Common Bottlenose Dolphins (Tursiops truncatus) From Sarasota Bay, FL, USA. GeoHealth 5,

1-13. https://doi.org/10.1029/2020GH000348

Dziobak, M.K.; Wells, R.S.; Pisarski, E.C.; Wirth, E.F.; Hart, L.B. A Correlational Analysis of
Phthalate Exposure and Thyroid Hormone Levels in Common Bottlenose Dolphins (Tursiops
truncatus) from  Sarasota Bay, Florida (2010-2019). Animals 12, 824.

https://doi.org/10.3390/ani12070824.

35


https://doi.org/10.1016/j.chemosphere.2013.12.076
https://doi/
https://doi.org/10.1029/2020GH000348
https://doi.org/10.3390/ani12070824

690

691

692

693

694

695

696

697

698

699

700

701

702

703

704

705

706

707

708

709

710

711

712

Errico, S., Nicolucci, C., Migliaccio, M., Micale, V., Mita, D.G., Diano, N. 2017. Analysis and
occurrence of some phenol endocrine disruptors in two marine sites of the northern coast of Sicily
(1taly). Marine Pollution Bulletin 120, 1-2, 68-74.

https://doi.org/10.1016/j.marpolbul.2017.04.061.

European Commission. Commission directive 2011/8/EU of 28 January 2011 amending directive
2002/72/EC as regards the restriction of use of bisphenol A in plastic infant feeding bottles.

Official Journal of the European Union 10-05-2013.

Fossi, M.C., Coppola, D., Baini, M., Giannetti, M., Guerranti, C., Marsili, L., Panti, C., de Sabata, E.,
Clo, S. 2014. Large filter feeding marine organisms as indicators of microplastic in the pelagic
environment: The case studies of the Mediterranean basking shark (Cetorhinus maximus) and fin
whale  (Balaenoptera  physalus). Marine  Environmental Research 100, 17-24.

https://doi.org/10.1016/j.marenvres.2014.02.002

Fossi, M.C., Marsili, L., Baini, M., Giannetti, M., Coppola, D., Guerranti, C., Caliani, 1., Minutoli, R.,
Lauriano, G., Finoia, M.G., Rubegni, F., Panigada, S., Bérubé, M., Urban Ramirez, J., Panti, C.
2016. Fin whales and microplastics: The Mediterranean Sea and the Sea of Cortez scenarios.

Environmental Pollution 209, 68—78. https://doi.org/10.1016/j.envpol.2015.11.022

Fossi, M. C., Panti, C., Guerranti, C., Coppola, D., Giannetti, M., Marsili, L., Minutoli, R. 2012. Are
baleen whales exposed to the threat of microplastics? A case study of the Mediterranean fin whale
(Balaenoptera  physalus).  Marine  Pollution  Bulletin 64, 11,  2374-2379.

https://doi.org/10.1016/j.marpolbul.2012.08.013

Frouin, H., Lebeuf, M., Hammill, M., Fournier, M. 2012. Transfer of PBDEs and chlorinated POPs
from mother to pup during lactation in harp seals “Phoca groenlandica”. Science of the Total
Environment 417-418, 98-107. D0i:10.1016/j.scitotenv.2011.11.084

36


https://doi.org/10.1016/j.marpolbul.2017.04.061
https://doi/
https://doi/
https://doi/

713

714

715

716

717

718

719

720

721

722

723

724

725

726

727

728

729

730

731

732

733

734

Garcia-Garin, O., Sala, B., Aguilar, A., Vighi, M., Vikingsson, G.A., Chosson, V., Eljarrat, E, Borrell,
A. 2020. Organophosphate contaminants in North Atlantic fin whales. Science of the Total

Environment 721, 137768. https://doi.org/10.1016/j.scitotenv.2020.137768.

Garcia-Garin, O., Sahyoun, W., Net, S., Vighi, M., Aguilar, A., Ouddane, B., Vikingsson, G.A.,
Chosson, V., Borrell, A., 2022. Intrapopulation and temporal differences of phthalate
concentrations in North Atlantic fin whales (Balaenoptera physalus) Chemosphere 300.

134453https://doi.org/10.1016/j.chemosphere.2022.134453.

Geyer, R., Jambeck, J. R., Law, K.L. 2017. Production, use, and fate of all plastics ever made. Science

Advances 3, 7, 25-29. https://doi.org/10.1126/sciadv.1700782

Giam, C.S., Chan, H.S., Neff, G.S., Atlas, E.L. 1978. Phthalate ester plasticizers: A new class of marine

pollutant. Science 199,27, 419-420.

Graham, P.R. 1973. Phthalate ester plasticizers—why and how they are used. Environmental Health

Perspectives 3, 3-12.

Han, Y., Fei, Y., Wang, M., Xue, Y., Chen, H., Liu, Y. 2021. Study on the joint toxicity of BPZ, BPS,

BPC and BPF to Zebrafish. Molecules 26, 4180. https://doi.org/10.3390/molecules26144180

Hart, L. B., Beckingham, B., Wells, R. S., Alten Flagg, M., Wischusen, K., Moors, A., Kucklick, J.,
Pisarski, E., Wirth, E. 2018. Urinary Phthalate Metabolites in Common Bottlenose Dolphins
(Tursiops truncatus) From Sarasota Bay, FL, USA. GeoHealth 2, 10, 313-326.

https://doi.org/10.1029/2018gh000146

Hart, L. B., Dziobak, M.K., Pisarski, E. C., Wirth, E.F., Wells, R.S. 2020. Sentinels of synthetics — a
comparison of phthalate exposure between common bottlenose dolphins (7ursiops truncatus) and
human reference populations. PloS ONE 15, 1-16. https://doi.org/10.1371/journal.pone.0240506

37


https://doi/
https://doi/
https://doi/
https://doi/
https://doi/

735

736

737

738

739

740

741

742

743

744

745

746

747

748

749

750

751

752

753

754

755

756

Hartmann, C., Uhl, M., Weiss, S., Koch, H.M., Scharf, S., Kénig, J. 2015. Human biomonitoring of
phthalate exposure in Austrian children and adults and cumulative risk assessment. International
Journal of Hygiene and Environmental Health 218, 5, 489-4909.

https://doi.org/10.1016/j.ijheh.2015.04.002

Huang, P.C., Tsai, C.H., Liang, W.Y., Li, S.S., Pan, W.H., Chiang, H.C. 2015. Age and gender
differences in urinary levels of eleven phthalate metabolites in general Taiwanese population after

a DEHP episode. PloS ONE 10, 7, 1-17. https://doi.org/10.1371/journal.pone.0133782

IHSMarkit, 2021. Chemical Economics handbook — Plasticizers. Technical report. HIS Markit,

London, UK.

IUCN. 2019. The IUCN Red List of Threatened Species. Version 2019-1. Available at:

www.iucnredlist.org. (Accessed: 31 August 2022).

Jambeck, J.R., Geyer, R., Wilcox, C., Siegler, T.R., Perryman, M., Andrady, A., Law, K.L. 2015.
Plastic waste inputs from land into the ocean. Science 347, 6223, 768-771.

https://doi.org/10.1126/science.1260352

Jin, H., Zhu, L. 2016. Occurrence and partitioning of bisphenol analogues in water and sediment from
Liaohe River Basin and Taihu Lake, China, Water Research 103, 343-351,

https://doi.org/10.1016/j.watres.2016.07.059.

Kang, J.H., Katamaya, Y., Kondo, F. 2006. Biodegradation or metabolism of bisphenol A: From

microorganisms to mammals. Toxicology, 217, 81-90.

Kang, J.H., Aasi, D., Katayama, Y. 2007. Bisphenol A in the aquatic environment and its endocrine-
disruptive effects on aquatic organisms. Critical Reviews in Toxicology 37, 607-625. DOI:
10.1080/10408440701493103.

38


https://doi/
https://doi.org/10.1371/journal.pone.0133782
http://www.iucnredlist/
https://doi/
https://doi.org/10.1126/science.1260352
https://doi/

757

758

759

760

761

762

763

764

765

766

767

768

769

770

771

772

773

774

775

776

777

778

Keck, N., Kwiatek, O., Dhermain, F., Dupraz, F., Boulet, H., Danes, C., Laprie, C., Perrin, A., Godenir,
J., Micout, L. 2010. Resurgence of Morbillivirus infection in Mediterranean dolphins off the

French coast. The Veterinary Record 166, 654.

Koelmans, A.A., Besseling, E., Foekema, E.M. 2014. Leaching of plastic additives to marine

organisms. Environmental pollution 187, 49-54. http://dx.doi.org/10.1016/j.envpol.2013.12.013

Krahn, M.M., Ylitalo, G.M., Stein, J.E., Aguilar, A., Borrell, A. 2003. Organochlorine contaminants
in cetaceans: how to facilitate interpretation and avoid errors when comparing datasets. Journal

of Cetacean Research and Management 5, 2, 103-113.

Lambert, C., Authier, M., Dorémus, G., Laran, S., Panigada, S., Spitz, J., Van Canneyt, O., Ridoux,
V. 2020. Setting the scene for Mediterranean litterscape management: the first basin-scale
quantification and mapping of floating marine debris. Environmental Pollution, 263, 114430.

10.1016/j.envpol.2020.114430

Lee, S, Liao, C., Song, G.J.,, Ra, K., Kannan, K., Moon, H.B. 2015. Emission of bisphenol analogues
including bisphenol A and bisphenol F from wastewater treatment plants in Korea. Chemosphere

119, 1000-1006.

Li, Y., Perea, L., Coons, L.A., Burns, K.A., Ramsey, J.T., Pelch, K.E., Houtman, R., van Beuningen,
R., Teng, C.T., Korach, K.S. 2018. Differential in vitro biological action, coregulator interactions,
and molecular dynamic analysis of Bisphenol A, BPA, BPAF and BPS Ligant-ERa complexes.

https://doi.org/10.1289/EHP2505

Liao, C., Kannan, K. 2013. Concentrations and profiles of bisphenol A and other bisphenol analogues
in foodstuffs from the United States and their implications for human exposure. Journal of

Agricultural and Food Chemistry 15, 61(19): 4655-62. Doi: 10.1021/jf400445n.

39


http://dx/
https://doi/

779

780

781

782

783

784

785

786

787

788

789

790

791

792

793

794

795

796

797

798

799

Liao, C., Liu, F., Moon, H.B., Yamashita, N., Yun, S., Kannan, K. 2012. Bisphenol analogues in
sediments from industrialized areas in the United States, Japan, and Korea: spatial and temporal

distributions. Environmental Science and Technology 46, 21, 11558-11565.

Loganathan, B.G. 2012. Global contamination trends of persistent organic chemicals: An overview.
In. Global Contamination Trends of Persistent Organic Chemicals. (Eds. B.G. Loganathan, PKS.

Lam) CRC Press, Boca Raton, FL. Pp. 3-31.

Loganathan, B.G., Tanabe, S., Tanaka, H., Miyazaki, N., Amano, M., Tatsukawa, R. 1990.
Comparison of persistent residues in striped dolphin Stenella coeruleoalba from western North

Pacific in 1978-1986. Marine Pollution Bulletin 21, 435-439.

Mackintosh, C.E., Maldonado, J., Hongwu, J., Hoover, N., Chong, A., Ikonomou, M.G., Gobas,
F.A.P.C. 2004. Distribution of Phthalate Esters in a Marine Aquatic Food Web: Comparison to
Polychlorinated Biphenyls. Environmental Science and Technology 38, 7, 2011-2020.

https://doi.org/10.1021/es034745r

Marquefio, A., Pérez-Albadejo, E., Denslow, N.D., Bowden, J.A., Porte, C. 2021. Untargeted
lipidomics reveals the toxicity of bisphenol A bis(3-chloro-2-hydroxypropyl) ether and
bisphenols A and F in zebrafish liver cells. Ecotoxicology and Environmental Safety 219, 112311.

https://doi.org/10.1016/j.ecoenv.2021.112311

Marsili, L., Jiménez, B., Borrell, A. 2018. Persistent organic pollutants in cetaceans living in a hotspot

area: the Mediterranean Sea. In Marine Mammal Ecotoxicology (pp. 185-212). Academic Press.

Montoto-Martinez, T., De la Fuente, J., Puig-Lozano, R., Marques, N., Arbelo, M., Hernandez-Brito,

J.J., Fernandez, A., Gelado-Caballero, M.D. 2021. Microplastics, bisphenols, phthalates and

40


https://doi.org/10.1021/es034745r
https://doi.org/10.1016/j.ecoenv.2021.112311

800

801

802

803

804

805

806

807

808

809

810

811

812

813

814

815

816

817

818

819

820

821

pesticides in odontocete species in the Macaronesian Region (Eastern North Atlantic). Marine

Pollution Bulletin 173. https://doi.org/10.1016/j.marpolbul.2021.113105

Moustafa A., Hamzeh M., Baroudi M., Ouddane B., Net S. 2022. 55 xenobiotic organic compounds in
Tripoli Landfill-Lebanon Leachate and their Fluxes to the Abou Ali River and Mediterranean

Sea. Environmental Monitoring and Assessment 194, 12. 10.1007/s10661-022-10522-w.

Mustieles, V., D’Cruz, S.C., Couderq, S., Rodriguez-Carrillo, A., Fini, J.B., Hofer, T., Steffensen, I.L.,
Dirven, H., Barouki, R., Olea, N., Fernandez, M.F., David. A. 2020. Bisphenol A and its
analogues: a comprehensive review to identify and prioritize effect biomarkers for human

biomonitoring. Environment International 144, 105811. 10.1016/j.envint.2020.105811

Nehring, 1., Staniszewska, M., Falkowska, L. 2017. Human Hair, Baltic Grey Seal (Halichoerus
grypus) Fur and Herring Gull (Larus argentatus) Feathers as Accumulators of Bisphenol A and
Alkylphenols. Archives of Environmental Contaminant Toxicology 72, 522-561.

10.1007/s00244-017-0402-0

Net, S., Sempéré, R., Delmont, A., Paluselli, A., Ouddane, B. 2015. Occurrence, Fate, Behavior and
Ecotoxicological State of Phthalates in Different Environmental Matrices (Critical Review).

Environmental Science & Technology 49, 4019-40. https://doi.org/10.1021/es505233hb35.

Novillo, O., Raga, J.T., Tomas, J. 2020. Evaluating the presence of microplastics in striped dolphins
(Stenella coeruleoalba) stranded in the Western Mediterranean Sea. Marine Pollution Bulletin

160, 2020, 111557. https://doi.org/10.1016/j.marpolbul.2020.111557.

Owczarek K, Kudtak B, Simeonov V, Mazerska Z, Namies$nik J. 2018. Binary Mixtures of Selected
Bisphenols in the Environment: Their Toxicity in Relationship to Individual Constituents.

Molecules 23, 12, 3226. Doi: 10.3390/molecules23123226.

41


https://doi/
https://doi/
https://doi/

822

823

824

825

826

827

828

829

830

831

832

833

834

835

836

837

838

839

840

841

842

843

844

Ozkan-Kotiloglu, S., Arslan, P., Akca, G., Giinal, A.C. 2022. Are BPA-free plastics safe for aquatic
life? — Fluorene-9-bisphenol induced thyroid-disrupting effects and histopathological alterations
in adult zebrafish (Danio rerio), Comparative Biochemistry and Physiology Part C: Toxicology

& Pharmacology 260, 109419, https://doi.org/10.1016/j.cbpc.2022.1094109.

Ozhan, K., Kocaman, E. 2019. Temporal and Spatial Distributions of Bisphenol A in Marine and
Freshwaters in Turkey. Archives of Environmental Contamination and Toxicology 76, 246-254.

https://doi.org/10.1007/s00244-018-00594-6

Page-Karjian, A., Lo, C. F., Ritchie, B., Harms, C. A., Rotstein, D. S., Han, S., Hassan, S.M., Lehner,
A.F., Buchweitz, J.P., Thayer, V.G., Sullivan, J.M., Christiansen, E.F., Perrault, J.R. 2020.
Anthropogenic Contaminants and Histopathological Findings in Stranded Cetaceans in the
Southeastern ~ United  States, 2012-2018. Frontiers in  Marine  Science 7.

https://doi.org/10.3389/fmars.2020.00630

Paluselli, A., Fauvelle, V., Schmidt, N., Galgani, F., Net S., Sempéré, R. 2018. Distribution of
phthalates in Marseille Bay (NW Mediterranean Sea). Science of the Total Environment 621,

578-587.

Paluselli, A., Fauvelle, V., Galgani, F., Sempéré, R. 2019. Phthalate release from plastic fragments
and degradation in seawater. Environmental Science & Technology 53 (1), 166-175.

https://doi.org/10.1021/acs.est.8b05083

Panio, A., Fabbri Corsarini, S., Bruno, A., Lasagni, M., Labra, M., Saliu, F. 2020. Determination of
phthalates in fish fillets by liquid chromatography tandem mass spectrometry (LC-MS/MS): A
comparison of direct immersion solid phase microextraction (SPME) versus ultrasonic assisted
solvent extraction (UASE), Chemosphere, 255, 127034,

https://doi.org/10.1016/j.chemosphere.2020.127034.

42


https://doi/
https://doi.org/10.3389/fmars.2020.00630
https://doi.org/10.1016/j.chemosphere.2020.127034

845

846

847

848

849

850

851

852

853

854

855

856

857

858

859

860

861

862

863

864

865

Park, J.C., Lee, M.-C., Yoon, D.-S. Han, J., Kim, M., Hwang, U.-K., Jung, J.-H., Lee, J.-S. 2018.
Effects of bisphenol A and its analogs bisphenol F and S on life parameters, antioxidant system,
and response of defensome in the marine rotifer Brachionus koreanus. Aquatic Toxicology, 199,

21-29. https://doi.org/10.1016/j.aquatox.2018.03.024

Park, C., Song, H., Choi, J., Sim, S., Kojima, H., Park, J., lida, M., Lee, Y. 2020. The mixture effects
of bisphenol derivatives on estrogen receptor and androgen receptor. Environmental Pollution,

260, 114036. https://doi.org/10.1016/j.envpol.2020.114036

Pelch, K.E., Li, Y., Perera, L., Thayer, K.A., Korach, K.S. 2019. Characterization of Estrogenic and
Androgenic Activities for Bisphenol A-like Chemicals (BPs): In Vitro Estrogen and Androgen
Receptors Transcriptional Activation, Gene Regulation, and Binding Profiles. Toxicological

Science 172, 1, 23-37. doi: 10.1093/toxsci/kfz173.

R Core Team. 2021. R: A language and environment for statistical computing. R Foundation for

Statistical Computing, Vienna, Austria. URL https://www.R-project.org/.

Raguso, C., Grech, D., Becchi, A., Ubaldi, P.G., Lasagni, M., Guala, 1., Saliu, F. 2022. Detection of
microplastics and phthalic acid esters in sea urchins from Sardinia (Western Mediterranean Sea),
Marine Pollution Bulletin, 185, Part A, 114328,

https://doi.org/10.1016/j.marpolbul.2022.114328.

Rian, M.B., Vike-Jonas, K., Gonzalez, S.V., Ciesielski, T.M., Venkatraman, V., Lindstrem, U., ...
Asimakopoulos, A.G. 2020. Phthalate metabolites in harbor porpoises (Phocoena phocoena) from
Norwegian coastal waters. Environment International 137, 105525.

https://doi.org/10.1016/j.envint.2020.105525

43


https://doi.org/10.1016/j.aquatox.2018.03.024
https://doi.org/10.1016/j.marpolbul.2022.114328

866

867

868

869

870

871

872

873

874

875

876

877

878

879

880

881

882

883

884

885

886

Rios-Fuster, B., Alomar, C., Paniagua Gonzalez, G., Garcinufio Martinez, R.M., Soliz Rojas, D.L.,
Fernandez Hernando, P., Deudero, S. 2022. Assessing microplastic ingestion and occurrence of
bisphenols and phthalates in bivalves, fish and holothurians from a Mediterranean marine
protected area. Environmental Research 214, 3, 114034.

https://doi.ore/10.1016/j.envres.2022.114034.

Routti, H., Harju, M., Lilhmann, K., Aars, J., Ask, A., Goksayr, A., Kovacs, K.M., Lydersen, C. 2021.
Concentrations and endocrine disruptive potential of phthalates in marine mammals from the

Norwegian Arctic. Environment International 152. https://doi.org/10.1016/j.envint.2021.106458

Sangeetha, S., Vimalkumar, K., Loganathan, B.G. 2021. Environmental contamination and human

exposure to select endocrine-disrupting chemicals: A review. Sustainable Chemistry 2, 343-380.

Schmidt, N., Castro-Jiménez, J., Oursel, B., Sempéré, R. 2021. Phthalates and organophosphate esters
in surface water, sediments and zooplankton of the NW Mediterranean Sea: Exploring links with
microplastic abundance and accumulation in the marine food web. Environmental Pollution 1,

272, 115970. 10.1016/j.envpol.2020.115970.

Silva, M. J., Barr, D.B., Reidy, J.A., Malek, N.A., Hodge, C.C., Caudill, S. P., Brock, J.W., Needham,
L.L., Calafat, A.M. 2004. Urinary levels of seven phthalate metabolites in the U.S. population
from the National Health and Nutrition Examination Survey (NHANES) 1999-2000.

Environmental Health Perspectives 112, 3, 331-338. https://doi.org/10.1289/ehp.6723

Silva, D.C.V.R., Aragjo, C.V.M., Franga, F.M., Neto, M.B., Paiva, T.C.B., Silva, F.T., Pompéo,
M.L.M., 2018. Bisphenol risk in fish exposed to a contamination gradient: triggering of spatial

avoidance. Aquatic Toxicology 197, 1-6. https://doi.org/10.1016/j.aquatox.2018.01.016

44


https://doi.org/10.1016/j.envres.2022.114034
https://doi.org/10.1289/ehp.6723

887

888

889

890

891

892

893

894

895

896

897

898

899

900

901

902

903

904

905

906

907

908

Staples, C.A., Dorn, P.B., Klecks, G.M., O’Block, S.T., Harris, L.R. 1998. A review of the
environmental fate, effects, and exposures of bisphenol A. Chemosphere 36, 10, 2149-2173.

10.1016/s0045-6535(97)10133-3

Staples, C.A., Peterson, D.R., Parkerton, T.F., Adams, W.J. 1997. Environmental fate of phthalate

esters: a literature review. Chemosphere 35, 4, 667-749.

Sghaier, R. Ben, Net, S., Ghorbel-Abid, I., Bessadok, S., Le Coz, M., Hassan-Chehimi, D. B., Trabelsi-
Ayadi, M., Tackx, M., Ouddane, B. 2017. Simultaneous Detection of 13 Endocrine Disrupting
Chemicals in Water by a Combination of SPE-BSTFA Derivatization and GC-MS in
Transboundary Rivers (France-Belgium). Water, Air, and Soil Pollution 228, 1.

https://doi.org/10.1007/s11270-016-3195-2

Tanabe, S., Loganathan, B.G., Subramaniam, A.N., Tatsukawa, R. 1987. Organochlorine residue in
shot-finned pilot whale: Possible use as tracer of biological parameters. Marine Pollution Bulletin

18, 561-563.

Teuten, E.L., Rowland, S.J., Galloway, T.S., Thompson, R.C. 2007. Potential for plastics to transport

hydrophobic contaminants. Environmental Science and Technology 41, 7759-7764.

Torres-Garcia, J. L., Ahuactzin-Pérez, M., Fernandez, F.J., Cortés-Espinosa, D.V. 2022. Bisphenol A
in the environment and recent advances in biodegradation by fungi. Chemosphere 303, 134940.

https://doi.org/10.1016/j.chemosphere.2022.134940.

Vorkamp, K., Dam, M., Riget, F., Fauser, P., Bossi, R., Hansen, A.B. 2004. Screening of “new”
contaminants in the marine environment of Greenland and the Faroe Islands. National
Environmental Research Institute, Denmark - 97 pp. - NERI Technical Report No 525. Available

at: http:\\technical-reports.dmu.dk

45


https://doi.org/10.1007/s11270-016-3195-2

909

910

911

912

913

914

915

916

917

918

919

920

921

922

923

924

925

Wang, R., Tan, T., Liang, H., Huang, Y., Dong, S., Wang, P., Su, X. 2021. Occurrence and distribution
of bisphenol compounds in different categories of animal feeds used in China, Emerging

Contaminants 7, 179-186, https://doi.org/10.1016/j.emcon.2021.08.001.

Warner, G.R., Flaws, J.A. 2018. Bisphenol A and Phthalates: How Environmental Chemicals Are

Reshaping Toxicology. Toxicological Sciences 166, 2, 246-249. 10.1093/toxsci/kfy232.

Xie, Z., Ebinghaus, R., Temme, C., Lohmann, R., Cara, A., Ruck, W. 2007. Occurrence and air—sea
exchange of phthalates in the Arctic. Environmental Science and Technology 41, 13, 4555—4560.

https://doi.org/10.1021/es0630240

Xing, J., Zhang, S., Zhang, M., Hou, J. 2022. A critical review of presence, removal and potential
impacts of endocrine disruptors bisphenol A. Comparative Biochemistry and Physiology Part C:

Toxicology & Pharmacology 254, 109275. https://doi.org/10.1016/j.cbpc.2022.109275.

Yu, X., Xue, J., Yao, H., Wu, Q., Venkatesan, A.K., Halden, R.U., Kannan, K. 2015. Occurrence and
estrogenic potency of eight bisphenol analogs in sewage sludge from the U.S. EPA targeted

national sewage sludge survey. Journal of Hazardous Materials 299, 733-739.

Zeng, F., Cui, K.Y, Xie, Z.Y., Wu, L.N., Luo, D.L., Chen, L.X., Lin, Y.J., Liu, M., Sun, G.X. 2009.
Distribution of phthalate esters in urban soils of subtropical city, Guangzhou, China. Journal of

Hazardous Materials 164, 2, 1171—1178. https://doi.org/10.1016/j.jhazmat.2008.09.029

46


https://doi.org/10.1021/es0630240
https://doi.org/10.1016/j.jhazmat.2008.09.029

Declaration of interests

1 The authors declare that they have no known competing financial interests or personal relationships
that could have appeared to influence the work reported in this paper.

The authors declare the following financial interests/personal relationships which may be considered
as potential competing interests:

Odei Garcia-Garin reports financial support was provided by European Social Fund.




