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ABSTRACT 11 

This paper addresses the modelling of cesium sorption in non-equilibrium and nonlinear 12 

conditions with a two-site model. Compared to the classical Kd approach, the proposed model 13 

better reproduced the breakthrough curves observed during continuous-flow stirred tank 14 

reactor experiments conducted on two contrasted soils. Fitted parameters suggested contrasted 15 

conditions of cesium sorption between 1) equilibrium sites, with low affinity and high 16 

sorption capacity comparable to CEC and 2) non-equilibrium sites, with a fast sorption rate 17 

(half-time of 0.2-0.3 hours), a slow desorption rate (half-time of 3-9 days) and a very low 18 

sorption capacity (0.02-0.04% of CEC). Comparison of EK sites densities with sorption 19 

capacities derived from the literature suggests that the EK equilibrium and kinetic sites might 20 

correspond to ion exchange and surface complexation of soil clay minerals respectively. This 21 

work stresses the limits of the Kd model to predict 137Cs sorption in reactive transport 22 

conditions and supports an alternative non-equilibrium nonlinear approach. 23 
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1. INTRODUCTION 28 

The various processes of solute retention on solid phases –referred to as sorption (Sposito, 29 

1984)– strongly govern the mobility, bioavailability and remediation of substances in the 30 

environment, and, in the case of radioactive substances, their radiological impact. They 31 

notably control the conditions of reactive transport of solutes occurring in solid-liquid systems 32 

such as rivers, soils and groundwater (Bouzidi et al., 2010; Fiengo Perez et al., 2015; Ilina et 33 

al., 2020; Limousin et al., 2007). A critical issue when assessing the reactive transport of 34 

solutes (such as radionuclides) in solid-liquid systems such as soils concerns the hypotheses 35 

and parameters modelling the rate of solute transfer between the solution and solid phases 36 

(Ardois and Szenknect, 2005; Chaif et al., 2021; Cherif et al., 2017; Limousin et al., 2007).  37 

In impact assessment models, sorption is most commonly represented for a wide range of 38 

contaminants (including radionuclides) by an instantaneous, concentration-independent and 39 

completely reversible reaction, using an equilibrium coefficient also called distribution 40 

coefficient and noted Kd (IAEA, 2009). This model simply assumes a constant proportion (Kd) 41 

between concentrations in sorbed and soluble phases and, as a result, a constant proportion 42 

(called retardation factor) between water and solute fluxes (Bossew and Kirchner, 2004; 43 

Mishra et al., 2018; Szenknect et al., 2003). However, the Kd sorption model is not fully 44 

predictive. Deviations from its simplifying hypotheses have been reported for many solutes 45 

(including pesticides, radionuclides and notably cesium-137) and may result notably in earlier 46 



solute arrival in groundwater and longer residence time in soils than the ideal Kd model (Bahr 47 

and Rubin, 1987; Schnaar and Brusseau, 2014). These deviations essentially result from:  48 

1) Chemical non-equilibrium: sorption sites may differ in their reactivity with the solute, 49 

some reacting instantaneously and other slower than contact times with water (Chaif et al., 50 

2021; Kurikami et al., 2017; Ota et al., 2016; Sardin et al., 1991). Important special cases are 51 

sorption irreversibility or pseudo-irreversibility: for a fraction of adsorbed solutes, the 52 

remobilization back into solution may be impossible or so slow that it can be considered as 53 

irreversible (Antonopoulos-Domis et al., 1995; Comans and Hockley, 1992; Montes et al., 54 

2013; Toso and Velasco, 2001).  55 

2) Physical non-equilibrium: some sorption sites may not be instantaneously accessible to 56 

the solute but limited by physical processes such as external and internal diffusion in solid 57 

particles (Chen et al., 2020; van Genuchten and Wagenet, 1989). 58 

3) Sorption nonlinearity: sorption may vary with solute concentration if it involves 59 

multiple sorption sites having different densities and affinities for solute. For instance, 60 

sorption can be high at trace levels when selective sorption sites are concerned, and much 61 

lower when non-selective sorption sites also participate to solid-liquid exchanges (Cherif et 62 

al., 2017; Fesch et al., 1998; Wang et al., 1998). 63 

For a better description of sorption, various multi-site equilibrium and/or kinetic (EK) 64 

models have been proposed. These empirical models, initially introduced for agrochemicals 65 

and heavy metals (Cameron and Klute, 1977; Selim and Mansell, 1976; van Genuchten and 66 

Wagenet, 1989), mitigate the Kd hypotheses by assuming that sorption occurs on 2–3 different 67 

types of solid sites, governed by equilibrium and/or kinetic rates. Depending on the modelled 68 

solutes, the existing variants combine multiple sorption properties such as equilibrium (e.g. 69 

linear isotherm), non-equilibrium (first order, second order sorption rates), non-linearity (e.g. 70 



Langmuir, Freundlich isotherms) and sorption irreversibility. More recently, promising 71 

applications of EK models for radionuclide have been reported (Antonopoulos-Domis et al., 72 

1995; Chaif et al., 2021; Garcia-Sanchez et al., 2014; Ota et al., 2016; Toso and Velasco, 73 

2001; Wang et al., 1998). However, the benefits of adopting equilibrium kinetic models of 74 

sorption have not been fully demonstrated. The process-based validation of these approaches 75 

still requires the interpretation of the different types of sorption sites in terms of real 76 

contamination pools and not hidden virtual compartments. Moreover, the scenarios of reactive 77 

transport for which EK hypotheses significantly improve the realism of predictions, compared 78 

to the simple Kd hypotheses, must be clarified. 79 

Sorption reactions in soils have been studied both in the laboratory and in the field by 80 

complementary experimental devices that achieve different levels of representativity and 81 

bring different levels of information about sorption reactions. They usually consist in batch 82 

experiments that allow a static study of sorption reactions in solid suspensions, or soil column 83 

experiments that allow the study of reactive transport in porous media.  84 

An intermediate experimental device known as stirred flow-through reactor experiments, 85 

or continuous-flow stirred-tank reactor (CSTR) experiments, is particularly adapted to the 86 

study of rate-limited sorption under flowing conditions in disperse solid phases. This device 87 

consists in a well-mixed stirred cell, containing a known mass of solid and a known volume of 88 

solution (e.g. Garcia-Sanchez et al., 2014; Martin-Garin et al., 2003; Sparks et al., 1980; Van 89 

Cappellen and Qiu, 1997a,b) (Figure 1). During a classical reactor experiment, the injection 90 

flowrate is generally held constant (Q i) and the injected solute concentration consists in a 91 

finite step function (with value Ci), while the dissolved concentration (Cw) is monitored at the 92 

reactor outlet (Figure 2). Different reactor conditions allow then to test experimentally if 93 

solute reactions depend on solute-concentration (Ci) and flowrate (Q), and are thus nonlinear 94 

and not instantaneous (Bar‐Tal et al., 1990).  95 



All these protocols require an inverse approach consisting in selecting a sorption model 96 

and estimating its parameters from observations by frequentist or bayesian calibration (e.g. 97 

Nicoulaud-Gouin et al., 2016; Toro and Padilla, 2017; van Genuchten et al., 2012). For model 98 

selection, varying contact times and influent concentrations have been recommended to test 99 

linearity and equilibrium hypotheses and reject improper models (e.g. Bar‐Tal et al., 1990; 100 

Nicoulaud-Gouin et al., 2016). For parameter identification, the unicity of the sorption 101 

parameters derived from observations, also termed identifiability, must also be examined 102 

attentively to ensure that obtained parameter values are physically interpretable (Belsley et al., 103 

1980; Brun et al., 2001; Stewart, 1987). 104 

Large amounts of radionuclide have been released in the environment after the multiple 105 

nuclear weapons tests that took place from the 1950s to 1980 and the nuclear accidents of 106 

Chernobyl (1986) and Fukushima (2011) (Castrillejo et al., 2016; Klement, 1965; Steinhauser 107 

et al., 2015). Among these elements, 137Cs – due to its relatively long half-life (t1/2 = 30.2 108 

years) – is considered the main source of radioactive soil contamination (Avery, 1996; Strebl 109 

et al., 1999) and the first source of nuclear waste in the first one hundred years after release.  110 

Cesium sorption in soils is primarily governed by clay minerals (Bostick et al., 2002; 111 

Chorover et al., 2003; Missana et al., 2014a; Savoye et al., 2012; Shenber and Eriksson, 1993; 112 

Wendling et al., 2005). In fact, radiocesium sorbs strongly and specifically on clay minerals 113 

(Cornell, 1993; Fuller et al., 2015; Okumura et al., 2019) but also less intensely on iron oxides 114 

and organic matter which often represent large sorption capacities (Rigol et al., 2002; 115 

Schwertmann and Taylor, 1989). On clay minerals, surface adsorption sites are very 116 

heterogeneous (Bradbury and Baeyens, 2000; Cornell, 1993; Eliason, 1966; Missana et al., 117 

2004; Poinssot et al., 1999; Staunton and Roubaud, 1997; Wahlberg and Fishman, 1962). Five 118 

types of sorption sites are generally distinguished: basal surface sites, edge sites, hydrated 119 

interlayer sites, frayed edge sites (FES), and interlayer sites (Okumura et al., 2019). These 120 



sites have contrasted densities and affinities to cesium. Hydrated interlayer, FES, and 121 

interlayer sites (that can be grouped under the term “interlayer sites”) have strong affinity to 122 

cesium but low density (Brouwer et al., 1983; Eberl, 1980; Francis and Brinkley, 1976; 123 

Jackson, 1962; Maes and Cremers, 1986; Poinssot et al., 1999; Rich and Black, 1964; 124 

Sawhney, 1972; Zachara et al., 2002). Planar sites have much lower affinity to cesium but 125 

represent most of the cation exchange capacity “CEC” and correspond to the basal surface 126 

and edge sites (Cornell, 1993; Rigol et al., 2002; Staunton and Roubaud, 1997; Zachara et al., 127 

2002). Numerous laboratory studies indicate that Cs sorption is both time-dependent and 128 

concentration-dependent. Sorption experiments show that, although 137Cs sorption is initially 129 

rapid (minutes), it continues for months from non-selective to highly selective sorption sites 130 

(Konoplev et al., 1997). Desorption experiments also indicate that desorption of 137Cs is very 131 

slow (e.g. ~2 years of half-life for Fukushima soils reported by Murota et al., 2016) 132 

particularly on clay minerals (Durrant et al., 2018). Moreover, many sorption isotherms 133 

indicate that affinity to cesium decrease when the concentration of soluble cesium (Cs+) and 134 

its competitors (mainly K+) increase in solution (Cherif, 2017; Siroux, 2017). 135 

This work aimed at studying the hypotheses of non-equilibrium and non-linearity of 136 

cesium sorption in reactive transport conditions. Our specific objectives were to: (1) quantify 137 

the influence of cesium concentration and water transit time on sorption, (2) propose a simple 138 

sorption model taking into account these effects, (3) study the validity of this model and 139 

estimate its parameters, (4) relate the model compartments and parameters to measurable soil 140 

properties. For these purposes, flow-through reactor experiments were conducted on two 141 

contrasted soils under different conditions of injection concentration and flow rate. A 5-142 

parameter equilibrium-kinetic model (EK5) including both sorption non-equilibrium and non-143 

linearity was proposed to model cesium sorption and compared to a classical Kd approach. A 144 



nonlinear regression approach was adopted to estimate Kd and EK5 parameters and to test 145 

EK5 vs Kd hypotheses.  146 



2. MATERIAL AND METHODS 147 

2.1. Studied Soils 148 

Two soils, noted “Soil H” and “Soil S”, were selected for their contrasted physico-149 

chemical and mineralogical properties (Table 1). Soil S was a calcareous sandy soil with pH 150 

= 9.32, 1.44‰ of organic matter, and CEC= 1.11 cmol+/kg. Soil H, on the other hand, had a 151 

loamy texture with pH = 5.5, 49.4‰ of organic matter, and CEC = 7.64 cmol+/kg. Soil 152 

samples were air dried and sieved (<2 mm) before use. For soil S, mineralogy of the fraction 153 

below 2µm was determined by ERM laboratory (Poitiers, France) using powder X-ray 154 

diffractometer (Bruker D8 Advance A25) with CuKα radiation at 40kV and 40 mA on 155 

oriented mounts. The same technique was used for soil H and the results were already 156 

published in a previous study (Siroux, 2017; Siroux et al., 2021). The detailed  mineral 157 

composition of soils H and S is given in Table S1 (in supplementary materials). 158 

  159 



 160 

Table 1. Physico-chemical and mineralogical characteristics of soils H and S. Clay, silt and 161 

sand percentages correspond to the granulometric classes of the international scale. Illite, 162 

montmorillonite and kaolinite percentages correspond to mineralogical composition of the 163 

fraction of the soils below 2 μm, as determined by the X-Ray Diffractometry (XRD) 164 

technique. Percentage intervals correspond to the range of realistic mineralogical 165 

compositions compatible with the analytical results. 166 

 

 

Soil H* Soil S 

Clay (%) 13.13 3.10 

Silt (%) 54.05 0.70 

Sand (%) 32.82 96.20 

pH (H2O) 5.5 9.3 

Organic matter (g/kg) 49.40 1.44 

N (g/kg) 2.64 0.04 

CaCO3 (g/kg) 14 118 

Exchangeable cations (cmol+/kg) 

CEC 7.64 1.11 

CEC <2µm 20.0 18.7 

K+ 0.32 0.23 

Na+  0.20 0.14 

Ca2+  3.23 31.20 

Mg2+  0.60 0.72 

Mineralogy 

Illite (%) 11 - 22 0 - 2 



Montmorillonite (%) 43 - 56 23 - 27 

Kaolinite (%) 14 - 23 4 - 9 

* data from Siroux (2017) 167 

  168 



 169 

2.2. Stirred flow-through reactor experiments  170 

Principles of continuous-flow stirred tank reactor experiments are presented in 171 

introduction. Each experiment consisted in injecting an input solution into a chamber of 172 

volume Vr containing a known mass of soil m, and measuring 137Cs concentration (Cw) at the 173 

output port of the chamber (Garcia-Sanchez et al., 2014; Martin-Garin et al., 2003; Van 174 

Cappellen and Qiu, 1997a,b) (Figure 1). The input and output ports were equipped with 0.45 175 

µm pore size hydrofoil Teflon membranes (HVLP, Millipore). The input solution was injected 176 

at a constant flow rate in the reactor cell by a chromatography system (ÄKTATM pure 25), and 177 

the direction of the flow was periodically reversed to avoid filter clogging. The continuous 178 

stirring was ensured by attaching the reactor to an external shaker. This method was preferred 179 

to a magnetic stir bar inside the cell to avoid destroying the solid particles. Samples were 180 

collected using a fraction collector and analyzed for 137Cs activity using a pure germanium 181 

gamma spectrometer (Camberra EGPC 42.190.R). 182 

 183 

 184 

Figure 1. Principle of the continuous-flow stirred tank reactor (CSTR) experiments conducted 185 

in this study. A solution is injected into the reactor chamber (of volume Vr) by its inlet port. 186 



The solution is injected at a constant flow rate Q i and is only contaminated during 187 

contamination stage (with concentration Ci). Contaminant dilutes and interacts with the solid 188 

phase (with mass m and contamination concentration Cs) inside the chamber. The reactor 189 

chamber is well-mixed and has a homogenous contaminant concentration in solution Cw that 190 

is monitored at the outlet port. 191 

 192 

Each experiment consisted in a constant injection flow rate with three stages of 193 

contaminant injection (Figure 2): (1) a pre-contamination stage (noted stage I) during which a 194 

cesium-free solution was injected for at least 48 hours to allow the soil particles to reach a 195 

chemical equilibrium with the input solution; (2) A contamination stage (noted stage II), 196 

during which a cesium solution at a known concentration (C i) was injected until the 197 

normalized cesium concentration Cw/Ci either stabilized or reached 1; (3) A decontamination 198 

stage (noted stage III) during which the cesium-free solution was again injected until the 199 

normalized cesium concentration (Cw/Ci) was below 4%.  200 



 201 

 202 

Figure 2. The three stages of continuous-flow stirred tank reactor (CSTR) experiments 203 

conducted in this study. During each experiment, input solution was injected at a constant 204 

flow rate Qi (mL h-1). During pre-conditioning (I) and decontamination (III) stages, input 205 

solution was a cesium-free solution. During contamination (II), input solution had a constant 206 

cesium concentration Ci (mol L-1). 207 

 208 

2.3. Input solutions 209 

Cesium-free input solutions (Table 2) were designed to mimic the soil solution in 210 

equilibrium with the soil. They were injected during the stages I and III of the experiments. 211 

For soil S, Ultrapure water (18 MΩ resistivity) was equilibrated with excessive amounts of 212 

calcite (CaCO3) and agitated in an open recipient to allow equilibrium with ambient air for at 213 

least 15 days. The solution was then filtered and spiked with sodium chloride. For soil H, 214 

Ultrapure pure water was directly spiked by a mixture of sodium chloride (NaCl), calcium 215 

chloride (CaCl2), calcium nitrate (Ca(NO3)2) and potassium chloride (KCl). 216 



Cesium input solutions were prepared by spiking cesium-free input solutions with 217 

approximate cesium concentrations of 10-3 mol L-1, 10-5 mol L-1, and 10-8 mol L-1 depending 218 

on the experiments (Table 3). These contaminated solutions were injected during the stages II 219 

of the experiments. This spiking was achieved by adding a mixture of stable (CsCl) and 220 

radioactive (137Cs) cesium and then solution pH was adjusted (to pH=8.3 and 5.1 for soils S 221 

and H, respectively) by adding a sodium hydroxide solution (NaOH). All cesium input 222 

solutions contained approximately 500 Bq mL-1 of 137Cs. 223 

 224 

Table 2. Composition of the input solutions used for the stirred flow-through reactor 225 

experiments with the soils S and H. All concentrations are presented in mol L-1 226 

Property  Soil S Soil H 

[Ca2+]  5.00E-04 3.00E-04 

[Na+] 5.00E-03 1.40E-04 

[Cl-] 5.00E-03 3.43E-04 

[NO3-] - 4.60E-04 

[K+] - 6.30E-05 

pH 8.3 5.1 

 227 

2.4. Experimental design 228 

In order to study the influence of non-equilibrium and non-linearity of cesium sorption, 229 

four stirred flow-through reactor experiments were conducted, for each soil, under different 230 

cesium input concentrations (Ci) and flowrate (Qi) conditions (Table 3). In total, our 231 

experimental design combined three levels of cesium concentrations (10-3 mol L-1, 10-5 mol L-232 

1, and 10-8 mol L-1) and two levels of flowrates (10 ml h-1 and 35 ml h-1). 233 

 234 



Table 3. Experimental conditions of the 4 stirred flow-through reactor experiments conducted 235 

for soils S and H. The name of each experimental condition (e.g. “S8-10”) indicates the 236 

combination of soil name (i.e. S or H), approximate cesium input concentration C i (i.e.10-3, 237 

10-5 or 10-8 mol L-1) and approximate flowrate Qi (i.e. 10 or 35 mL h-1). 238 

Properties Experiments 

S3-10 S5-35 S8-10 S8-35 H3-10 H5-35 H8-10 H8-35 

 Soil S S S S H H H H 

Qi Average flow 
rate (mL h

-1
) 

10.62 33.48 9.66 34.38 9.72 34.02 9.36 31.98 

Ci Cesium 
concentration 
(mol L

-1
) 

9.97E-04 9.71E-06 6.57E-09 6.92E-09 1.04E-03 9.97E-06 1.21E-08 1.00E-08 

Ti Stage II 
duration (h) 

141 92 262 194 140 71 671 294 

 Stage III 
duration (h) 

263 192 938 602 338 195 1967 992 

 Stages II+III 
duration (h) 

404 284 1200 796 478 266 2638 1286 

m Soil mass (g) 3.70 3.78 3.78 3.57 2.83 3.12 3.06 3.09 

Vr Reactor water 
volume (mL) 

33.5 33.5 33.5 33.5 33.5 33.5 33.5 33.5 

  239 



2.5. Empirical model of cesium sorption in stirred flow-through reactors 240 

The 5-parameter sorption model EK5 considered here is a generalized version of an 241 

empirical linear non-equilibrium sorption EK model (Chaif et al., 2021; Garcia-Sanchez et al., 242 

2014; Nicoulaud-Gouin et al., 2016) that can include sorption nonlinearity (Figure 3). Sorbed 243 

concentrations are distributed between „fast‟ sites (Cs1) noted type-1 sites that are 244 

instantaneously in equilibrium with the aqueous phase –with an equilibrium constant noted 245 

Kd1 (L kg-1)– and „slow‟ sites (Cs2) noted type-2 sites that are governed by kinetic first order 246 

mass transfer –with sorption and desorption rates noted k+ (L kg-1 s-1) and k- (s-1) –. Type-1 247 

and type-2 sites are supposed to have maximum sorption capacities Cs1
max (mol kg-1) and 248 

Cs2
max (mol kg-1), as supported by experimental Cesium isotherms (e.g. Cherif et al,. 2017 ; 249 

Siroux et al,. 2021), and their sorbed concentrations are modelled by a Langmuir isotherm and 250 

a Langmuir kinetic equation (e.g. Selim et al., 1976; Fukui, 1978):  251 

    
   

  
   

   
     

              (1) 252 

    

  
    (  

   

   
   )                 (2) 253 

The affinity to cesium is quantified by the solid/liquid concentration ratio at equilibrium in 254 

the absence of saturation (Cs1≪ Cs1
max, Cs2≪ Cs2

max). For type-1 sites, it corresponds by 255 

definition to the equilibrium constant Kd1. For type-2 sites, the solid/liquid concentration ratio 256 

tends to the equilibrium constant Kd2 (L kg-1) defined by: 257 

     
  

  
  258 

which thus defines their affinity to cesium. 259 



This general formulation contains 3 model variants, noted Kd, EK3 and EK5, relying on 260 

embedded hypotheses about type-1 and type-2 sorption sites (Table 4). The equations (1) and 261 

(2) of EK5 model encompass the 3-parameter linear EK model (noted EK3), which 262 

corresponds to the particular case of infinite sorption capacities Cs1
max and Cs2

max. They also 263 

encompass the classical 1-parameter Kd approach, which only considers type-1 sites, and 264 

corresponds to the particular case where k+ = 0 and k- = 0 and infinite Cs1
max. 265 

In a stirred flow-through reactor with solid-liquid exchanges governed by the EK5 model, 266 

conservation equations for the exchangeable stock Sex (mol) in solution and on type-1 sites, 267 

and for the fixed stock Sfix (mol) on type-2 sites, are then given by: 268 

    

  
      (  

   

   
   )            [   ( )    ]          (3) 269 

     

  
     (  

   

   
   )                     (4) 270 

where Cw (mol L-1) is the dissolved cesium concentration, Qi (L s-1) is the flowrate, δ(t) is 271 

equal to 1 during contamination stage II and 0 otherwise, m is the soil mass. Exchangeable 272 

(Sex) and fixed (Sfix) stocks are related to sorbed concentrations as follows: 273 

                          (5) 274 

                       (6) 275 

The system of equations (3)-(6) was implemented within the R environment (R Core 276 

Team, 2021) and was solved with the initial conditions Cw(0)=0, Cs1(0)=0 and Cs2(0)=0. In the 277 

case of solid-liquid exchanges governed by the Kd approach, equations (3)-(6) result in the 278 

following analytical solution for the breakthrough curve Cw(t):  279 
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)                            (7) 280 
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(    )                           (8) 281 

where the retardation factor R corresponds in this case to: 282 

     
 

  
               (9) 283 

In the general case, the system (3)-(6) was solved numerically with variable time steps by 284 

an implicit finite-differences scheme. The implicit Radau IIA scheme, available in the R 285 

package “deSolve” (Soetaert et al., 2010), was chosen for its stability, 5th order accuracy and 286 

tolerance to stiff equations. 287 

As a consequence of the mass-balance equations (3)-(4) above, half-times of sorption and 288 

desorption reactions T+ (s) and T- (s) in a stirred flow-through reactor can be defined as 289 

follows: 290 

   
   ( )  

   
              (10) 291 

   
   ( )

  
              (11) 292 



293 
  294 

Figure 3. Compartment representation of the 5-parameter Equilibrium-Kinetic model EK5 295 

applied to Cs sorption in this study. The model considers two types of solid sites for sorption. 296 

Type-1 sites are governed by equilibrium parameter Kd1 (L kg-1). Type-2 sites are controlled 297 

sorption by first-order sorption and desorption constants k+ (L kg-1 s-1) and k- (s-1). Cs1
max (mol 298 

kg-1) and Cs2
max (mol kg-1) denote the sorption capacities of type-1 and type-2 sites. 299 

Contaminant concentrations are denoted Cw (mol L-1) in water, and Cs1, Cs2 (mol kg-1) in the 300 

solid phase. 301 

  302 



Table 4. Parameters and hypotheses of the model variants Kd, EK3 and EK5 tested in this 303 

study to model Cesium sorption. These 3 special formulations derive from equations (1) and 304 

(2). EK5 corresponds to the full model, whereas Kd and EK3 introduce additional hypotheses 305 

about sorption (the absence of nonlinearity and non-equilibrium) that numerically correspond 306 

to particular fixed values for the sorption parameters k+, k-, Cs1
max and Cs2

max. 307 

Model variant  Sorption hypotheses Free parameters Fixed parameters 

Kd 

 

Linear equilibrium (type-1) Kd1 

 

k+=0, k-=0 

Cs1
max=∞ 

EK3 

 

Linear equilibrium (type-1)+ 

Linear non-equilibrium (type-2) 

Kd1, k+, k- 

 

Cs1
max=Cs2

max=∞ 

 
EK5 

 

Nonlinear equilibrium (type-1) +  
Nonlinear non-equilibrium (type-2) 

Kd1, k+, k-, Cs1
max 

Cs2
max - 

 308 

2.6. Estimation of sorbed cesium stocks 309 

Sorbed cesium stocks Qs (mol) were estimated at the end of contamination and 310 

decontamination stages II and III of each experiment in order to quantify cesium retention for 311 

the different experimental conditions. Calculations were derived from a mass-balance 312 

approach, and were based on the surface area separating breakthrough curves of cesium C(t) 313 

and of an inert tracer Ctr(t) submitted to the same experimental conditions (Limousin et al., 314 

2007; Martin-Garin et al., 2003). At any time t during the experiment, the sorbed cesium stock 315 

Qs (mol) is governed by: 316 

  ( )      ( 
  ( )   ( ))   ∫  (   ( )   ( ))   

 

 
        (12) 317 

This formula was solved by numerical integration with the experimental concentrations 318 

Cw(t) for cesium (eq. 3) and the analytical solution Ctr(t) for the inert tracer, which is given 319 

by:  320 
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with the convention that t=0 at the beginning of contamination stage II. 323 

In equation (12), Cw/Ci values that were superior to 1 during stage II (and have no physical 324 

significance) were considered to be equal to 1 in order to avoid the underestimation of sorbed 325 

stocks. 326 

 327 

2.7. Model calibration and local identifiability 328 

Sorption parameters of models Kd, EK3 and EK5 were estimated by the least squares method, 329 

similarly to in situ calibrations detailed by Chaif et al. (2021). Briefly, the normalized 330 

dissolved concentration yj=Cw/Ci was chosen as the observed variable in order to balance the 331 

weight of each experiment. To ensure the convergence to an absolute optimum, the sum of 332 

squares was minimized numerically from ten starting points by using the R routine “optim” (R 333 

Core Team, 2021). These starting points had the least sum of squares among a large set of 334 

candidate points evaluated in the parameters space (1000 for Kd model, 123 for EK3 model, 335 

and 125 for EK5 model). The likelihood ratio statistic (LR) was used to test hypotheses about 336 

sorption models (e.g. Kd vs EK3) (Huet et al., 2004). Confidence regions of estimated Cs 337 

sorption parameters  ̂ for Kd, EK3 and EK5 models were approximated, at the level 100*(1 - 338 

α)%, by the points in the parameters space satisfying the Beale‟s condition (Beale, 1960; 339 

Seber and Wild, 1989). For each individual parameter  ̂ , conservative confidence intervals 340 

were then defined as the upper/lower bounds for    in this region.  341 

Identifiability, i.e. the unicity of the solution to the inverse problem, was diagnosed by the 342 

conditioning number   of the sensitivity matrix (Belsley et al., 1980; Brun et al., 2001; 343 

Stewart, 1987), as fully described for reactor experiments by Nicoulaud-Gouin et al. (2016). 344 



Conditioning numbers   above 5 (resp. 10) were interpreted as moderately (resp. strongly) 345 

non identifiable parameters (Belsley et al., 1980). 346 

  347 



3. RESULTS 348 

3.1 Experimental breakthrough curves  349 

350 

 351 

Figure 4. Curves of normalized concentrations Cw/Ci at reactor outlets as a function of 352 

normalized volume passing through the reactor V/Vr (breakthrough curves, also noted BTC). 353 



Dots correspond to observations and color lines correspond to least squares fits with the Kd 354 

(purple), EK3 (red) and EK5 (green) models. Vertical bars correspond to the confidence 355 

intervals of the observations. Purple, red, and green shaded bands correspond to the 95% 356 

parametric uncertainty of fitted curves. 357 

 358 

For both soils, our observations evidenced influences of flowrate and input concentrations 359 

on cesium sorption and thus support the non-equilibrium and nonlinear hypotheses (Figure 360 

4). 361 

Cesium outlet concentrations Cw/Ci during contamination stage II systematically increased 362 

with flowrate. For instance, the input concentration was completely transmitted to the outlet 363 

(Cw/Ci =1) after a cumulated flowed volume V of around 200 reactor volumes (Vr) at 35 mL 364 

h-1 (experiments S8-35 and H8-35), whereas the breakthrough was still incomplete at 10 mL 365 

h-1 at the end of contamination stage II (Cw/Ci below 0.6 for experiments S8-10 and H8-10). 366 

This trend indicates a smaller sorption when contact time with cesium decreases. These 367 

observations prove the influence of non-equilibrium in cesium sorption processes for the 368 

studied soils. 369 

Cesium outlet concentrations Cw/Ci during contamination stage II systematically increased 370 

when input concentration increased. For high input concentrations (10-3 mol L-1), the 371 

equilibrium state, corresponding to Cw/Ci = 1, was reached after the injection of 10-25 reactor 372 

volumes Vr (S3-10 and H3-10) whereas for low concentrations (10-8 mol L-1) it was not 373 

achieved even after 80-200 Vr (Cw/Ci = 0.46 and Cw/Ci = 0.63 for S8-10 and H8-10 374 

respectively). This trend indicates less soil capacity to fix cesium at higher dissolved 375 

concentrations. These observations prove the influence of nonlinearity on cesium sorption 376 

processes for the studied soils. 377 



Cesium sorption was also affected by the nature of the soils. While similar input conditions 378 

provided similar BTC shapes for both soils, some differences in the equilibrium time were 379 

observed between the two soils. Convergence to equilibrium state was always faster for soil S 380 

than for H. For instance, outlet concentration was stabilized after the injection of 30 Vr for S5-381 

35 compared to 50 Vr for H5-35.  382 

 383 

3.2. Sorbed concentrations and restitution 384 

Estimated sorbed stocks during contamination and decontamination stages II and III also 385 

revealed influences of flowrate and input concentrations on the reversibility of cesium 386 

sorption (Table 5).  387 

Cesium desorption during decontamination stage III (termed here restitution) increased 388 

with injection concentration and indicated more reversible processes. For high injection 389 

concentration experiments (above 10-5 mol L-1), restitution was always over 65% for both 390 

soils. At low injection concentrations (10-8 mol L-1), restitution did not exceed 50% and was 391 

around 34% (S8-10) at low flowrate and reached around 47% at high flowrate (S8-35).   392 

Cesium restitution also increased with flowrate. For instance, restitution was around 35% 393 

for low flowrate experiments (S8-10 and H8-10) and reached around 45% with higher 394 

flowrate (S8-35 and H8-35). 395 

  396 



Table 5. Experimental and EK5 simulated stocks of Cs at the end of contamination and 397 

decontamination stages II and III as defined in equation (12). Restitution is defined at the ratio 398 

of the desorbed and sorbed stocks of Cs. 399 

Conditions Calculation Stock at end of stage II Stock at end of stage III Restitution 

(mol) (mol) (%) 

S3-10 
Experiment 6.38E-05 2.51E-05 61 

EK5  7.13E-05 7.46E-08 100 

S5-35 
Experiment 2.17E-06 7.70E-07 64 

EK5  1.77E-06 1.43E-08 99 

S8-10 
Experiment 1.02E-08 6.74E-09 34 

EK5  1.16E-08 6.66E-09 43 

S8-35 
Experiment 1.62E-08 8.54E-09 47 

EK5  1.47E-08 5.33E-09 64 

H3-10 
Experiment 1.32E-04 4.28E-05 68 

EK5  1.32E-04 5.76E-08 100 

H5-35 
Experiment 2.15E-06 4.49E-08 98 

EK5  2.24E-06 4.82E-08 98 

H8-10 
Experiment 3.95E-08 2.63E-08 33 

EK5  3.88E-08 1.79E-08 54 

H8-35 
Experiment 2.92E-08 1.70E-08 42 

EK5  2.93E-08 1.69E-08 42 

 400 

3.3. Cesium sorption modelling 401 

For both soils, EK5 model described significantly better the observed non-equilibrium and 402 

nonlinear effects than EK3 and Kd models. 403 

Qualitatively, the model EK5, with 5 degrees of freedom, better fitted the breakthrough 404 

curves than EK3 and Kd models (3 and 1 degrees of freedom) (Figure 4). With a constant 405 

retardation factor R (eq. 9) for all conditions, the Kd model underestimated Cw/Ci at high input 406 

concentration values and overestimated them at low concentration values (Cw/Ci=1 at the end 407 

of stage II of all experiments). With kinetic rates of sorption and desorption allowing 408 

asymmetry in the curves between stages II and III, EK3 model better fitted Cw/Ci during stage 409 



III whereas it was still unrealistic during stage II (S5-35, H3-10, and H5-35 for example). 410 

With sorption capacities potentially limiting the sorption on type-1 and type-2 sites, EK5 411 

model better described the strong inflexions of Cw/Ci during stage II for all experiments with 412 

two exceptions being S8-10 where sorption was slightly overestimated at the start of stage II, 413 

and H8-10 where sorption was underestimated at the end of stage II.  414 

Sorbed stocks predicted by the EK5 model showed two distinct behaviors depending on 415 

the input concentrations (Table 5). At high concentrations, sorption was completely reversible 416 

with restitution rates superior to 98% for both soils. At low concentrations, sorption was 417 

irreversible and restitution never exceeded 64%. These results suggest that EK5 model can 418 

reproduce both reversible and irreversible behaviors depending on the experimental 419 

conditions using the same set of parameters.  420 

Quantitatively, the better performance of EK5 model vs EK3 and Kd was confirmed 421 

statistically for both soils by the likelihood ratio tests (Table 6). Even though the inclusion of 422 

non-equilibrium sorption significantly improved the fit (EK3 vs Kd), the addition of nonlinear 423 

sorption made it even better, as indicated by p-values always under 10-16 for the likelihood 424 

ratio test of model EK3 vs model EK5. These results prove that the formulation of sorption 425 

nonlinearity and non-equilibrium proposed by model EK5, although still very simple, brings a 426 

significant improvement to EK3 and Kd alternatives and suggest its applicability to various 427 

soils.  428 

  429 



Table 6. Statistics summary of the fits of sorption models (Kd, EK3 and EK5). For each soil, 430 

sorption models were fitted simultaneously on the 4 stirred flow-through reactor experiments. 431 

Sum of squares S denotes the sum of squared errors between model predictions and 432 

observations. The p-value of the Likelihood ratio (LR) statistic was derived from its 433 

approximate chi-squared distribution, as detailed in Chaif et al. (2021). 434 

Quantity Soil S Soil H 

Sum of 

squares S 

Kd model 65.4 51.7 

EK3 model 29.6 17.4 

EK5 model 3.50 4.43 

Kd vs EK3 
LR 665 786 

p-value <1e-16 <1e-16 

Kd vs EK5 

LR 2455 1771 

p-value <1e-16 <1e-16 

EK3 vs EK5 

LR 1790 985 

p-value <1e-16 <1e-16 

 435 

3.4 Fitted parameters 436 

For both soils, fitted EK5 parameters suggested very contrasted conditions of cesium 437 

sorption between equilibrium and non-equilibrium sites in terms of characteristic sorption 438 

times, affinity and sorption capacity (Table 7). 439 

The type-1 equilibrium sites had a very high sorption capacity, as indicated by Cs1
max 440 

values comparable to soil CEC (Table 1), but had a non-specific affinity to cesium, as 441 

indicated by low Kd1 values (40 - 60 L kg-1 depending on the soil). 442 



The type-2 non-equilibrium sites had a fast sorption rate k+ and a slow desorption rate k-. 443 

Sorption half-times T+ of less than one hour for both soils (0.2 and 0.3 hours on average for 444 

soils S and H respectively) were shorter than mean residence time of solution in the reactors 445 

(0.96 to 3.35 hours depending on the flowrate) and indicated a fast cesium sorption. 446 

Desorption half-times T- were much longer (3 and 9 days on average for soils S and H 447 

respectively) and suggested a pseudo-irreversible cesium sorption.  448 

The type-2 non-equilibrium sites had a very strong affinity to cesium but with a very 449 

limited sorption capacity. They had a specific affinity to cesium, as indicated by large values 450 

of their theoretical equilibrium ratio Kd2 = k+/k- (3489 to 6171 L kg-1 for soils S and H 451 

respectively). Their sorption capacity Cs2
max was very small (0.04% and 0.02% of the CEC of 452 

soils S and H respectively) and indicated a very limited number of type-2 sites.  453 

Soil H had a higher cesium sorption capacity than Soil S. Distribution coefficient of both 454 

equilibrium and kinetic sites Kd1 and Kd2 were respectively 51% and 77% higher in soil H 455 

than in S. Similarly, equilibrium and kinetics sites saturations Cs1
max and Cs2

max were 456% 456 

and 260% higher in H than S. These values are in line with the contrasted physiochemical and 457 

mineralogical properties of the two soils, notably the higher CEC and clay and organic matter 458 

content of soil H compared to S (Table 1). 459 

  460 



Table 7. Fitted parameter values of the EK5 model. Values correspond to ordinary least-461 

squares estimations, and intervals correspond to conservative 95% confidence intervals. 462 

Parameter Unit Soil S Soil H 

Kd1  L kg-1 
40 60 

[34 ; 46] [49 ; 74] 

k+  L kg-1 s-1 
4.71E-03 2.45E-03 

[4.27E-03 ; 5.24E-03] [2.20E-03 ; 2.73E-03] 

k-  s-1 
1.35E-06 3.98E-07 

[1.15E-06 ; 1.59E-06] [3.07E-07 ; 5.01E-07] 

 Cs1
max mol kg-1 

1.38E-02 7.67E-02 

[1.01E-02 ; 1.92E-02] [4.94E-02 ; 1.39E-01] 

 Cs2
max  mol kg-1 

4.83E-06 1.74E-05 

[4.49E-06 ; 5.21E-06] [1.55E-05 ; 2.01E-05] 
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4. DISCUSSION 464 

4.1. Experimental design 465 

Our experimental design (combining 3 concentration levels and 2 flowrate levels in 4 466 

experiments) allowed to identify uniquely and accurately the EK5 parameters for both soils. 467 

The conditioning numbers κ (2.291 and 2.505) well below 5 indicated a posteriori that our 468 

experimental design constrained the fitted equations (3)-(4) to a unique set of parameter 469 

values (Table 8). The good identifiability of EK5 parameters was also confirmed numerically 470 

by the narrow confidence intervals of parameters, whose half-width did not exceed 16% for 471 

Soil S and 26% for Soil H (Table 7). 472 

These numerical results suggest the adoption of our 4 reactor design for future CSTR 473 

experiments aiming at identifying EK5 parameters for other soils/radionuclides. They are 474 

complementary to more formal analyses recommending at least 2 experiments for the 475 

identification of the EK3 model (Nicoulaud-Gouin et al., 2016). 476 

Considering that EK5 model well fitted the BTC curves, the EK5 parameters obtained in 477 

this study can be seen as simple but accurate indicators of sorption processes, and, as such, 478 

deserve further discussion about their physical interpretation. 479 

 480 

Table 8. Local identifiability of EK5 parameters for soils S and H, as diagnosed from the 481 

conditioning number   of the sensitivity matrix (Brun et al., 2001). The applied formulae are 482 

fully detailed in Nicoulaud-Gouin et al. (2016). 483 

 
Notation Soil S Soil H 

Eigenvalues λi  2.079 1.155 0.862 0.508 0.396 2.025 1.398 0.724 0.530 0.323 

Conditioning  

number 
  2.291 2.505 



 484 

4.2. Physical nature of type-1 and type-2 sites 485 

Since cesium sorption in soils is primarily governed by clay minerals (Bostick et al., 2002; 486 

Chorover et al., 2003; Missana et al., 2014a; Savoye et al., 2012; Shenber and Eriksson, 1993; 487 

Wendling et al., 2005), it seems plausible that the equilibrium and kinetic sites postulated by 488 

the EK5 model are an empirical typology of the various clay sorption sites.  489 

The non-linearity of Cs sorption is mainly due to the heterogeneity of the surface 490 

adsorption sites (Bradbury and Baeyens, 2000; Cornell, 1993; Eliason, 1966; Missana et al., 491 

2004; Poinssot et al., 1999; Staunton and Roubaud, 1997; Wahlberg and Fishman, 1962) 492 

which, as reviewed in  introduction, broadly includes interlayer sites with low density strong 493 

affinity to cesium but and planar sites with higher densities but lower affinity cesium. These 494 

observations have been summarized quantitatively with a simplified two-site thermodynamic 495 

model of Cs sorption on clay noted 1-pK DL/IE (Cherif et al., 2017). The first sites are 496 

governed by an ion exchange (IE) model which simulates the adsorption of Cs on negatively 497 

charged sites of planar surface of clay minerals, including outer-basal and interlayers sites 498 

(≡X-). The second sites are governed by a surface complexation (SC) model used to describe 499 

the adsorption of cations on a single FES site (≡S0-0.5) (Cherif et al., 2017 and references 500 

therein). A database of these sites densities is available for illite, montmorillonite and 501 

kaolinite minerals. Therefore, for a given soil, knowing its mineralogical composition allows 502 

the estimation of IE and surface complexation sites densities (Table 9). 503 

The densities of type-1 equilibrium sites (given by Cs1
max) and type-2 kinetic sites (given 504 

by Cs2
max) of EK5 model seem to correspond to those of IE and SC sites of clay minerals of 505 

both soils respectively (Table 9). On one hand, IE sites densities were almost identical to 506 

Cs1
max for soil S (relative error of 5%) and around two times higher for soil H. On the other 507 



hand, the offset between Cs2
max and surface complexation sites densities was of a similar 508 

magnitude for both soils (relative error of 80% and 52% for S and H respectively). These 509 

differences can be explained by : (1) the presence of other sites, mainly organic matter, that 510 

can contribute to cesium sorption (Nakamaru et al., 2007; Rigol et al., 2002; Valcke and 511 

Cremers, 1994); (2) The uncertainty related to the estimation of proportions of the clay 512 

minerals (illite, montmorillonite and kaolinite available in the soils). In fact, the XRD method 513 

used to estimate these proportions is semi-quantitative and only provides a gross estimation of 514 

these proportions (Table 1).  515 

With parameters values of Cs1
max and Cs2

max fixed to Exchange and surface complexation 516 

sites densities of the studied soils (Table 9), the model EK5 yielded satisfactory predictions of 517 

BTC (Figure 5). The model EK5 satisfactorily reproduced all the experimental breakthrough 518 

curves except for experiments S8-10 and S8-35, where predicted concentrations Cw/Ci 519 

increased towards unity earlier than observed. This is mainly due to the surface complexation 520 

sites density being slightly lower than Cs2
max which lead to a premature saturation of kinetic 521 

sites at the end of stage II of experiment S8-10. The exchange and surface complexation sites 522 

densities seem to provide a good first indicator of the sorption capacities of equilibrium and 523 

kinetic sites. However, the uncertainties associated with the proportions of minerals and their 524 

IE and SC densities may explain the imprecise estimation of the Cs1
max and Cs2

max parameters. 525 

  526 



Table 9. Exchange and surface complexation sites densities derived from the mineralogical 527 

properties of the studied soils and the properties of illite, montmorillonite and kaolinite 528 

compiled by Cherif et al. (2017). Cation exchange capacity (CEC) (from Table 1) and fitted 529 

sorption capacities Cs1
max and Cs2

max (from Table 7) are recalled here to support the 530 

comparisons given in the text. 531 

 

Soil S Soil H 

 

Min Mean Max Min Mean Max 

Ion Exchange “IE”  

sites density (mol kg-1) 
1.19E-02 1.31E-02 1.43E-02 1.53E-01 1.80E-01 2.07E-01 

CEC (mol kg-1) 1.11E-02 7.64E-02 
 

Cs1
max (mol kg-1) 1.01E-02 1.38E-02 1.92E-02 4.94E-02 7.67E-02 1.39E-01 

Surface complexation  

sites density (mol kg-1) 
6.59E-07 9.77E-07 1.30E-06 2.63E-05 3.66E-05 4.70E-05 

Cs2
max (mol kg-1) 4.49E-06 4.83E-06 5.21E-06 1.55E-05 1.74E-05 2.01E-05 

 532 

  533 



 534 

 535 

 536 

Figure 5. Cs breakthrough curves simulated by the EK5 model with Cs1
max (resp. Cs2

max) 537 

equal to the ion exchange (resp. surface complexation) sites densities (Table 9). Other 538 

parameters (Kd1, k+, and k-) were at fitted values (Table 7).  539 



4.3. Cesium sorption and reversibility on equilibrium and kinetic sites  540 

The EK5 hypothesis better reproduced the experimental results by considering that 541 

sorption sites act differently at low, intermediate and high concentrations of cesium (Figure 542 

6).  543 

At low input concentrations (10-8 mol L-1), simulated Cs sorbed on type-2 sites without 544 

saturation of sorption capacity at the end of contamination stage II (e.g. 60% for S8-10 and 545 

80% for S8-35). Simulated Cs sorption on type-1 sites was virtually inexistent (with 546 

saturation index almost at 0%) due to their much lower affinity to Cs. As a consequence, 547 

simulated Cs desorption during decontamination stage III resulted only from type-2 sites. 548 

At high input concentrations (10-3 mol L-1), simulated Cs also initially sorbed on type-2 549 

sites. However, type-2 sites rapidly reached saturation (less than one hour), and simulated Cs 550 

continued to sorb on type-1 sites without saturation at the end of contamination stage II (e.g. 551 

around 75% for S3-10 and 45% H3-10). Considering that type-1 sites held almost all the 552 

sorbed inventory, simulated Cs desorption during decontamination stage III resulted only 553 

from type-1 sites. 554 

At intermediate input concentrations (10-5 mol L-1), simulated Cs initially sorbed on type-2 555 

sites (at short times) and on type-1 sites during contamination stage II. During 556 

decontamination stage III, type-1 and type-2 sites both contributed to desorption in the 557 

opposite order. Indeed, simulated Cs initially desorbed exclusively from low affinity type-1 558 

sites. After type-1 sites were rapidly decontaminated (less than 6 hours), simulated Cs 559 

continued to desorb from high affinity type-2 sites and this process was much slower. 560 

This behavior of the EK5 model is consistent with studies evidencing specific and non-561 

specific cesium sorption in soils. In fact, several studies conducted on clay minerals (illite, 562 



montmorillonite and kaolinite) have shown that cesium sorption takes place on two distinct 563 

sites with different affinities (Benedicto et al., 2014; Brouwer et al., 1983; Missana et al., 564 

2014b; Poinssot et al., 1999; Staunton and Roubaud, 1997). The sorption isotherms obtained 565 

in these studies showed that cesium sorption depended on the cesium concentration in the 566 

solution. At low concentrations, cesium sorption was the highest and decreased when cesium 567 

concentrations increased.  568 



 569 

 570 

 571 

Figure 5. Percentage of occupied sites for type-1 equilibrium (green) and type-2 kinetic (red) 572 

sites, as simulated by the EK5 model with fitted parameters (Table 7). Cumulated flowed 573 

volume at the reactor outlet V is normalized by the volume Vr of the reactor chamber.  574 



4.4. Domains of sorption nonlinearity and non-equilibrium 575 

Rewriting the equations of reactive transport (3)-(4) can reveal when nonlinear and non-576 

equilibrium effects are significant (and the full EK5 model is required) and when linearity or 577 

equilibrium hypotheses are appropriate (and Kd or EK3 models can be used).  578 

In the case of the EK3 model, the reactive transport equations (3) and (4) have been 579 

rewritten in a simplified form by introducing the following transformations (Nicoulaud-Gouin 580 

et al., 2016): 581 

  
  

  
  
         

  
 

  

   
  
         

   

  
           

   

  
           

   
 

  
     

  
 

  
    

where Cw* and Cs2* are dimensionless concentrations in solution and on type-2 sites, t* is 582 

dimensionless time, Da1 and Da2 are ratios of sorption and desorption times to water residence 583 

time, also known as Damköhler numbers (Bahr and Rubin, 1987). In the case of the full EK5 584 

model, reactor equations (3) and (4) here write:  585 
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where R is the retardation factor due to type-1 sites. The dimensionless sorption capacity 589 

Cs1
max* of type-1 sites and the rate of occupied type-2 sites τ2 are defined by: 590 

   
     

 

  

   
   

  
            

   
   
   

 



In equation (15), type-2 sorption of a contaminant is significant if Da1 > 1, or equivalently 591 

if the half-time of the sorption reaction T+ is shorter than water residence time (T+ < Tw). 592 

Similarly, type-2 desorption of a contaminant can occur significantly if Da2 > 1, or 593 

equivalently if the half-time of the desorption reaction T- is shorter that water residence time 594 

(T- < Tw). As a consequence, the condition (Tw < T+ or Tw<T-) corresponds to the non-595 

equilibrium sorption domain, and in particular, the domain Tw << T- corresponds to pseudo-596 

irreversible sorption (Figure 7). 597 

Type-1 sorption is governed by a Langmuir isotherm (eq. 1) and tends to saturate when 598 

Kd1CW/Cs1
max exceeds 1, which corresponds to Cw greater than Cs1

max /Kd1. Quantitatively, 599 

type-1 sites are saturated at 50% when Cw is equal to Cs1
max/Kd1, and are saturated at 99% 600 

when Cw is approximately 100 Cs1
max /Kd1. Similarly, from equation (2), type-2 sorption tends 601 

at equilibrium to a Langmuir isotherm, which saturates when Cw is greater than Cs2
max/Kd2.   602 

As a consequence, dissolved cesium concentrations Cw lying in the intervals 603 

[1,100]*Cs1
max/Kd1 or [1,100]*Cs2

max/Kd2 correspond to the domain of nonlinear sorption 604 

(Figure 7). 605 

This analysis thus shows that the minimal sorption model depends on the residence time of 606 

water (Tw) and the dissolved cesium concentration in water (Cw). Three broad sorption 607 

domains can be defined and distinguished in the plane (Tw, Cw) (Figure 7): the equilibrium 608 

domain (where sorption can be described by an isotherm model, including the Kd model at 609 

trace concentrations), the linear equilibrium (where the linear kinetic approximation EK3 610 

applies) and the nonlinear non-equilibrium domain (where the full EK5 cannot be simplified). 611 

The nonlinear non-equilibrium domain indicates the reactive transport scenarios for which the 612 

EK5 model can improve the realism of predictions.  613 



For scenarios of radiocesium release in the environment, the influence of sorption 614 

nonlinearity may not be significant on reactive transport and the approximations of models Kd 615 

or EK3 may be valid. Indeed, the linear domain corresponds to dissolved concentrations 616 

below Cs2
max/Kd2, i.e. approximately below 1.4 10-9 and 2.8 10-9 mol L-1 for the studied soils S 617 

and H. In the case of 137Cs (with mass activity 3.22 1012 Bq g-1), this would correspond to 618 

maximum concentrations of 71 and 146 kBq L-1. However, nonlinear sorption may occur at 619 

much lower concentrations Cw in the presence of stable cesium in the soil and more 620 

competing cations in the solution (e.g. Fukui, 1978; Saiers and Hornberger, 1996; Flury et al., 621 

2004). 622 

On the contrary, the influence of non-equilibrium sorption on reactive transport may be 623 

critical for common hydrological conditions. In a porous medium of characteristic length L 624 

(m) and humidity   (-), a characteristic water flux density qi (m3 s-1 m-2) corresponds to a 625 

water residence time: 626 

   
  
    

 

Sorption and desorption can generally be considered instantaneous for Damköhler numbers 627 

Da1=Tw/T+ and Da2=Tw/T- higher than 100 (e.g. Bahr and Rubin, 1987). For soils S and H, 628 

sorption had very short half-lives T+ (0.2 and 0.3 h) and can be considered much faster than 629 

water residence time in a soil column for common hydrological situations. However, 630 

desorption has much longer half-lives T- (3 and 9 days) and may be often comparable to water 631 

residence time. As a result, the equilibrium model Kd may be appropriate for very slow water 632 

flows as observed in underground or deep geological nuclear waste repositories 633 

(Grigaliūnienė et al., 2020; Medved‟ and Černý, 2019; Yim and Simonson, 2000). But non-634 

equilibrium model EK3 model seems better appropriate for the fast transient contamination 635 



and infiltration conditions occurring in the unsaturated zone (Ardois and Szenknect, 2005; 636 

Brusseau et al., 1989; Maraqa et al., 1999; Testoni et al., 2017).  637 

 638 

Figure 6. Applicability domains of the models Kd (linear), EK3 and EK5 at a given time t of a 639 

reactive transport scenario with mean residence time of water Tw(t) and dissolved cesium 640 

concentration Cw(t). This representation is specific to this study, where it was observed that 641 

type-2 sorption time T+ was shorter than desorption time T-, and that the density of type-2 642 

sorption sites (Cs2
max) was much lower than the density of type-1 sites (Cs1

max).  643 



5. CONCLUSIONS 644 

This work demonstrated that non-equilibrium and non-linear processes can influence 645 

cesium sorption in conditions of reactive transport.  646 

For each studied soil, the 4 stirred flow-through reactor experiments indicated that cesium 647 

was less retarded when injected concentrations and/or flow rate increased. The proposed 648 

sorption model EK5 reproduced significantly better the experimental observations compared 649 

to simpler sorption models (Kd and EK3). It could well reproduce, with a single set of 650 

parameters, the four breakthrough curves of cesium observed for both soils in the range 10-35 651 

mL h-1 for flow rate and 10-8-10-3 mol L-1 for injection concentration. For both soils, the fitted 652 

EK5 parameters suggested contrasted conditions of cesium sorption between equilibrium and 653 

non-equilibrium sites. The equilibrium sites had a sorption capacity comparable to soil CEC, 654 

but had a low affinity to cesium (40-60 L kg-1). The non-equilibrium sites had a much shorter 655 

sorption half-time (0.2-0.3 hours) compared to half-time of desorption (3-9 days), which 656 

allows pseudo-irreversible cesium sorption at high flow rates. The non-equilibrium sites had a 657 

strong affinity to cesium (3489-6171 L kg-1) but their sorption capacity only represented 0.02-658 

0.04% of the CEC. The type-1 equilibrium and type-2 kinetic sites postulated by the EK5 659 

model are an empirical representation of soil sorption sites that seems physically sound. They 660 

seem to correspond respectively to ion-exchange and surface complexation sites of clay 661 

minerals, as suggested by the similarity between their fitted and measured sorption capacities. 662 

From a methodological standpoint, this study also showed that an experimental design 663 

combining four flow-through reactor experiments with different conditions of flow rate and 664 

injection concentration allows a precise identification of the 5 parameters of the proposed 665 

EK5 model. This study also suggested the conditions of Cs reactive transport for which non-666 

equilibrium and nonlinear effects are important and thus variants of the EK5 model may be 667 



more realistic than the Kd model. Non-equilibrium sorption effects increase when water 668 

residence time decreases and becomes comparable to the half times of sorption and desorption 669 

reactions (respectively 1 hour and 6-20 days for the studied soils). Non-linear sorption effects 670 

emerge when sorbed Cs concentration is close to sorption capacity limits of type-2 and type-1 671 

sites (approximately 1% and 99% of CEC for the studied soils). However, the applicability of 672 

proposed EK model calibrated in the laboratory for predicting the reactor transport of Cs in 673 

situ on contaminated soils has not been fully demonstrated yet. The validity and parameter 674 

values of the EK5 model derived here from stirred flow-through reactor experiments concern 675 

small representative elementary volumes and may no longer apply for complex flows in 676 

porous media where other processes of nonlinear and non-equilibrium sorption may emerge. 677 

Further experiments on soils with more contrasted physico-chemical properties (e.g. content 678 

in clay minerals) and on systems of different levels of complexity (from batch reactors to soil 679 

columns) are necessary to generalize the findings of this work. 680 
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