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Abstract 

Plastic pollution has become a major environmental and societal concern in the last decade. 

From larger debris to microplastics (MP), this pollution is ubiquitous and particularly affects 

aquatic ecosystems. MP can be directly or inadvertently ingested by organisms, transferred 

along the trophic chain, and sometimes translocated into tissues. However, the impacts of such 

MP exposure on organisms’ biological functions are yet to be fully understood. Here, we used 

a multi-diagnostic approach at multiple levels of biological organization (from atoms to 

organisms) to determine how MP affect the biology of a marine fish, the gilthead seabream, 

Sparus aurata. We exposed juvenile seabreams for 35 days to spherical 10-20 µm polyethylene 

primary MP through food (Artemia salina pre-exposed to MP) at a concentration of 5 ± 1 µg of 

MP per gram of fish per day. MP-exposed fish experienced higher mortality, increased 

abundance of several brain and liver primary metabolites, hepatic and intestinal histological 

defects, higher assimilation of an essential element (Zn), and lower assimilation of a non-

essential element (Ag). In contrast, growth and muscle C/N isotopic profiles were similar 

between control and MP-exposed fish, while variable patterns were observed for the intestinal 

microbiome. This comprehensive analysis of biological responses to MP exposure reveals how 

MP ingestion can cause negligible to profound effects in a fish species and contributes towards 

a better understanding of the causal mechanisms of its toxicity. 
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1. Introduction 

An estimated 4 to 12 million tonnes of plastic debris enter the marine environments each year 

(Jambeck et al., 2015), thus polluting virtually all marine ecosystems, from ocean gyres 

(Eriksen et al., 2014) and coastal areas (Ling et al., 2017) to polar regions (Bergmann et al., 

2017; Lusher et al., 2015) and deep sea sediment (Chiba et al., 2018). Among this pollution, 

plastic debris smaller than 5 mm, or microplastics (MP) (Moore, 2008), are today considered a 

major environmental threat to marine organisms (Avio et al., 2017). MP can be manufactured 

products such as those used as additives in cosmetics and other personal care products, or may 

arise through the degradation of larger plastic debris by UV-radiation, mechanical abrasion, and 

biological degradation (Rochman, 2018; Ter Halle et al., 2016). Given their ubiquitous nature 

and small dimensions, MP may be ingested by aquatic organisms and subsequently transferred 

along the trophic chain, and in some cases have been shown to be translocated between internal 

tissues, the hazards of which are yet to be fully understood (Chae and An, 2017; Franzellitti et 

al., 2019). 

 

To elucidate the hazards and potential toxicity associated with MP contamination, an 

exponentially growing number of in situ and laboratory studies have recently investigated the 

effects of MP on the biological functions of a variety of aquatic organisms (Franzellitti et al., 

2019). Fish appear to be particularly susceptible to MP and have been so far the most studied 

aquatic organisms. MP have been found to alter multiple fish biological functions across various 

biological levels of organization (Jacob et al., 2020), such as behavioral anomalies and 

neurotoxicity (Choi et al., 2018; Yin et al., 2018), microbiome dysbiosis (Jin et al., 2018; Wan 

et al., 2019), oxidative stress (Barboza et al., 2018b, 2018a; Wan et al., 2019), impairments of 

the digestive system (Jabeen et al., 2018; Pedà et al., 2016; Romano et al., 2018) and altered 

metabolism (LeMoine et al., 2018; Wan et al., 2019). 



Studies investigating MP toxicity to fish have used a variety of exposure concentrations, fish 

species, particle shapes, sizes and types, as well as exposure route (e.g. water and food), and 

have examined dozens of biological markers (Jacob et al., 2020). However, this variety of 

parameters has rarely been investigated concomitantly within the same experimental 

framework, limiting our understanding of the linkages between the different effects of MP 

exposure on fish (Jacob et al., 2020). This is particularly true in the gilthead seabream (Sparus 

aurata) - a keystone species in the Mediterranean Sea and an important demersal commercial 

species, which biology and physiology have been extensively studied – for which recent 

research examining the effect of MP ingestion showed contrasting results on fish growth, 

isotopic signatures, and histological damage (Alomar et al., 2021; Vàro et al., 2021). 

Elucidating the causal mechanisms of MP toxicity to fish would therefore benefit from research 

that examines wider ranges of biological markers. 

 

We performed a multi-diagnostic evaluation of the effects of MP on fish spanning different 

biological processes and multiple levels of organization. We exposed S. aurata juveniles to 

spherical 10-20 µm polyethylene primary MP through live food (Artemia salina) and examined 

a variety of biological, physiological, and histological markers in order to offer a uniquely broad 

evaluation of the impact of MP in a fish species, highlighting a wide range of biological effects 

and opening up hypotheses on the causal mechanisms underlying these effects.  



2. Material and Methods 

2.1. Fish acclimation 

A total of 200 gilthead seabream juveniles Sparus aurata (average wet weight = 3 ± 0.5 g, mean 

± SD) supplied by Les Poissons du Soleil (Balaruc-les-Bains, France) were acclimated at the 

IAEA-Environment Laboratories (Monaco) in a 500 L aquarium for 4 weeks prior to the MP 

exposure experiment. The aquarium was constantly aerated, in open-circuit, with water 

exchange rate at 80 L h−1, salinity at 38, temperature at 17 ± 0.1°C, pH at 8.0 ± 0.1, and a 12 

h/12 h light/dark cycle was applied. During this acclimation period, the fish were fed a daily 

ration of 3% of their biomass with 1.1 mm pellets (Le Gouessant, France).   

 

2.2. Diet preparation 

Live adult brine shrimp (Artemia salina) were purchased from Grebil (Arry, France). Green 

fluorescent spherical polyethylene primary MP (10-20 µm, d = 1.025), in dry powder form, 

were purchased from Cospheric (USA). Two diets were prepared: a control diet and a MP diet. 

For the control diet, we prepared 5 L glass beakers, each filled with 2.5 L seawater (at 17 °C) 

and 1.5 L of phytoplankton (Isochrisis spp.; 5.105 cell mL-1; 3-7 µm) and aerated/homogenized 

with 3 air stones connected to one air pump. For the MP diet, we applied the same procedure 

but then added 20 mg of the MP particles described above to reach a concentration of 5 mg L-

1. After 5 min of homogenization, 30 g wet weight (wwt) of alive brine shrimps were added to 

each beaker for both diets. Brine shrimps were then left for 3h before being filtered in a small 

mesh hand-net and rinsed 3 times with 500 mL seawater to remove potential non-ingested MP 

(each beaker was filtered separately). We confirmed that all non-ingested MP were removed by 

this rinsing and that no MP were present on their body external parts by visually inspecting a 

small subset of brine shrimp using an inverted stereo microscope equipped with fluorescence 

light (Olympus, Ix73). For each diet, portions of 2.5 g (wwt) were prepared and placed in a 



freezer (-20 °C) until use. The protocol of Rist et al. (2017) was used to quantify the amount of 

MP ingested by brine shrimps in the MP diet. Seven subsamples of 0.1 g (22 ± 2 brine shrimps 

per subsample) from different batches (i.e. beaker preparations) were digested. Quantification 

of MP was done visually under an inverted stereo microscope equipped with fluorescence light 

(Olympus, Ix73). A count of 115631 ± 24179 MP per gram of brine shrimp was observed, 

corresponding to 522 ± 86 MP per brine shrimp (Tab. S1). The estimated dose provided to the 

fish was thus 87 ± 18 µg per fish per day or 48180 ± 10074 MP per fish per day (equivalent to 

5 ± 1 µg or 2800 ± 840 MP per gram of fish per day).  

 

2.3. Fish exposure 

Two weeks before the exposure to the control or MP diets, 72 fish were randomly placed in six 

20 L aquaria (n = 12 fish per aquaria). Each aquarium was constantly aerated, in an open-circuit 

(water exchange rate set at 150 L h-1) receiving the same water source as during the first 

acclimation (see 2.1.). The average fish mass in the 6 aquaria was 9.0 ± 0.8, 9.0 ± 0.9, 9.0 ± 1, 

8.8 ± 0.8, 8.8 ± 0.8, and 9.0 ± 0.9 g wwt, for a total biomass per aquaria ranging between 105.48 

and 108.26 g wwt (i.e. fish density of ~5.3 kg m-3). Each aquarium was then randomly assigned 

to receive either the control or MP diet, with 3 aquaria per treatment. The first feeding started 

on the 2nd of July 2018 and the experiment lasted for 35 days. In each aquarium, fish were 

initially fed twice a day with 2.5 g wwt of the frozen brine shrimp diet (see 2.2), a daily feeding 

ration therefore corresponding to 5 ± 0.46% of fish body weight per day. Fish were weighted 

after 14 days of exposure, and, as mortality occurred, the feeding ration was regularly adjusted 

to remain at 5 ± 1% body weight per day. 

 

 

 



2.4. Fish weight and survival 

Fish weight was assessed at the beginning of the experiment (D0), after 14 days of exposure 

(D14) and at the end of the exposure period (D35). Mortality was assessed daily in each 

aquarium, permitting the calculation of daily survival curves for each diet group. 

 

2.5. Fish sampling for subsequent analyses or experiments 

At the end of the exposure, 10 fish from each diet group were haphazardly selected and were 

transferred to 4 other aquaria (5 fish per aquarium, 2 aquaria per condition) to assess Ag and 

Zn assimilation and depuration kinetics (see subsection 2.10.). All other fish (n = 28 for the 

control diet group and n = 14 for the MP diet group) were euthanized and dissected for 

subsequent analyses (see subsections 2.6. to 2.9.). 

 

2.6. Carbon and Nitrogen isotopic ratios 

Muscle samples from n = 13 control fish and n = 13 MP-exposed fish were freeze-dried and 

grounded. As lipids are highly depleted in 13C with regards to other tissue components due to 

fractionation occurring during lipid synthesis (DeNiro & Epstein, 1977), isotopic analyses were 

performed on lipid-extracted samples. Lipid extraction was performed using cyclohexane on 

powder aliquots as previously described (Chouvelon et al., 2011). Aliquots of 0.30 ± 0.10 mg 

of lipid-free powder were weighed in tin cups for stable isotope analyses. These analyses were 

performed with a continuous flow mass spectrometer (Thermo Scientific Delta V Advantage) 

coupled to an elemental analyzer (Thermo Scientific Flash EA 1112). The results are presented 

in the usual δ notation relative to the deviation from standards (Pee Dee Belemnite for δ13C and 

atmospheric nitrogen for δ15N), in parts per thousand (‰) following the formula:  

𝛿13𝐶 𝑜𝑟 𝛿15𝑁 = (
𝑅𝑠𝑎𝑚𝑝𝑙𝑒

𝑅𝑠𝑡𝑎𝑛𝑑𝑎𝑟𝑑
− 1) × 103 

where R is δ13C or δ15N, respectively. 



Based on replicate measurements of internal laboratory standards the experimental precision 

was < 0.15 ‰ for both δ13C and δ15N.  

 

2.7. Metabolomic analyses 

Livers, muscles and brains from n = 14 control fish and n = 13 MP-exposed fish were analyzed 

using Nuclear Magnetic Resonance (NMR) spectroscopy to explore how MP exposure 

influences basic metabolism. Samples were placed in Eppendorf tubes and immediately flash-

frozen in liquid nitrogen and stored at -80 °C until processing. Samples were then lyophilized 

and coarsely ground with a ceramic pestle prior to extraction of polar metabolites using a 

modified methanol:chloroform extraction (Bligh and Dyer, 1959), as previously described 

(Melvin et al., 2017, 2018). Following steps toward the investigation of metabolite profiles 

were similar to the ones described in Belivermis et al (2020) using the same type of equipment, 

software, spectra treatments and analyses (NMR being a 800MHz Bruker® Avance III HDX 

spectrometer equipped with a Triple -TCI- Resonance 5mm Cryoprobe and controlled with 

IconNMR™ software).  

 

2.8. Intestinal microbiome analysis 

Intestines from n = 4 control fish and n = 4 MP-exposed fish were dissected and stored in 

RNAlater at -80 °C prior to 16S sequencing. The samples were analyzed at the IGFL’s 

Sequencing Platform (Lyon, France) in specific clean rooms dedicated to delicate DNA 

extraction and amplification. After RNAlater removal, total DNA was extracted from samples 

in 3 different sessions with an DNeasy PowerLyzer PowerSoil extraction kit (Qiagen©) 

following the manufacturer’s recommendations with minor modifications. A mock extraction 

(no sample, only reagents) was added to monitor contamination during the DNA extraction 

process. The ION 16S Metagenomics kit (Thermo Fisher Scientific) was then used to amplify 



seven hypervariable regions (V2, V3, V4, V6, V7, V8, V9) of the 16S in 6 fragments and 2 

pools. The 16S fragments were amplified by Polymerase Chain Reaction (PCR) in duplicates 

with 30 cycles for each sample and the mock extraction. Two negative controls were also added 

at this step to monitor contamination from PCR reagents and aerosols. No contamination in the 

3 negative controls (mock extraction, PCR reagents, aerosol) was detected for 30 cycles. For 

one MP fish, no positive amplifications being obtained with 30 cycles, a second PCR attempt 

with 35 cycles was performed on this sample along with negative controls. Faint positive 

amplifications were obtained for all conditions. Barcoded libraries were constructed for samples 

and for the pool of controls that were positive at 35 cycles using the Ion Xpress Plus gDNA 

Fragment Library Preparation Kit (Thermo Fisher Scientific) following manufacturer’s 

instructions. Sequencing of bacterial 16S was performed on PGM Ion Torrent using a 318v2 

chip and generated more than 6M reads. The reads were demultiplexed and analyzed with Ion 

Reporter (Thermo Fisher Scientific) using the dedicated Metagenomics w1.1 pipeline. Data 

obtained from consensus results were visualized and heatmaps were generated using SHAMAN 

(Quereda et al., 2016).  

 

2.9. Intestine and liver histologic analyses 

Intestines from n = 5 control fish and n = 5 MP-exposed fish, and livers from n = 3 control fish 

and n = 3 MP-exposed fish were used for histological analyses. During dissection, intestines 

were separated in 3 parts: anterior (i.e. 1-cm long, right after the stomach), posterior (i.e. 1-cm 

long, right before the anus), and middle (i.e., in between the two previous section). Immediately 

after dissection, intestine parts and livers were fixed in PFA 4% at 4°C for 48 h. They were then 

rinsed and conserved in Phosphate Buffered Saline 1X at 4°C. The tissues were then dehydrated 

and embedded in paraffin. Cross-sections of 5 µm were performed using a microtome, mounted 

on glass slides and stained with Hematoxylin and Eosin. Photographs were taken with an 



Olympus microscope and analyzed using Image J software (NIH). For each intestine part (i.e. 

anterior, posterior and middle) and for each liver, a total of 6 sections were made in the middle 

of the tissue: 3 successive sections (area 1) and 3 other successive sections 1 mm further in the 

tissue (area 2).  

For each area, the highest quality (based on sectioning and staining) of the 3 sections was 

selected, resulting in 2 sections per intestine part and per liver per fish (i.e. one section for area 

1 and another for area 2). On each intestine section, we measured the following parameters: (i) 

diameter (average of the longest and shortest diameters of the intestine cross section); (ii) outer 

longitudinal muscle layer (OLML) width, inner circular muscle layer (ICML) width, and villi 

length (averages of the measures made at four haphazardly selected locations); and (iii) number 

of goblet cells and villi surface area on four haphazardly selected villi (Fig. S1). For each 

histological section, villi length was used to calculate a villi length ratio (average villi length 

divided by the average intestine diameter), and goblet cell counts and villi surface area were 

used to estimate goblet cell density (number of goblet cells per 0.01 mm²). On liver sections, 5 

haphazardly selected zones were photographed at a 40X magnification (Fig. S2). Each of these 

zones was then examined for fibrosis, hepatolysis and necrosis. Then, a grid of 20 circular 

subzones (each being a circle with a diameter of 40 µm, i.e. surface area of 1257 µm², and each 

circle being labelled from 1 to 20) was superposed on each of the photographs (Fig. S2). A total 

of 3 subzones were selected randomly (using the sample function in R). In each of these selected 

subzones, the number of hepatocyte nuclei and the number of erythrocytes were counted (Fig. 

S2), and these counts were respectively used as proxies for hepatocyte density (i.e. total number 

of hepatocytes per 1257 µm²) and hepatic vascularization (i.e. total number of erythrocytes per 

1257 µm²). These parameters were monitored n = 30 times per fish (2 areas, 5 zones and 3 

subzones per liver). In each of the selected subzones, 3 representative hepatocytes were 

haphazardly selected and measured for: (i) number of vacuoles, (ii) vacuole(s) area, and (iii) 



whole cell area. The ratio between these two areas was used as a marker of hepatocyte 

vacuolation. These measurements were therefore calculated on n = 90 hepatocytes per fish (2 

areas, 5 zones, 3 subzones and 3 hepatocytes per sub-zone). 

 

2.10. Ag and Zn assimilation efficiencies 

Determination of assimilation efficiencies of Ag and Zn by control and MP-exposed fish were 

performed using the gamma-emitting radiotracers 110mAg and 65Zn (Pouil et al., 2018a). More 

precisely, on the 20 fish (10 per diet group) that were haphazardly selected at the end of the MP 

exposure experiment, a pulse chase feeding was immediately conducted. We followed a 

protocol similar to the one used in Jacob et al. (2017). Specifically, live prey (brine shrimps) 

were radiolabeled using waterborne 65Zn and 110mAg. These radiotracers (65Zn as ZnCl2 in 0.1M 

HCl, [t1/2 = 243.9 days] and 110mAg as AgNO3 in 0.1M HNO3, [t1/2 = 246 days]) were purchased 

from Isotope Product Lab., USA. Eighty grams of brine shrimp were placed in a 10 L Nalgen® 

bottle filled with 8 L of seawater spiked with 110mAg and 65Zn (activity of 15000 Bq L-1 for each 

radioisotope) for 48 hours. The brine shrimps were then collected with a hand-net, rinsed with 

3 times 500 mL of non-contaminated seawater and paper-blotted before storage at -20 °C until 

use. In each of the 4 aquaria (2 for the fish from the control diet and 2 for the fish from the MP 

diet, 5 fish per aquaria), a single feeding of 7.5 g of these radiolabeled thawed brine shrimps 

was performed. Fish ate all the brine shrimps in less than 10 sec. Then, 2 hours after the feeding, 

individual fish were γ-counted alive (whole-body measurement) and were then returned in their 

respective aquaria. As we wanted to follow the Ag and Zn depuration kinetics in individual 

fish, each one of them was identified using a combination of two visible implant fluorescent 

filaments (NMT, Shaw Island, USA), injected on the dorsal muscle two days prior to the 

experiment. Fish were again γ-counted (same procedure) on days 1, 2, 3, 4, 6, 9, 13 and 17 post-

feeding to assess the depuration kinetics and assimilation efficiencies of the two elements (Pouil 



et al., 2018a). The γ-counting consisted of the quantification of both tracer radioactivity using 

high-resolution γ-spectrometer systems; four high-purity germanium (HPGe) N or P type 

detectors (EGNC 33-195-R, Canberra® and Eurysis®) were used and these detectors were 

controlled by a multi-channel analyzer and a computer equipped with spectral analysis software 

(Interwinner® 6, Intertechnique). The radioactivity of each radiotracer was determined using 

calibrated standards of the same geometry. Measurements were corrected for background 

activity and radioactive decay. To ensure the accuracy of the gamma spectrometric analyses 

(Cresswell et al., 2017), fish were held in tubes positioned in circular boxes filled with non-

contaminated seawater, ensuring that geometry was the same for each individual. The counting 

time was adjusted to obtain propagated counting errors typically less than 5% (Metian et al., 

2009), with run times being typically 5 to 10 min, though longer count times were required 

towards the end of long-term depuration experiment (i.e. max 20 min). Water temperature was 

stable in counting tubes and dissolved O2 concentrations were always > 3 mg L-1.  

 

2.11. Statistical analyses 

The influence of time and diet (i.e. control vs MP) on fish weight was assessed using linear 

models. The effect of diet on fish survival probability was assessed using Kaplan-Meier curves 

and log-rank test. The influence of diet on the carbon and nitrogen isotopic ratios was examined 

using a gamma generalized linear model and a linear model, respectively. NMR data was log 

transformed and auto-scaled using MetaboAnalyst, prior to being analyzed with Principal 

Component Analysis (PCA) to explore broad differences in whole-body metabolite profiles of 

the mussels. When moderate separation was observed via PCA, Sparse Partial Least Squares 

Discriminant Analysis (sPLS-DA) was subsequently applied to further highlight separation 

between treatment groups. Key metabolites contributing to metabolomic differences observed 

with sPLS-DA were identified using Significance Analysis of Metabolites (SAM). The 



influence of MP exposure and intestine part on the intestine diameter, OLML, ICML and villi 

height ratio were assessed using gaussian and gamma Generalized Linear Mixed-effect Models 

(GLMM), with fish identity and histological section as random effects. The impact of MP on 

goblet cell density was examined using gamma GLMM with fish identity, histological section 

and villi (nested) as random effects. The effect of MP exposure on the number of hepatocyte 

nuclei and erythrocyte in liver subzones were investigated using Poisson GLMM, with fish 

identity, as well as histological section, zone and subzone (nested) as random effects. The 

influence of diet on hepatocyte vacuolation, hepatocyte vacuole number and hepatocyte surface 

area were examined using gaussian, negative binomial, and gamma GLMM, respectively. For 

these models, fish identity, as well as histological section, zone, subzone and hepatocyte 

identity (nested) were used as random effects. For each model, residuals were visually inspected 

to ensure that all assumptions were met. Non-linear mixed effect models were used to quantify 

the parameters of the two-component exponential equations for the depuration kinetics of each 

element and each diet, and to compare them across diets. For all statistical analyses, the level 

of significance was set at α = 0.05. All statistical analyses, excepting metabolomics, were 

performed using R (v3.5.3.). 

  



3. Results 

3.1. Weight and survival 

Fish weight was not influenced by the presence of MP in the diet (𝐹1,197 = 3.2; p-value = 0.075), 

and significantly increased with time for both fish groups (𝐹1,197 = 100.2; p-value < 2e-16): from 

8.9 ± 0.1 g (mean ± SE) at D0, to 9.3 ± 0.1 g at D14 and 10.7 ± 0.2 g at D35 (Fig. 1a). In 

contrast, survival probability differed between diets, with lower survival in fish fed with MP-

contaminated food compared to fish fed with control food (𝜒1
2 = 10.9; p-value = 0.001) over the 

exposure period (Fig. 1b). 

 

3.2. Carbon and nitrogen stable isotope ratios 

While carbon stable isotope ratio was not affected by the MP diet (𝜒1
2 = 0.04; p-value = 0.841), 

the muscle samples of MP-exposed fish showed higher δ15N values than control fish (𝐹1,24 = 

7.50; p-value = 0.011). Nevertheless, this difference was low and the proportion of carbon and 

nitrogen in the muscles samples from both fish groups did not differ across the two diets 

(Table 1).   

 

3.3. Primary metabolite profiles 

In the liver and brain samples, 28 and 35 NMR spectral features corresponding to 10 and 15 

primary metabolites, respectively, were identified by SAM as driving the overall metabolic 

differences between control and MP-exposed fish (FDR adjusted p-values = 0.043 and 0.034, 

respectively). Specifically, relative abundances of inosine, phenylalanine, tyrosine, UDP 

glucose/galactose, glucose, mannose, betaine, sarcosine, alanine, and valine were higher in liver 

samples from MP-exposed fish vs control fish (Fig. 2a). Similarly, the relative abundances of 

1-methylnicotinamide, phenylalanine, adenosine monophosphate, N-acetylaspartate, aspartate, 

myo-inositol, creatine, glycine, taurine, gamma-aminobutyric acid (GABA), glutamate, 



glutamine, acetamide, alanine, and leucine were higher in the MP-exposed fish brain samples 

than in control fish (Fig. 2b). In contrast, the PCA of polar metabolites extracted from muscle 

tissue identified very little difference between control fish and those exposed to microplastics. 

With this outcome, no supervised multivariate analysis or additional interpretation was 

performed on muscle extracts. 

 

3.4. Intestinal microbiome 

Seven intestinal samples out of the eight gave 16S results. The MP-4, for which the 16S was 

difficult to amplify and very few reads of bacterial origin were finally obtained, was not 

considered further in the analyses. The 7 S. aurata juvenile samples (n = 4 for Control and n = 

3 for MP treatment) show different 16S profiles, with an α-diversity ranging between 17 and 

29 order overall. Three orders of bacteria were observed as most abundant in fish intestines but 

in variable proportion: Vibrionales (Proteobacteria), Micrococcales and Nakamurellales 

(Actinobacteria; Fig. 3a). At the family level, the PCoA analysis shows two groups of samples 

divided on the first axis (Fig. 3b). The first group, three control fish (CT-1, CT-2, CT-4) and 

one MP-treated (MP-1), has a high proportion of Vibrionaceae (Vibrionales >80%). The other 

group, one control fish (CT-3) and two MP fish (MP-2 and MP-3), has a more diversified 

bacterial composition with 4 main families in quite similar proportion: Demequinaceae, 

Cellulomonadaceae, Nakamurellaceae and Vibrionaceae (Fig. 3c). Among the first group, MP-

1 is characterized by a different signature with Photobacterium genus composing most part of 

the Vibrionacea while Vibrio is the most abundant genus of this family for the 3 controls. MP-

1 also shows a higher percentage of Micrococcales that is not observed in the 3 controls (Fig. 

3a). 

 

 



3.5. Intestine and liver histology 

Average intestine diameter did not vary across intestine parts (i.e. anterior, middle, and 

posterior, 𝜒2
2 = 0.248; p-value = 0.884), nor between diets (i.e. control vs MP; 𝜒1

2 = 2.47; p-

value = 0.412; Fig. S3a). This was also the case for ICML (Fig. S3c) and for villi height ratio 

(Fig. S3d), while OLML varied across the intestine parts (𝜒2
2 = 12.37; p-value = 0.002) and was 

significantly lower in MP-exposed fish vs control fish in the middle part of the intestine only 

(Fig. S3b). Goblet cell density also varied across intestine parts (i.e. the posterior the intestine 

section the higher the goblet cell density; 𝜒2
2 = 30.91; p-value = 1.937e-07) and across diets 

(𝜒1
2 = 3.91; p-value = 0.048), the latter being essentially driven by the low goblet cell density 

observed in the middle part of the intestine in MP-exposed fish (Fig. 4a,b). 

 

We found no particular pattern of fibrosis, hepatolysis, nor necrosis in livers from control or 

MP-exposed fish. While MP diet also did not affect hepatic vascularization (𝜒1
2 = 0.57; p-

value = 0.448), it lowered hepatocyte density (𝜒1
2 = 14.60; p-value = 1.331e-4; Fig. 4d). 

Moreover, hepatocytes from fish exposed to MP in their diet exhibited increased vacuolation 

(𝜒1
2 = 32.21; p-value = 1.386e-08; Fig. 4c,e) compared to control fish, but similar number of 

vacuoles (𝜒1
2 = 0.026; p-value = 0.871) and surface area (𝜒1

2 = 0.746; p-value = 0.388). 

 

3.6. Assimilation efficiency 

Whole-body depuration kinetics of 65Zn and 110mAg were best fitted against two-component 

exponential models, for both diet groups (Fig. 5a,b, Fig. S4). The remaining activity of each 

element in each group can be modelled as follow: A0s * e-Kes*t + A0l * e-Kel*t; where A0s, Kes, A0l 

and Kel are specific to each element and each fish diet group (Fig. S4) and where t is time. 

Moreover, both 65Zn and 110mAg depuration kinetics differed across diets (𝐹4,162 = 6.83; p-

value = 4.071e-05 and 𝐹4,162 = 9.75; p-value = 4.134e-07, respectively). In particular, non-linear 



mixed-effect models revealed that MP-exposed fish exhibited significantly higher A0l for 65Zn 

(𝐹1,161 = 6.73; p-value = 0.01; Fig. 5c), and a lower A0l for 110mAg (𝐹1,161 = 10.54; p-value = 

0.001; Fig. 5d).  

 

 

Figure 1. Fish weight variations (a) and survival 

probability (b) across time and diets. Fish weights 

(n = 200) were measured at the start of the 

microplastics (MP) exposure experiment, after 14 

days, and at the end (35 days) of the exposure period, 

in both the control and MP-exposed fish. Survival 

curves correspond to Kaplan-Meier curves and *** 

indicates p-value = 0.001 from the log-rank test 

comparing the survival of fish exposed to control diet 

vs diet containing MP. In both (a) and (b) lines and 

ribbons indicate model outputs with 95% confidence 

intervals, while transparent jittered circles in (a) 

indicate each data point.  



Figure 2. Hepatic (liver) polar metabolites (A) and Brain polar metabolites (B) identified as 

occurring at significantly different relative abundance in control fish compared to fish exposed 

to microplastics (MP) for 35 days, based on findings of SAM analysis. 



Figure 3. Effect of MP exposure on the composition of intestinal microbiome in juveniles S. 



aurata, based on 16S RNA sequencing. (A) Bacteria diversity observed at the order level 

between control fish (CT, black) and MP-exposed fish (MP, green) fish. (B) Principal 

Coordinates Analysis (bray distance) at the family level. (C) Barplot profiles generated for each 

sample at the family level. For every analysis n = 4 for Control and n = 3 for MP treatment. 

 

 

 

 

 

 

 



 

Figure 4. Intestine and liver histopathology of fish exposed to MP. Data are indicated as mean 

± SE, with transparent jittered circles indicating each data point. (a) Cross-section of a juvenile 

S. aurata intestine, showing a villi surface area (orange) and goblet cells (circled in red). Scale 

bar: 100 µm. (b) Variation of goblet cell density (i.e. number of cells per 0.01 mm², n = 240) 

across intestine parts and diets (gray and green circles for the control and the MP diet, 

respectively). ** indicates p-value < 0.01 from a posthoc test following gamma GLMM. (c) 

Liver cross section of a juvenile S. aurata showing vacuolated hepatocytes (see arrows for 

examples). Scale bar: 20 µm. Example of control non vacuolated hepatocyte is provided in Fig. 

S2.  (d) Variation of hepatocyte density (number of hepatocytes in 1257 µm2 subzones, n = 180) 

across diets. (e) Hepatocyte vacuolation (n = 540) in control vs MP-exposed fish. *** indicates 

p-value < 0.001 from posthoc tests following Poisson and gaussian GLMM in (d) and (e), 

respectively.   



 

Figure 5. Depuration kinetics of 65Zn (a) and 110mAg (b) in Sparus aurata juveniles (n = 170) 

over a 17-day period and in control and MP diets. Both depuration kinetics follow a bi-

exponential equation: remaining activity = A0s * e-Kes*t + A0l * e-Kel*t; with A0s, Kes, A0l and Kel 

being constant that are specific to each element and each fish diet group (Fig. S4). Lines and 

ribbons indicate non-linear mixed effect model predictions ± SE. A0l is a good indicator of 

assimilation efficiency and varied for both 65Zn (c) and 110mAg (d) across diets. Specifically, * 

and ** indicate p-values < 0.05 and 0.01, respectively, from non-linear mixed-effects models. 

In (c) and (d) gray and green circles indicate data (mean ± SE) for control and MP-exposed fish, 

respectively, and transparent jittered circles indicate each data point. 

  



Table 1. Carbon (C) and nitrogen (N) isotopic ratios and percentages in muscle samples from 

fish exposed to control diet vs microplastic (MP) diet, as well as in brine shrimp samples (whole 

body) and MP particles. %C and %N indicate the percentage of C and N in the whole sample, 

respectively. Data are indicated as mean ± SE. 

Sample n δ13C (‰) %C δ15N (‰) %N 

Control fish muscle 12 ̶18.43 ± 0.10 44.93 ± 0.24 12.92 ± 0.05 13.36 ± 0.14 

MP fish muscle 14 ̶18.41 ± 0.09 44.63 ± 0.36 13.14 ± 0.06 13.33 ± 0.22 

Artemia whole body 3 ̶20.52 ± 0.03 40.02 ± 0.25 13.261 ± 0.03 8.74 ± 0.03 

MP particles 1 ̶29.64 73.11 ̶2.392 1.39 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

  



4. Discussion 

During the past decade, the potential toxicity of MP on fish physiology and biological 

parameters has been explored in several experimental studies (reviewed by de Sá et al., 2018; 

Foley et al., 2018; Franzellitti et al., 2019). These studies have used a variety of fish species, 

MP types and shapes, and have generally considered a limited number of biological indicators 

within individual studies (Jacob et al., 2020). Therefore, no clear consensus exists on the effects 

of MP on fish or the mechanistic underpinnings leading to effects. Here, a series of toxicological 

indicators were used, spanning multiple biological levels of organization (from atomic to 

organismal levels) to better understand responses and possible physiological mechanisms in 

juveniles of a common marine fish model (Sparus aurata) exposed to PE-MP (10-20 µm). 

S. aurata were exposed to a high concentration of 48180 ± 10074 MP per fish per day, which 

is several orders of magnitude higher than exposures reported in aquatic environments, but 

which results from MP naturally accumulated by the living brine shrimps that we used as 

exposure diet. Moreover, since the goal of the present study was to investigate the toxicity and 

potential mechanisms of toxicity of MP ingestion in fish by using a wide range of biological 

markers, this high concentration was used to maximize significant effects of MP ingestion on 

those biological functions. 

 

We observed significant alterations to several biological markers in S. aurata exposed to MP. 

First, assimilation of an essential element was affected by MP exposure. Indeed, while 110mAg 

was not assimilated in either experimental treatment, Zn assimilation efficiency (AE) was 

observed to be significantly higher in MP-exposed fish (Fig. 2). While Zn AE in fish can 

occasionally be affected by environmental variable (e.g. temperature but not pH; Pouil et al., 

2018), here we shown that 35-d of MPs ingestion can influence assimilation processes of an 

essential element in juvenile S. aurata digestive tract. This could perturb proper nutrition of the 



fish since the digestive tract is not only a major uptake site for Zn but serves also as an important 

sink for Zn storage (Hogstrand and Wood, 2010). Zn is known to be essential for the proper 

maintenance of intestinal tight junctions (Guthrie et al., 2015), which have been previously 

shown to be affected by MP exposure in fish (Qiao et al., 2019). Hence, increased Zn 

assimilation may suggest a compensatory mechanism to restore intestinal tight junctions, or 

alternatively may reflect increased available Zn pools in the absence of tight junctions. Since 

Zn is implicated in a range of cellular functions (Hogstrand and Wood, 2010), these hypotheses 

are as of yet largely speculative and require further attention. On the other hand, the absence of 

MP-induced assimilation of a contaminant such as Ag, and the absence of effects of MP 

ingestion on S. aurata muscle C and N isotopic profiles, are important to note in the context of 

human consumption of this species. 

 

Changes in metabolite profiles have previously been reported following MP exposure in fish, 

but with conflicting outcomes. Consistent with our findings, Qiao et al. (2019) observed broad 

increases in most liver metabolites in zebrafish exposed to 5 µm PS-MP. Wan et al. (2019) 

showed more contrasted changes in their study, perhaps due to the type of metabolite profiling 

performed (i.e., whole zebrafish analyzed compared to specific organ), but again described an 

overall increase in most metabolites when fish were exposed to MP. This included increased 

glucose (Wan et al., 2019), which was also a prominent metabolite change observed in the 

present study. Our analysis using NMR revealed 10 and 15 metabolites were largely responsible 

for the overall differences in liver and brain of MP-exposed fish compared to controls (Fig. 3). 

Due to the relatively few studies exploring effects of MP exposure on metabolite profiles of 

fish, it is difficult to make inferences on underlying mechanisms responsible for the observed 

changes. However, by highlighting similarities emerging across these limited studies it is 

possible to identify patterns that may have relevance for possible mechanisms. Specifically, the 



studies performed thus far suggest that, after MP exposure, a collective increase in various 

metabolites occurs rather discrete changes to a few individual metabolites. This could suggest 

a general disturbance of cellular function rather than specific effects due to the interaction of 

the MPs with a distinct cellular process, as discussed by some authors (Mattsson et al., 2015; 

Tang, 2017). Indeed, Tang (2017) proposed that metabolic alterations may have limited specific 

relevance and support more the notion of broad inflammatory responses or alterations to 

nutrient uptake and assimilation. Changes observed in the brain metabolite profile could also 

possibly arise from broad effects related to nutrition. For example, the gut microbiota of 

vertebrates plays critical roles in a variety of biological processes such as nutrition, 

development, metabolism, immunity and resistance to invasive pathogens (Clemente et al., 

2012; Yamashiro, 2018). Recent studies identified links between the gut microbiota and brain 

neuromodulation (Filosa et al., 2018; Martin et al., 2018), and alterations to the gut microbiota 

can increase the gut permeability and the translocation of metabolites and bacteria through the 

intestinal barriers, potentially influencing the gut-liver and gut-brain axis (Yarandi et al., 2016). 

While no significant differences were observed between the gut microbiome of MP-exposed 

and control fish in our study some interesting trends did arise, with two distinct patterns in 

microbiome composition emerging in control and MP-exposed fish.  

 

Overall, the main dominant phylum in seabreams gut were Proteobacteria (Vibrionales, 

Alteromonadales) and/or Actinobacteria (Micrococcales, Nakamurellales). The prevalence of 

Proteobacteria in the gut microbiome of S. aurata is consistent with previous report on this 

species(Kormas et al., 2014), and in fish in general (Sullam et al., 2012). Despite the lack of 

statistical differences in the present study, the relative abundance of these two dominant phyla 

differed quite markedly between 2 MP-exposed and 3 control fish, with MP-exposed fish 

having a higher relative abundance of Actinobacteria compared to Proteobacteria, and control 



fish showing the opposite trend (Fig. 3). This was translated to a higher relative abundance of 

Micrococcales (Cellulomonadaceae, Demequinaceae) and Nakamurellales, and to a lower 

relative abundance of Vibrionales (Vibrionaceae) at the order level in MP-exposed fish (Fig. 

3). To the best of our knowledge, no studies have looked at the effect of the trophic transfer of 

MP on the gut microbiome of fish, but some studies investigated the effect of PS-MP 

contaminated water on  the zebrafish Danio rerio (Jin et al., 2018; Qiao et al., 2019; Wan et al., 

2019). While the MP type, exposure pathway, fish life stage and diet all varied between these 

studies and the current study, we nevertheless note a systematic decrease of Proteobacteria 

abundance. Importantly, Proteobacteria are known to influence fat levels in the liver of humans 

(Spencer et al., 2011), which is consistent with our observation of increased hepatocyte 

vacuolation. The gut microbiome is also tightly connected to metabolism in various organisms 

(Yamashiro, 2018), and has been shown to be affected by MP exposure in several studies (Mu 

et al., 2015; Qiao et al., 2019; Wan et al., 2019). The central role of the intestinal microbiome 

highlights an urgent need to better examine its sensitivity to MP exposure, as this could 

conceivably be a key initiating mechanism linked to all the biological impairments observed in 

this study, and in past studies. Based on these promising preliminary results, similar studies 

monitoring more individuals and taking into account, at the start of the experiment,  a potential 

initial variability in microbiome diversity of fish, may therefore be a useful tool when trying to 

understand the underlying mechanisms of  the effect of MP in fish (Fackelmann and Sommer, 

2019).  

 

In this study, MP-exposed fish showed higher rates of hepatocyte vacuolation (Fig. 5A), as well 

as lower densities of hepatocytes than control fish (Fig. 5B). The liver is one of the most 

intensively investigated organs in fish toxicological studies, due to its vital functions and key 

role in detoxification processes, energy metabolism and storage, food digestion and the 



synthesis of proteins (Hinton et al., 2017; Van der Oost et al., 2003; Wolf and Wheeler, 2018). 

At the subcellular level, vacuolation may indicate energy storage in the form of glycogen or 

lipids, or it may reflect a degenerative change caused by fluid distension of organelles and/or 

an accumulation of free fluid in the cytoplasm (Wolf and Wheeler, 2018). Such degenerative 

change have been related to energy depletion and inhibition of protein synthesis in response to 

chemical stress in liver of fish (Wolf and Wheeler, 2018). Histological damage has been 

previously observed in the liver of fish exposed to MP. Jabeen et al. (2018) reported passive 

hyperaemia, dilated sinusoids, and hydrophic vacuolization in the liver of goldfish (Carassius 

auratus) exposed to MP (fibers). Inflammatory responses and lipid droplets have also been 

reported in the liver of zebrafish exposed to 5 μm, 20 μm, or 70 nm polystyrene MP (Lu et al., 

2016). Finally, an elevated degree of tissue change has been reported in the liver of juvenile 

African catfish (Clarias gariepinus) exposed to virgin PE-MP fragments (Karami et al., 2016). 

Given the widespread reported liver impairments in fish exposed to MP, this appears as an 

important target organ of MP toxicity. 

 

Mortality was significantly higher for PE-MP-exposed fish compared to control (Fig. 1), which 

can be viewed as the highest possible toxicological response of an organism to a stressor. 

Although most previous studies have not reported significant mortality in fish exposed to MP 

(e.g. Barboza et al., 2018c; Choi et al., 2018b; Jabeen et al., 2017), increased mortality rates 

have been observed in a few studies. For example, zebrafish (Danio rerio) exposed to 10 mg L-

1 of 70 µm PP-MP via water for 10 days showed higher mortality rates than their control 

counterparts (Lei et al., 2018). The same observations were made for common gobies 

(Pomatoschistus microps) exposed to 216 µg L-1 of 1-5 µm PE-MP via water during 4 days 

(Luís et al., 2015) and for larval European seabass (Dicentrarchus labrax) exposed to ~200 PE-

MP day-1 (10-45µm) via food for 36 days (Mazurais et al., 2015). Mortality is a non-specific 



outcome that is often difficult to attribute to any particular biological alteration related to 

toxicity, and it is even more complex to understand the underlying cause of mortality in 

response to MP-exposure. The high biological complexity of organisms like fish, combined 

with the numerous possibilities for direct and indirect effects of MP on biological functions and 

the limited variety of biological indicators normally assessed, make it difficult to draw 

mechanistic conclusions about the effects of MP on fish. The use of several biological indicators 

in parallel offers some insights regarding the mechanisms behind MP-induced mortality in fish. 

MP ingestion has been shown to cause intestinal blockage and damage in various marine 

organisms, which may ultimately result in starvation, impaired digestive processes and/or 

reduced nutrient uptake (also termed nutrient dilution) ultimately culminating in reduced 

growth (Egbeocha et al., 2018; McCauley and Bjorndal, 1999; Welden and Cowie, 2016). Here, 

S. aurata juveniles exposed to PE-MP for 35 days showed no clear histological intestinal 

damage (data not shown), no altered growth and no difference in metabolite profiles or C/N 

ratios in muscle tissue (Table 1). This suggests limited to no effect of spherical virgin PE-MP 

on digestive tract integrity or subsequent nutrient assimilation in this species. These results are 

consistent with the literature showing that spherical MP are less prone to alter the integrity of 

the digestive tract of fish compared to MP fragments and fibers (Jabeen et al., 2017; Jovanović 

et al., 2018). In addition, the small dimension of the MP used (10-20 µm) would be very 

unlikely to cause intestinal blockage in juveniles seabreams. It therefore seems unlikely that 

increased mortality of MP-exposed fish observed in this study was due to food deprivation, 

starvation or affected digestion, but more probably to other mechanisms.  

 

While behavior was not a direct endpoint measured in this study, fish exposed to MP were 

observed to behave more aggressively than controls, with several attacks observed between fish 

over the exposure period (Jacob personal observation). Aggressions may therefore be a 



causative factor contributing to death of MP-exposed fish, and this warrants further study. 

Aggression is often displayed as a mechanism to cope with a social challenge or stressor in 

vertebrates (Verona and Kilmer, 2007) and may reflect alterations to the internal state of fish 

(Martins et al., 2012). Physiological stress induced by MP exposure could thus conceivably 

result in increased aggressive behavior by S. aurata. As discussed previously, several biological 

indicators of fish exposed to MP were significantly different from controls in this study (i.e. 

assimilation efficiency of Zn, metabolites in brain and liver, and hepatocyte morphology), with 

marginal effects on other indicators (e.g. gut microbiome). We hypothesize that altered 

physiological parameters, caused by MP exposure, could influence fish aggressive behavior 

thereby indirectly contributing to mortality. However, it is not possible to offer conclusive 

evidence to this effect based on the present study, and entirely possible that physiological 

effects caused by MPs are themselves directly related to the observed mortality, thus more 

research is necessary.  

 

Exposure to a high dose of 10-20 µm MP for 35 days increase mortality and resulted in broad 

modification to various biological functions of a marine fish species, the seabream Sparus 

aurata. We suggest several possible explanations for the observed mortality in MP-exposed 

fish: 1) either the combined physiological stress associated with MP ingestion caused direct 

mortality, for example through immune suppression, 2) physiological alterations resulted in 

increased aggression between fish that ultimately resulted in death, or 3) some combination of 

these. One potential bias of our results relates to an absence of physiological analyses on the 

fish that died during the exposure, which could have reduced or enhanced certain differences 

between MP-exposed fish and controls (i.e. survivor bias, Saunders and Hoppa, 1993). Hence, 

further studies are needed to explore these possibilities, and to investigate other biological 

functions such as the immunological function and behavioral state of MP-exposed fish. It is 



also worth noting that the results presented in this study do not reflect current environmental 

exposure conditions of MP encountered by fish in the wild (Mizraji et al., 2017; Nelms et al., 

2018). Instead, these results must be viewed as a proof of concept to understand the underlying 

mechanisms through with MP exposure can negatively affect fish. Further research with 

environmentally realistic exposure conditions should therefore be tested, with focus on the 

direct (i.e. Zn assimilation, liver and brain metabolomics, hepatic vacuolation) and qualitative 

effects (i.e., apparent increased aggression, altered gut microbiome) observed in this study. 

 

To conclude, this study highlights the benefits of looking over a variety of biological endpoints 

within the same experimental framework to better assess the effects of MP on fish. With 

observed effects of MP ingestion on fish survival, Zn assimilation, intestine and liver 

histopathology as well as brain and liver primary metabolite profiles, this study would benefit 

from further research examining the relationship between these defects and microbiome and 

behavioral impairments, to better understand the potentially causal and consequential 

mechanisms of MP toxicity on fish. 
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