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HIGHLIGHTS

Denitrification, DNRA, and anammox
coexist as nitrate removal processes.
Contribution of each process is deter-
mined by oxygen and light conditions.
DNRA and N,O-denitrification prevail
when oxygen and/or light are present.
Anoxia and darkness promote nitrate
reduction by combined DNRA-
anammox.

Coupled DNRA-anammox may be a rel-
evant process in reducing atmospheric
N,O emissions.
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ABSTRACT

Nitrate (NO3 ) removal from aquatic ecosystems involves several microbially mediated processes, including
denitrification, dissimilatory nitrate reduction to ammonium (DNRA), and anaerobic ammonium oxidation
(anammox), controlled by slight changes in environmental gradients. In addition, some of these processes (i.e.
denitrification) may involve the production of undesirable compounds such as nitrous oxide (N,0), an
important greenhouse gas. Saline lakes are prone to the accumulation of anthropogenic contaminants, making
them highly vulnerable environments to NO3 pollution. The aim of this paper was to investigate the effect of
light and oxygen on the different NO3 removal pathways under highly saline conditions. For this purpose,
mesocosm experiments were performed using lacustrine, undisturbed, organic-rich sediments from the Pétrola
Lake (Spain), a highly saline waterbody subject to anthropogenic NO5™ pollution. The revised >N-isotope pairing
technique (*>N-IPT) was used to determine NO3 sink processes. Our results demonstrate for the first time the
coexistence of denitrification, DNRA, and anammox processes in a highly saline lake, and how their contribution
was determined by environmental conditions (oxygen and light). DNRA, and especially denitrification to N0,
were the dominant nitrogen (N) removal pathways when oxygen and/or light were present (up to 82%). In
contrast, anoxia and darkness promoted NO3 reduction by DNRA (52%), combined with N loss by anammox
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(28%). Our results highlight the role of coupled DNRA-anammox, which has not yet been investigated in lacus-
trine sediments. We conclude that anoxia and darkness favored DNRA and anammox processes over denitrifica-
tion and therefore to restrict N,O emissions to the atmosphere.

© 2021 The Authors. Published by Elsevier B.V. This is an open access article under the CC BY license (http://

creativecommons.org/licenses/by/4.0/).

1. Introduction

Nitrogen (N) is an essential component of all living organisms and its
availability controls the function of aquatic ecosystems. Microbial pro-
cesses are controlling the Earth's N cycle for ~2.7 billion years. The micro-
bial transformation of dissolved inorganic N to gaseous N forms is a pivotal
sink that regulates the flux of N into the biosphere, being able to mitigate
the effects of excessive anthropogenic inputs. Microbial processes in the
inorganic N cycle have been widely studied in aquatic ecosystems, in
both, water and sediments. Among inorganic N species, nitrate (NO3) is
a widespread compound, being responsible for water degradation due
to excessive fertilizer use in agriculture (Spalding and Exner, 1993).
NO3™ accumulation can increase primary production in surface waters
and, as a consequence, can trigger oxygen deficiency and promote
eutrophication of surface waterbodies (Vitousek et al., 1997).

Denitrification is considered the primary process of NO3™ removal in
sediments, yielding N, as a main end product (hereafter referred to as
N,-denitrification), through a multi-step reduction process (Harrison
et al,, 2009; Fernandes et al.,, 2016; Kuypers et al., 2018). Nitrous oxide
(N,0) is an obligate intermediate of denitrification, which can also be its
main end-product (hereafter referred to as N,O-denitrification) (Trogler,
1999). Denitrification is strongly affected by oxygen availability. Despite
that N,O reductase (nosZ) activity has been considered to be inhibited at
relatively low oxygen concentrations (0.25 mg/L) (Bonin and Gilewicz,
1991), recent studies showed the presence of nosZ gene or nosZ
transcripts in potentially non-denitrifying genomes of aerobic genera like
Gemmatimonas (Orellana et al., 2014; Yoon et al,, 2016; Hallin et al.,
2018). In addition to NO3 reduction by denitrifiers, heterotrophic
bacteria in sediments may compete for NO3 in a second pathway
leading to ammonium (NHJ"), termed dissimilatory nitrate reduction to
ammonium (DNRA). Denitrification and DNRA occur in parallel under an-
aerobic conditions, and the partitioning of the NO3™ sink strength between
these two processes appears to be the function of labile organic carbon to
electron acceptor (i.e. NO3") ratio (Bonin et al., 1999). Furthermore, under
anaerobic conditions, anammox couples NHZ oxidation to nitrite (NO3 )
reduction to produce N, (Van de Graaf et al,, 1995). The activity of
anammox bacteria has been described in marine ecosystems (Thamdrup
and Dalsgaard, 2002), including deep-sea hypersaline anoxic basins (Van
der Wielen et al., 2005), and inland waters (Schubert et al., 2006; Abed
et al, 2015; Roland et al., 2018). Anammox can be promoted by DNRA
by supplying NHZ (coupled DNRA-anammox) as described in the oxygen
minimum zone of the Arabian Sea (Jensen et al., 2011).

The simultaneous occurrence of these pathways is of concern to the
N budget and to greenhouse gas (N,0) production. Indeed, reduction of
NO3™ to Ny, resulting from denitrification or anammox, leads to a rapid
release of gaseous products from the ecosystem, whereas the
alternative pathway (DNRA) keeps N in a readily available form and
thus may cause persistent nutrient enrichment (Koike and Hattori,
1978). Thus, depending on the relative importance of these pathways,
dissimilatory NO3™ reduction either transforms inorganic N to gaseous
(N3 or N,0) or reduced (NHJ) forms, causing it to be either retained
or removed from the system. Furthermore, N,O emissions have a
profound effect on the environment, because N,O is the main ozone-
depleting agent and a powerful greenhouse gas (310 times more potent
than carbon dioxide) (Ravishankara et al., 2009).

To quantify denitrification, DNRA, and anammox rates in sediments,
core incubations have been frequently used by applying the >N isotope
pairing technique ('>N-IPT) (Risgaard-Petersen et al., 2003; Roland
et al,, 2018). The ">N-IPT was firstly applied on sediment cores to

quantify N, production deriving from denitrification (Nielsen, 1992).
Since then, many studies have focused on discriminating the relative
contribution of inorganic N processes using '°N-IPT, including DNRA
and coupled DNRA-anammox (Risgaard-Petersen et al, 2003;
Holtappels et al., 2011; Hsu and Kao, 2013; Deng et al.,, 2015;
Robertson et al., 2019). Recently, an improved set of equations for
ISN-IPT have been published, allowing to estimate the contribution of
N,O production by N,O-denitrification and the contribution of DNRA
to NO3™ reduction (Song et al., 2016; Salk et al., 2017). Prior to this
revised methodology, coupled DNRA-anammox was indistinguishable
from denitrification based on isotope tracer experiments (Francis
etal,, 2007). Hence, processes such as anammox have been traditionally
underestimated, reinforcing the use of the new IPT approaches for a
complete N balance estimation.

Among aquatic ecosystems, saline lakes are highly vulnerable to
NO3  pollution. These ecosystems are mainly located in closed
hydrological systems in arid and semi-arid regions, which, combined
with low precipitation and high evaporation rates typical of arid cli-
mates, leads to the accumulation and biomagnification of many pollut-
ants compared to freshwater systems (Williams, 2002). A large
diversity and high potential activity of denitrifying bacteria have been
previously observed in saline lakes (Kulp et al., 2007; Lipsewers et al.,
2016), which was confirmed in denitrification studies at the field scale
(Doi et al., 2004; Gémez-Alday et al., 2014; Valiente et al., 2018). In
such ecosystems, variable redox conditions and the supply of organic
matter (OM) and nutrients may lead to increased N,O production by
denitrification (Huttunen et al., 2003; Liu et al., 2015). In fact, N,O
reduction to N, seems to be a rate-limiting step during denitrification
at extremely high salinities (Shapovalova et al.,, 2008). Anammox bacte-
ria have also been detected in saline systems (Yang et al., 2012;
Lipsewers et al., 2016), with a totally different community structure
than described for freshwater lakes (Wang et al., 2015). So far, however,
very little attention has been paid to the role of anammox processes in
saline lakes, and we did not find any information on the role of coupled
DNRA-anammox in these ecosystems.

As described above, oxygen plays a key role in favoring certain pro-
cesses over others. In addition, light availability can affect the balance
between NO3 removal pathways, as light enhances primary
production and the production of dissolved oxygen. This study
explores the different ways in which NO3™ is removed under highly
saline conditions, as well as how light and oxygen levels determine
the importance of certain sink processes over others. For this purpose,
we incubated lacustrine sediments from a eutrophic saline lake
(Pétrola Lake, Spain) and applied the revised '>N-IPT approach to quan-
tify inorganic N-cycling rates. We tested the hypothesis that oxygen
availability and light exposure of the water column promote denitrifica-
tion over DNRA and anammox in the sediment-water interface. Taken
together, these findings not only improve our knowledge of the mass
balance of N pollutants in saline lakes, but also of how their removal de-
pends on environmental conditions (e.g. light, oxygen) and may impact
the global scale by producing undesired by-products (e.g. N,O release).

2. Materials and methods
2.1. Study site
Samples were collected from Pétrola Lake (38° 50’ 14" N, 1° 33’ 40”

W), 35 km southwest of Albacete, Spain. Pétrola Lake (1.76 km?) is
the main wetland in the endorheic Pétrola-Corral-Rubio-La Higuera
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Saline Complex, located in a zone vulnerable to eutrophication, though
fertilizer use is restricted (Order 2011/7/2 CMA). For a detailed descrip-
tion of the study area, see Valiente et al. (2017). Despite that the Pétrola
endorheic basin was declared vulnerable to NO3 pollution by the
Regional Government of Castilla-La Mancha in 1998, it still receives a
continuous supply of inorganic N originating from inorganic synthetic
fertilizers (Valiente et al., 2018). As a result, eutrophication of the
water layer occurs, leading to the dominance of phytoplankton,
reducing light penetration, and promoting bottom-water oxygen
depletion because of bacterial decomposition. The dominant phyto-
plankton includes diatoms (Amphora spp., Nitzschia spp.), cyanobacteria
(Oscillatoria spp., Phormidium spp.), and green algae (Chlamydomonas
spp., Tetraselmis spp.) (information from Confederacién Hidrografica
del Segura, Spain, unpublished data).

The field survey was conducted in July 2015. The sampling site was
approximately 50 cm deep, located close to the lake's depocenter, with-
out any direct input of polluted freshwater streams or wastewaters. We
therefore consider it representative of the natural conditions of the lake.
To evaluate initial in situ natural conditions (NC), surface water samples
were collected, filtered through 0.45 um pore size nylon filters and
stored at 4 °C in darkness prior to further analyses. Furthermore, sedi-
ment cores (n = 3) were taken from the upper 20 cm lacustrine sedi-
ment using acrylic coring tubes (5 cm inner diameter, 20 cm length).
The coring tubes were capped at the top and the bottom with silicone
rubber stoppers, cooled, and transported to the laboratory. Once there,
the top 5 cm of each core was sliced and used for inorganic N-species ex-
traction. Afterwards, these slices were then frozen at -20 °C for further
analyses.

Mesocosm preparation for core incubations was adapted from previ-
ous works (Welti et al., 2012), except for the use of a feeding water res-
ervoir. For this purpose, acrylic mesocosms (40 cm in length, 20 cm in
diameter, containing a total volume of 12.6 L) were used for sampling
and incubation to guarantee minimal disturbance of the sediment dur-
ing sampling (n = 9). The mesocosm tubes were acid-prewashed and
then drilled into the sediment down to approximately 20 cm depth.
Then, mesocosms were filled with 2 L of lake water to maintain sedi-
ment saturation during transport. Additional lake water was collected
from the sampling point and stored at 4 °C to fill the mesocosms in
the lab. Black plastic sheets were used to cover the mesocosms to pre-
vent light penetration during transport.

2.2. Sediment incubations

In the lab, each mesocosm was filled with lake water, reaching a
water volume of approximately 6.3 L, and bubbled with either air
(oxic treatment) or argon (anoxic treatment). Each mesocosm was
tightly sealed. The upper part consisted of a screw-on lid with two
holes (2 cm inner diameter) and a rubber stopper placed in each hole.
For sample collection, a Teflon tube (4 mm inner diameter) was
installed through each rubber cap. The tube inlet was placed 1 cm
over the sediment surface, whereas the tube outlet was closed to the at-
mosphere with a three-way valve. In order to maintain water circula-
tion inside each mesocosm, a small aquarium pump was installed in
the inner wall to prevent stagnation. Mesocosms were placed in a
temperature-controlled room to mimic water temperature conditions
in summer months (25 °C; Valiente et al., 2018), with no exposure to di-
rect sunlight.

Three different treatments were studied in triplicate. Treatment 1
(OL; oxygen + light) mimicked field conditions by means of atmo-
spheric air bubbling, to provide oxygen, and normal dark-light cycles
(~ 14 h of light per day; no additional light source was used).
Mesocosms of treatment 1 (n = 3) were placed close to the room win-
dow. OL is henceforth considered as control. For treatment 2 (OD; oxy-
gen + darkness), oxic conditions in the water column were preserved
via atmospheric air bubbling. However, each mesocosm was covered
with aluminum foil to protect it from light. Finally, treatment 3 (AD;
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anoxia + darkness) maintained anoxic conditions by bubbling with a
mixture of N, and 1% Ar, and mesocosms were shielded from light.
The bubbling fluxes applied in the experiments were established
based on the maximum solubility values of N, (Hamme and Emerson,
2004) and N,O (Weiss and Price, 1980) in seawater, using a salinity
value of 50 g/L, similar to the one previously reported in Pétrola Lake
(Valiente et al., 2018). Mesocosms were equilibrated in the laboratory
until constant N-NO3™ and N-NO5™ concentrations in the water column
were reached. During the stabilization period (stage SO), physico-
chemical parameters, and inorganic N-species were monitored at 12 h
intervals, starting 12 h after collection of the sediment cores (time
-36), and finishing 48 h after field sampling (time 0) with N-NO3
concentration constantly below the limit of detection (LOD, <0.05 pM).

In order to apply the '’N-IPT approach to quantify NO3
transformation processes in the mesocosms, !°N-labeled NO3
(K'>NOs, 98 atom% at '>N) was added once mesocosm stabilization
was reached (time 0). This involved spiking with 250 umol of >NO3,
reaching a water column concentration of about 40 uM N-NOs3". After
labeled NO3 addition (stage S1), the sampling frequency and
incubation times were calculated following the NICE handbook
(Dalsgaard et al., 2000). Thus, 30 min intervals were adopted as the ini-
tial sampling rate: this was calculated as the optimal time to enable de-
nitrification to reach 90% of its steady state value, assuming in the oxic
treatment a sediment penetration depth of oxygen of 1 mm based on
previous works (Valiente et al., 2017). The frequency of sampling de-
creased at stage S2 (from time 24 h until the end of the experiment)
with respect to stage S1 (from time 0 to 24 h). In each mesocosm,
water samples (20 mL) were taken from the water column for inorganic
N-species and N-isotope analysis (N-NO3, N-NHZ, N,, and N,0) at
times 0, 0.5, 1, 1.5, 2, 2.5,3,4,5, 6, 8, 10, 12, 15, 18, 24, 30, 36, 48, 60,
and 72 h with a 50 mL syringe. Moreover, water samples (10 mL) for
physico-chemical analyses, dissolved organic carbon (DOC) and dis-
solved bound nitrogen (DNb) determination were collected at times
0.5,2,4, 8,12, 24,48, and 72 h from each collection Teflon tube using
a 50 mL syringe. At the end of the incubations, sediment samples were
obtained from the upper 5 cm of each mesocosm, homogenized using
a spatula, and used fresh for chemical analyses. Sediment samples
were frozen (-20 °C) before further analyses.

2.3. Physico-chemical analyses

Physico-chemical parameters measured included temperature, pH,
electrical conductivity (EC), total dissolved solids (TDS, used for salinity
estimation ), redox potential (Eh), and dissolved oxygen (DO). These pa-
rameters were determined directly in the surface water from site 2651
using a HQ40d Portable Multi-Parameter Meter (Hach Company, USA).
During sediment incubations, physico-chemical parameters were mea-
sured in the collected water samples. Collected water samples were im-
mediately filtered through a 0.45 um nylon Millipore® filter. Inorganic
N-species were determined directly after collection at the Institute for
Regional Development (University of Castilla-La Mancha, Spain). Deter-
mination of NOz” and NO3™ concentration was achieved by UV-VIS spec-
trophotometry via the modified Griess reaction assay as described by
Garcia-Robledo et al. (2014). NH{ concentrations were quantified by
UV-VIS spectrophotometry using the modified indophenol method, as
described by Hood-Nowotny et al. (2010). Dissolved inorganic nitrogen
(DIN) was calculated by summing up the concentrations of N-NO3, N-
NO3, and N-NHZ . DOC and DNb measurements were performed using
a Shimadzu TOC-V Analyzer with a total N measurement unit (TNM-
1) at the Institute of Inorganic Chemistry of the University of Vienna,
Austria. For DOC, samples were acidified to pH =~ 2 with 2 M HCl
followed by 5 min purging to remove all dissolved inorganic carbon.
Dissolved organic nitrogen (DON) concentrations were estimated by
subtracting DIN from the measured DNb, considering DNb as the sum
of dissolved N species (organic and inorganic N) excluding gaseous N
forms.
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Sedimentary N-NO3 (S-N-NO3 ), N-NHZ (S-N-NHJ ), and N-NO3
(S-N-NO5 ) were determined after extraction of fresh sediments
with 1 M KCl (1:7.5 (w:v)) following Hood-Nowotny et al. (2010).
Frozen sediment samples were lyophilized for 48 h, followed by
homogenization in a porcelain mortar and sieving through a 1 mm
steel sieve. Organic matter (OM) content in dried sediment samples
was determined as loss of ignition (LOI) by combusting dried
sediments for 2 h at 550 °C at the Institute of Inorganic Chemistry of
the University of Vienna, as described by Nelson and Sommers (2018).

2.4. Isotope composition of N species

The isotopic composition of N-NHZ in the water column was
determined by a microdiffusion method using MgO and acid traps
(Brooks et al., 1989; Lachouani et al., 2010). The isotopic composition
of N-NO3™ was measured in the previously microdiffused extracts by a
reduction-microdiffusion method after conversion by Devarda's alloy
to N-NHZ (Prommer et al., 2014). The recovery efficiency of the
conversion was 295% (Serensen and Jensen, 1991; Mulvaney et al.,
1997). The filter discs from the acid traps were dried and analyzed for
N content and at.% >N by elemental analyzer-isotope ratio mass spec-
trometry (EA-IRMS) using an elemental analyzer (EA 1110, CE Instru-
ments) connected via a ConFlo III interface (Thermo Fisher) to a
DELTAP'“S [RMS (Finnigan MAT) in the SILVER Lab (University of
Vienna).

To measure the isotopic composition of N, and N,O, water samples
were collected by 60-mL plastic syringes and transferred to gas tight
vials containing 1 mL 100 mM HgCl, to halt biological reactions. Each
vial was completely filled with water sample avoiding any gas
headspace. All vials were stored and shipped to the Mediterranean
Institute of Oceanography (Aix-Marseille Université, France) for the
analysis of N, (2°N, and 3°N,) and N,0 isotopic species concentrations
(**N,0, *°N,0, and *®N,0) using GC-MS (Stevens et al., 1993). Dis-
solved N, and N,0 were extracted from the samples in the vials by
introducing a 6 mL He headspace while simultaneously removing
6 mL of water sample. Sample injection was performed using a
modified head-space autosampler (TriPlus 300, Thermo Fisher) that in-
volves gas-equilibration at 65 °C for 6 min whilst shaking vigorously, so
that more than 98% of the N, and N0 equilibrium concentration was
attained (Weiss, 1970). GC-MS analysis was performed using an
Interscience Compact GC system equipped with AS9-HC and AG9-HCT
columns. N, was measured at m/z = 28, 29 and 30 corresponding to
28N,, 2°N, and 3°N,, respectively. Ar was used as an internal standard
(Minjeaud et al., 2009; Fernandes et al., 2012; Welti et al., 2012). O,
and Ar were measured at m/z = 32 and m/z = 40, respectively.
Finally, isotopic mass balance calculations were performed using
discrete time points compared to the originally added amount of
15NO,. Starting from the initial amount spiked (250 umol K'>NO3), N
concentrations and atom percent enrichments were used to calculate
the percentage of '°N recovery in specific N forms and overall.

2.5. Denitrification, DNRA, and anammox activity measurements

For '>N-IPT modeling, the revised '>N-IPT calculation procedure
(Salk et al., 2017) was applied. A detailed description of parameters
and equations is provided in the Supporting Information (Table S1).
For this purpose, our incubations were assumed to be intact core incu-
bations. The probabilities of NO3™ reduction via denitrification, DNRA,
and anammox were assumed to be equal (Song et al., 2016). Genuine
N, production via denitrification (D;4) and anammox (A;4), as well as
N,0 production via denitrification, were calculated for each time step.
Production rates were calculated according to Salk et al. (2017) for
each time point after the addition of the labeled >’NO3". Non-linear in-
crements in the >N content were taken into account by calculating
the N production rates (i.e. >’NHZ, 2°N,, 3°N,, 4°N,0, 6N,0) from the
slope of the initial time point and each specific time point rather than
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a slope of all time points. Thus, a total of 20 rates of each process were
calculated for each mesocosm. Ratios of “NO3:!°NO5 (r;4) and
TNHZ :">NHZ (r144) were calculated and used as base parameters for
activity calculations. The applied methodology allowed distinguishing
between N, production via coupled DNRA-anammox and via canonical
anammox (using non-DNRA-derived NHZ ). DNRA rates were calcu-
lated using the production of '>NHZ, and of 3°N, for anammox, over
time. However, this model cannot discriminate between >NO3
assimilation and subsequent remineralization of OM to '>NHJ, and
DNRA. Thus, the DNRA rate may include both processes. The sum of
N, production by denitrification and anammox, together with N,0
production via denitrification, is designated as ‘Total N loss’. The ‘Total
NO;3 reduction’ adds the DNRA rate to the previous estimate. In addition
to this isotope-based approach, specific fluorescence in situ hybridiza-
tion (FISH) probes were used to detect microorganisms capable of
performing such processes (Table S2). Methodological details about
FISH can be found in the Supporting Information.

2.6. Statistical analysis

Changes in chemistry and rates of N-loss processes over time as well
as at the end of the incubation were assessed using one-way analysis of
variance (ANOVA), followed by the Tukey's post hoc test (homogeneous
variances) or by the Games-Howell post hoc test (heterogeneous
variances). To assess differences in the hydrochemical conditions
between initial (n = 1) and final conditions (n = 9), one-sample two-
tailed t-tests were used. Results of statistical tests were considered to
be significant at a confidence level of 95% (o« = 0.05). All tests were
performed using SPSS-IBM Statistics software.

3. Results
3.1. Differences between treatments in chemical parameters

Differences between initial (NC_4g; time -48 h) and final conditions
(OL7,, OD7;, and AD7,; time 72 h) were assessed for the three
treatment groups (Table 1). For inorganic N-species in the water
column, the final N-NO3™ and N-NO, concentrations were below LOD.
N-NHZ concentrations increased significantly (t-test, p < 0.05)
between NC_4g and final conditions in the treatments OL7, () =
8.33), OD; (t(2) = 17.89) and AD7; (t(2y = 19.23). Furthermore, there
was a significant effect of light on the N-NHZ concentration (Fip,6) =
15.98). Tukey's post hoc tests indicated that the final N-NHj
concentration in OL7, (139 4 15.7 pmol/L) was significantly lower
than in OD; (175 £ 10.9 umol/L) and AD7, (198 4+ 12.2 pmol/L). N,
and N,O final concentrations (time 72 h) did not show significant
differences between treatments (F 6 of 0.55 and 0.54, respectively).

DOC concentrations increased significantly between NC_45 and final
conditions in OL7, (tzy = 6.30) and OD7; (t) = 9.89), but not in
AD7; (t2) = 3.79). Between treatments, there were no significant
differences in DOC (F(;6) = 0.91). DNb and DON concentrations did
not change over time (p > 0.05), and did not differ between treatments
(F(26) of 1.28 and 0.95, respectively). The contribution of DON to DNb
(DON:DNb) decreased significantly between NC.4 and final
conditions in all treatments (OL7,, t2) = -26.4; OD7y, t2) = -6.89;
AD7;, t2) = -8.28), and differed between treatments (F,6) = 5.31).
Between initial (8.70, NC_4g) and final conditions, values decreased
significantly for pH (OL7y, t2y = -17.14; ODy,, t2y = -10.26;
AD72, t(z) = -643) and Eh (OL72. t(z) = -7.81; OD,, f(z) = -8.88;
AD75, t(2y = -5.15) in the three treatments. Between treatments, only
pH showed significant differences (F6) = 5.37). At the end of the
experiment, the highest mean pH values were found in the oxic
treatments, being slightly higher than the mean pH measured in the AD
treatment (Table 1). Salinity, estimated as TDS values, was around the
hypersaline limit (50 g/L), with values ranging from 45.1 g/L (NC_4g)
to 50.1 g/L (AD7). In the sediment samples, LOI (F3sy = 0.50) and S-N-
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Table 1
Mean values (+SD) of physico-chemical parameters in water and sediment for the experiments at the beginning and at the end of incubations.
Treatment Conditions water column  pH Eh DO EC TDS DOC DNb DON
(mV) (mg/L) (mS/cm) (g/L) (mmol/L) (mmol/L) (mmol/L)
NC.4s (%) Natural conditions (lake) 8.70 +135.1 4.26 72.1 45.1 16.3 1.07 1.00
OLy, (n = 3) Aeration and light 7.89 +£ 0.08  -105.7 + 28.1 6.46 £ 026 759 +£390 455+330 270+29 112+ 017 098 + 0.16
OD7, (n = 3)  Aeration and darkness 793 £ 013 -1143 + 410 640+ 073 768 +0.86 471+ 056 3134+26 130+015 112 +0.15
AD7, (n = 3)  Anoxia and darkness 740 +£ 035 -370.7 + 751 0.08 £ 0.02  80.9 + 0.91 50.1 + 0.80 287 &£ 5.7 121 £0.08 1.01 & 0.09
Treatment DON:DNb N-NO5 N-NHy4 N-NO, N, N,0 Lol S-N-NO S-N-NH4 S-N-NO,
(%) (pmol/L) (pmol/L) (umol/L) (mmol/L) (mmol/L) (%) (umol kg ™) (mmol kg!) (umol kg™)
NC 45 (%) 93.2 9.25 63.1 BLD na. na. 8.50 + 2.06 17.1 + 2.78 1.28 4+ 037 BLD
OLz, (n = 3) 875 £ 0.5 BLD 139 + 15.7 BLD 6.07 + 0.28 0.52 + 0.05 8.84 + 1.56 684 + 134 0.60 £+ 0.27 BLD
0D, (n = 3) 864 + 1.7 BLD 175 + 109 BLD 5.88 + 0.02 2.28 + 2.69 8.51 + 1.46 64.6 + 24.4 122 +£ 0.76 BLD
AD7; (n = 3) 83.5 + 2.0 BLD 198 + 12.2 BLD 6.27 £ 0.74 2.23 + 3.09 9.90 + 1.31 732 + 16.0 1.83 £ 0.27 BLD

(*) At NC_45: n = 1 in water samples for determination of all the chemical parameters, as it corresponds to the in situ conditions in the lake; n = 3 in sediment samples (LOI, S-N-NO3, S-N-
NHZ, and S- N-NO3). Subscripts indicate time of sampling: initial (-48 h) or final (72 h). Eh: redox potential. DO: dissolved oxygen. EC: electrical conductivity. TDS: total dissolved solids.
DOC: dissolved organic carbon. DNb: dissolved bound nitrogen. DON: dissolved organic nitrogen. LOI: loss of ignition. BLD: below limit of detection. n.a.: not available.

NH4 (F38y = 3.54) did not differ (p > 0.05) between NC 45 and final
conditions or between treatments. Significant differences were found in
S-N-NO3 " concentrations over time (Fi3g) = 7.81), but not between
treatments.

3.2. Hydrochemical evolution

The complete evolution of N-species over time is included in the
Supporting Information (Fig. S1). During the stabilization period (S0),
N-NO3™ was absent from the water column. Immediately after tracer
addition (time 0), N-NO3™ increased markedly and then gradually
decreased (stage S1), declining fastest in the AD treatment (anoxia
and darkness). During the final stage (S2), N-NO3™ remained below
LOD. This trend was also observed in Fig. 1, where >N evolution is
shown over time. There, °NO3™ reached the maximum concentrations
at 6 h (OL treatment), 12 h (OD treatment), and 1 h (AD treatment),
and was completely removed from the water column within the first
36 h (OL and OD), or even faster (12 h, AD treatment). N-NO3 peaked
during stage S1, paralleling the decrease in N-NOs". Subsequently, N-
NO> decreased faster in treatment AD than in the oxic treatments (OL
and OD), as observed for N-NOs, and remained below LOD. In
contrast, N-NHJ in the water column increased over time in all
treatments. The concentration moderately increased during the
stabilization period (SO) in all treatments (Fig. S1). From the addition
of the labeled NO3 onwards, N-NHZ increased (with small
oscillations) coupled with a constant increase in >NHZ (Fig. 1) up to
18 h of incubation. This increase was more pronounced in the AD than
in the OD and OL treatments. From 24 h to the end of the incubation,
N-NHZ concentration increased, whereas '>NHZ tended to stabilize.
Concentrations of N, were measured starting with the addition of the
5NO3. In general, Fig. S1 showed a stable concentration of N, over
time (above 6 mmol/L), with small peaks in the first 12 h of
incubation (positive for the OL and AD treatments, negative for the OD
treatment). By comparing these data with >N, evolution data (Fig. 1),
small variations in both 2°N, and 3°N, were observed after the tracer
addition, where the sharp increase of N, in the OD treatment at 48 h co-
incided with an abrupt rise in 3°N,. Considering N,O evolution, a
different pattern was observed than that described for N,. An
increasing trend was observed in N-N,O in all three treatments. 4N,0
accumulated towards the end of the incubations, especially in
treatments OD and AD, with total N,O concentrations above
2.0 mmol/L. Finally, the solubility of N,O at 50 g/L of salinity and 25 °C
was 14.25 mmol/L, whereas the solubility for N, at the same
conditions was significantly lower (0.43 mmol/L). Therefore, N,
oversaturation was observed in the water column.

In addition, the >N mass balance was calculated to detect whether gas
bubbling (atmospheric air or argon to maintain aerobic or anoxic states)

and differences in solubility may strip 2°N, and 3°N, faster than “°N,0
and “°N,0 (Supporting Information, Fig. S2). Mean '°N recoveries were
92% for OL (from 79 to 108%), 94% for OD (from 67 to 125%), and 93%
for AD (from 73 to 126%). Mass losses of 6-8% based on whole-system
15N recoveries are very small and may derive mainly from the accumula-
tion of errors in the >N measurements (concentrations and at.%'°N en-
richments) of 5 dissolved and gaseous N pools. Therefore, we consider
that there were no significant N losses deriving from gas bubbling.

Finally, Fig. S3 (Supporting Information) shows the whole evolution of
physico-chemical parameters during the incubations. The evolution of
DOC and DON in the water column showed stable concentrations during
the stabilization period (S0), followed by a sharp increase in S1 after tracer
addition. After that, DOC tended to decrease towards the end of the exper-
iment, while DON had a tendency to stabilize. Moreover, pH values de-
creased in the three treatments during the whole incubation, from an
initial pH of 8.70 measured in situ to pH 7.89, 7.93, and 7.40, for the treat-
ments OL, OD, and AD, respectively. Eh dropped during the stabilization
period (S0), especially in the AD treatment, followed by negative values
during S1 and S2, with a small rise after tracer addition.

3.3. Measured rates of N-loss processes

Regarding N-loss processes, the coexistence of denitrification, DNRA,
and anammox was confirmed by FISH analyses (Fig. S4). Mean (+ stan-
dard deviation) and maximum rates are presented in Table 2.
Among treatments, significant differences were only found for DNRA
(F2.161) = 10.0). Games-Howell post hoc tests indicated DNRA depends
on oxygen levels in the water column, distinguishing between AD
(2.80 + 2.56 mmol N m2 h!) and OL (1.54 + 1.53 mmol Nm™?h™")
or OD (1.35 4 1.20 mmol N m2 h™!) treatments.

Within each treatment, significant differences were found among
processes over time. DNRA and N,O-denitrification showed significant
time-related differences in the OL treatment (Fs 47 of 5.70 and 3.82,
respectively). These processes, together with N, produced by
anammox (hereafter referred to as N,-anammox) in the interval 3-6 h
of incubation, were shown as the dominant ones according to Game-
Howell post hoc tests. In the OD treatment, significant differences
among processes were found in the interval 3-24 h of incubation. At
that time, DNRA and N,O-denitrification rates were higher than other
process rates (Fs49) of 6.89 and 3.53, respectively). Games-Howell
post hoc tests showed that DNRA was the dominant process in the OD
treatment between 3 and 6 h of incubation, and then, up to 24 h of incu-
bation, DNRA was co-dominant with N,O-denitrification. Finally,
significant differences were found in the AD treatment between DNRA
and the other processes from 3 h of incubation onwards (F(550) =
3.32). Games-Howell post hoc tests indicated that DNRA was the
dominant process up to 48 h.
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Fig. 1. "N evolution over time. Changes in '>NHZ, ">NO3, 2°N,, **N,, 4°N,0 and “°N,0 concentration from the time of '°>NO3 addition onwards (stages S1,0 - 24 h, and S2, 24 - 72 h). Error

bars represent 41 standard deviation.

4. Discussion
4.1. N-removal over time

The study of N-removal processes in sediment core incubations is
often complicated and the processes are hard to measure, due to the

high background N, concentration in the environment. In recent
years, much progress has been made in determining inorganic N pro-
cesses such as anammox or DNRA using isotopic pairing approaches
(Minjeaud et al., 2009; Song et al., 2016; Salk et al,, 2017). However, en-
closure effects such as the development of anaerobiosis during incuba-
tion or the measurement of N, have remained problematic, across all
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Table 2

Mean (+SD) and maximum rates of N-loss processes after 72 h of mesocosm incubations.

N-conversion rates (mmol N m™ h™')

N,-Anammox DNRA

Canonical anammox

Total NO3 reduction N,-Denitrification N,O-Denitrification DNRA-Anammox

Total N removal

Mesocosms

Max

Max Mean

Mean

Max

Mean

Max

Mean

Max
6.89

12.3

Mean

Max

Mean

Max
10.5

Mean

Max

Mean

5
.59

5.01
3.6
5
5.59
2.01
1
3.94
441
8.68
8.64

44

+1.57)
+1.25)
+1.53)
+1.16)
+1.20)
+221)
+ 2.36)
+ 2.56)

1.50
1.29
1.80
1.54
0.76
1.79
1.38
1.35
2.89
2.98
2.53
2.80

1.52
3.38

45
3.38
0.09
6.96
4.53

0.24
0.77
0.24
0.41
0.01
0.77
0.25
0.37
0.12
0.99
1.82
0.96

0.42
1.26

78
1.26
0.04
3.34
2.05
3.34
0.66
1.84
7.26
7.26

0.07
0.22
0.09
0.12
0.00
0.36
0.11
0.17
0.04
0.33
1.02
0.46

1.10

49
1.66
249
0.05
3.62
2.48
3.62
1.33
5.73
5.36
5.73

0.17
0.55
0.15
0.29
0.00
0.41
0.14
0.20
0.08
0.66
0.80
0.51

9.78
12.29
7.65
531
9.81
9.81

1.85
1.39
2.03
1.76
143
1.70
3.07
2.10
440
0.40
0.75
1.87

0.85
0.07

46
0.85
1.00
0.70
833

0.13 (£ 025
0.00 (+ 0.02
0.03 (+ 0.11
0.05 (+ 0.16
0.10 (4 0.28
0.08 (+ 0.17
1.03 (+ 259
041 (+ 157
0.00 (= 0.00
1.79 (+ 3.93
0.58 (+ 1.95
0.80 (+ 2.61

15.9
1
15.9
7.65
4
16.7
16.7
22.1
19.7
253

>6.43 (& 6.56)

3.72
3.46
4.09
3.76
2.30
433
5.73
422
7.41
6.16
5.68

6.88

9.78
123
11.0
14.7
14.7
21.0
19.7
135
21.0

+2.13)
+3.42)
+2.71)
+2.10)
+ 2.56)
+4.73)
+351)
+ 6.00)
+ 5.64)
+5.30)

2.22
2.16
2.29
2.23
1.54
2.54
435
2.87
4.52
3.18
3.16
3.63

20)
0)

OL-1 (n = 20)
OL-2 (n = 20)
OL-3 (n = 20)
OL (n = 60)
OD-1 (n = 20)
0D-2 (n = 20)
0D-3 (n = 20)
0D (n = 60)
AD-1(n =
=2
n = 60)

AD-2 (n
AD-3 (n
AD (
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incubation methods for decades (Groffman et al., 2006). In our study, to
get around these biases, we have combined the gas flow core technique,
widely used for the quantification of N, and N,O production
(Wickramasinghe et al., 1978; Nowicki, 1994; Wang et al., 2011; Liao
et al,, 2013), with a >N pool dilution approach. The gas flow core
technique has several advantages: i) it is non-destructive; ii) no inhibi-
tor is needed; and iii) stable oxygenation conditions can be easily
established, which is of significant importance for studies of semi-
natural environments. In addition, we addressed the problem of N,
measurement by basing our measurements on Nj:Ar ratio
measurements (Eyre et al., 2002; Smith et al., 2006; Fulweiler and
Nixon, 2012; Zhao et al., 2015).

Three different treatments were applied during the sediment incu-
bations, by modifying oxygen and light conditions in the water column.
The darkness treatment mimics the reduction of light derived from en-
hanced development of planktonic organisms, as commonly observed
in shallow eutrophic lakes (Cristofor et al., 1994). In shallow lakes,
wind-driven water mixing contributes to avoid anaerobic bottom
water conditions (Utsumi et al., 1998). However, shallow eutrophic
lakes may exhibit extreme fluctuations in dissolved O, concentrations,
undergoing anoxia as a result of the collapse of phytoplankton blooms
(Robarts et al., 2005), together with high sediment oxygen demand
(Mallin et al., 2006). These conditions are found in Pétrola Lake, and
therefore, the study of the treatments explained above in this study
were: OL (oxygen + light), OD (oxygen + darkness), and AD (anoxia +
darkness).

Concerning the removal of N, in form of added '>NO3, the evolution
of N-NO3™ and N-NO; showed a well-defined NO3™ reduction pattern in
all treatments (Fig. S1). N-NO3 decreased during S1, being removed in
the first 36 h in the three treatments. This decrease in N-NO3
concentrations, together with the intermittent conversion of NO3™ to
NO3, suggests the existence of assimilatory and/or dissimilatory NO3~
reduction processes. In the final stage of the experiment (S2), N-NO3"
was below LOD. Significant inputs of NO3 may also promote
phytoplankton blooms of diatoms, what we observed after '>NO3"
addition in the light treatment (OL). However, N-NO3 decreased the
fastest in the AD treatment (Fig. S1), suggesting that NO3™ reduction
primarily was driven by heterotrophic bacteria. Thus, the existence of
NO3 reduction pathways is the most plausible explanation. The
decrease in water column pH was probably due to the release of
organic acids and CO,, both produced from labile organic carbon
during microbial metabolism (Herndon et al., 2015). The existence of
microorganisms capable of carrying out these processes was also
proven by FISH (Fig. S4). Based on our isotope data, microbially medi-
ated processes (i.e. denitrification, DNRA, and anammox) were respon-
sible for the reduction of the added NOs. The average contribution of
each process to total N removal and NO3™ reduction was calculated for
each mesocosm and treatment (Fig. 2). Furthermore, the evolution of
the participation of each pathway to NO3™ reduction is shown in Fig. 3.

As stated above, a sharp decrease in N-NO3™ concentration was
observed in all the treatments after the addition of the tracer.
Simultaneously, there was no accumulation of N-NO3™ in the water
column, which suggests the rapid consumption of NO3 by both,
denitrification and anammox. On average, anammox cooontributed
less to total N removal compared to denitrification (Fig. 2). However,
its contribution to NO3™ reduction was most relevant in the first hours
of incubation: up to 6 h in the OL treatment (on average 18.0%), up to
2.5 h in the OD treatment (on average 20.1%), and up to 4 h in the AD
treatment (on average 18.1%) (Fig. 3). However, anammox lost promi-
nence over time in the first two treatments. In parallel, a remarkable ac-
cumulation of N-NHJ in the water column was observed in all
treatments from time O onwards. Although processes such as OM
remineralization and sedimentary release may increase NHZ in the
water column (Kalvelage et al., 2013), DNRA seems to have played the
crucial role in the NHZ accumulation. During the stabilization period
(SO stage), the absence of NO3” may have hindered the activity of
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Fig. 2. Contribution of each pathway to total N removal and to NO3™ reduction. Proportion of N»-denitrification, N,O-denitrification, and anammox to total N removal (left). Contribution of
DNRA, N,-denitrification, N,O-denitrification, and anammox to NO3™ reduction (right). Rates were measured under three different incubation conditions (treatments OL, OD, and AD).

DNRA bacteria, and the increase of NHZ in the water column must
therefore be a consequence of the rapid release from decaying
cyanobacteria, as demonstrated by others (Gao et al., 2013). The small
oscillations observed through S1 (up to 24 h) were the result of
fluctuations in N-NH{ production (DNRA and water-column OM
remineralization) and consumption (anammox, NHZ assimilation, and
nitrification). The contribution of anammox to total N removal has al-
ready been highlighted during the first hours after tracer addition. Re-
garding DNRA, its contribution to NO3™ reduction reached maximum
values during the same period: 60.2% in the OL treatment (at 4 h),
65.9% in the OD treatment (at 5 h), and 80.0% in the AD treatment (at
4 h). While DNRA was the major NO3™ reduction pathway during the
whole S1 period in the AD treatment (on average 50.0%), this was not
the case for the OL and OD treatments (on average 42.1% and 37.8%, re-
spectively). DNRA remained the major NO3™ reduction pathway in the
AD treatment during the S2 period (on average 56.7%), providing the
highest N-NHZ concentrations at the end of the incubation (198 +
12.2 umol/L; Table 1). Although DNRA was not the main process in the
OL and OD treatments, N-NHZ™ accumulation in the water column was
observed through S1 and S2 stages, which can be also attributed to
sedimentary OM remineralization after algal bloom collapse (Garcia-
Robledo and Corzo, 2011). This can be supported by DOC and DON mea-
surements. A sharp increase of DOC was observed in all the treatments

during the S1 stage (Fig. S3), which likely derived from the phytoplank-
ton bloom collapse. Afterwards, DOC concentrations decreased as a re-
sult of heterotrophic bacterial metabolism. DON values also supported
this, as the decreasing DON:DNb ratios underline the role of OM
remineralization throughout the incubation (Table 1).

Concentrations of N, remained almost constant throughout the
incubations (~ 6 mmol/L; Fig. S1). N, oversaturation may result from
inorganic N reduction processes and N, accumulation in the water
column, when atmospheric equilibrium has not yet been reached
(Weiss and Craig, 1973; Wenk et al., 2013, 2014). Small changes in
both 2°N, and 3°N, were observed after the addition of '>NO5". During
the hours after the tracer addition, the production of 3*°N, can be
attributed either to denitrification or to coupled DNRA-anammox, by
combining the DNRA substrate ('>NO3) with the DNRA product
(>NHZ) (Holtappels et al., 2011). In the OD treatment, a sharp increase
in 2°N, was observed after 48 h, which is attributed to denitrification or
to canonical anammox (Song et al., 2016). This is also supported by
Fig. 3, as at this time both processes accounted for 10.1% of total NO3”
reduction. In contrast, the evolution of N,O showed an accumulation
of total N,O over time, especially in the OD and AD treatments
(Fig. S1). N,O-denitrification was the main N removal pathway
(Fig. 2). However, increases in both “°N,0 and “®N,0 over time did
not follow the same trend as total N,O, which is discussed below.
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Fig. 3. Evolution of the contribution to NOj3 reduction over time. Proportion of N,-denitrification, N,O-denitrification, DNRA, and anammox under three incubation conditions (treatments
OL, OD, and AD). Proportions of each process were measured at twenty different incubation times, in triplicate per treatment and time. Recovery percentages of initial >N added at each
time is shown above the bars. Detailed mass balances are reported in Fig. S2. n.a.: not available.
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4.2. N,0 production

A general increase in N,O over time was observed in all the
treatments (Fig. S1). ANOVA results shown in Section 3.3 provided evi-
dence of a (co-) dominant role of N,O-denitrification in the OL and OD
treatments, accounting for 82% and 81% of N removal, respectively
(Fig. 2). The contribution of N,O-denitrification to total N loss was sig-
nificantly higher than reported for aquatic sediments in other studies
(< 8.6%; Risgaard-Petersen et al., 2003; McCrackin and Elser, 2010).
The treatments OL and OD showed mean N,O-denitrification rates of
1.76 (£ 2.58) and 2.10 (= 2.24) mmol Nm2h™!, respectively. Such high
values have been reported previously only in tropical wetland soils (up
to 1.56 mmol N m2 h'!; Liengaard et al., 2014) and estuarine sediments
affected by agricultural activities (up to 4.85 mmol N m2 h’';
Salahudeen et al., 2018) (Table 3). These results support the evidence
from previous observations (Huttunen et al., 2003), which showed
that lakes subjected to elevated N inputs are an important source of
N,O emissions.

The AD treatment showed a similar average value of N,O-
denitrification (1.87 & 3.99 mmol N m™ h™!) as the treatments OL and
0D, being similar to rates reported for pristine mangrove sediments
(up to 0.67 mmol N m h'!; Fernandes et al., 2010), but higher rates
of N,-denitrification than OL and OD. Therefore, N,O-denitrification
showed a smaller yet still dominant contribution to total N removal in
the AD treatment. A possible explanation for this pattern is that N,O
reductase activity is sensitive towards oxygen (Bonin and Gilewicz,
1991), being partially inhibited in the treatments OL and OD in the pres-
ence of dissolved O, (~ 6.4 mg/L in the water column), thereby
inhibiting N,-denitrification under aerated conditions. Overall, N,O-
denitrification showed a significant contribution to NO3™ reduction
during the whole sediment incubations, together with DNRA (Fig. 3).
In terms of NO3™ reduction, when N,O-denitrification was of greater im-
portance, DNRA and anammox showed a smaller contribution to NO3
reduction, and vice versa. N,O-denitrification showed the lowest contri-
bution to NO3™ reduction when DNRA and anammox were of greater im-
portance. The contribution of N,O-denitrification dropped to 14.0% in
the OL treatment (at 5 h), 13.4% in the OD treatment (at 2.5 h) and
12.2% in the AD treatment (at 4 h). These results support previous stud-
ies that have shown that denitrification and DNRA compete for oxidized
N compounds (van den Berg et al., 2017a, 2017b).

Studies on the role of N,O-denitrification in saline aquatic environ-
ments are mainly restricted to marine ecosystems. The high measured
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rates in this hypersaline lake may be explained by the combination of:
i) high biological activity after >’NO35 addition in the absence of
nutrient limitation; and ii) low N,O reductase activity in the OL and
OD treatments. If denitrification was the sole source of N, and N,0,
the different patterns observed for 2°N, and *°N,0 (Fig. 1) cannot be
explained, as the proportions of 2°N, and 3°N, at steady state
conditions would match the proportions of 4°N,O and “N,O
(Trimmer et al., 2006). Differences in 2°N, and #°N,0 can be attributed
to anammox due to an imbalance of the proportion of >N by
producing 2°N,. However, nitrification also produces N,O during its
first step. This step involves the oxidation of ammonia (NH3) to NO3
by ammonia-oxidizing archaea (AOA) and ammonia-oxidizing bacteria
(AOB). To reveal the contribution to N,O production by ammonia
oxidation through AOA and AOB, we calculated gross nitrification
rates based on isotope dilution principles. Unfortunately, the obtained
rates were below LOD, meaning that nitrification plays a minor role in
this system. In order to shed light on it, another type of mesocosm ex-
periments would be needed to measure the contribution of ammonia
oxidizers to N,O production, which was not the focus of this study.
During N, production, the evolution of 2°N, and *°N, over time was
highly similar (Fig. 1), suggesting a common production mechanism.
According to IPT calculations, N»-denitrification showed the highest
rates at the beginning of the incubation (AD, < 13 mmol N m™2 h!).
The mean N, production rate attributed to denitrification in the OL
treatment was 0.05 mmol N m2 h™!, in accordance with intact estuarine
sediments (0.036-0.155 mmol N m™ h!; Trimmer et al., 2003), and
contributed on average 4% to total N removal (Fig. 2). N,-
denitrification played a greater role in NO3™ reduction under darkness,
removing 11% and 13% of the total N in the OD and AD treatments, re-
spectively. These results agree with earlier observations (Risgaard-
Petersen et al., 1994), which showed reduced denitrification rates asso-
ciated with light exposure and photosynthesis by benthic microphytes.
In the OD treatment, the mean production rate was 0.41 (+ 1.57) mmol
N m2 h! by N,-denitrification (Table 2). These values are similar to
those reported for marine environments, like Heron Island
(0.48 mmol N m™ h™'; Eyre and Ferguson, 2009) and Randers Fjord
(0.34 mmol N m™ h''; Risgaard-Petersen et al., 2004) (Table 3). Highest
N,-denitrification rates were found in the AD treatment, with an aver-
age value of 0.80 (& 2.61) mmol N m™ h™!. These results are close to
those reported by Erler et al. (2008) (0.652-0.966 mmol N m™2 h'!),
where denitrifiers coexisted with anammox bacteria in a constructed
wetland, which received secondary treated sewage effluents. The

Table 3

Published rates of sedimentary denitrification, DNRA and anammox measured in intact sediment cores (mmol N m? h™). n.a.: not available.
Source DNRA Anammox N,-Denitrification N,O-Denitrification Reference
Pétrola Lake (Spain) 0-2.800 0-0.960 0-0.800 0-2.100 This study
Colne estuary (United Kingdom) 0.005 - 0.400 0.157 n.a. n.a. Dong et al. (2009)
Cisadane estuary (Indonesia) 1.140 n.a. n.a. n.a. Dong et al. (2011)
Thau lagoon (France) 6.708 na. n.a. n.a. Gilbert et al. (1997)
East China Sea shelf (China) 0.791 - 3.583 n.a. n.a. n.a. Song et al. (2013)
Fringing marsh-aquifer ecotone (USA) 0.875-6.125 n.a. 1.800 - 17.60 n.a. Tobias et al. (2001)
Plum Island Sound estuary (USA) 0.004 - 0.310 na. 0-0.332 n.a. Koop-Jakobsen and Giblin (2010)
German Bight (Germany) 0.010 na. 0.124 na. Marchant et al. (2016)
Heron Island (Australia) n.a. n.a. 0.034 - 0.480 n.a. Eyre and Ferguson (2009)
Lake Tanganyika (Burundi, DRC, Tanzania, Zambia) n.a. 0.100 n.a. n.a. Schubert et al. (2006)
Randers Fjord (Denmark) n.a. 0.014 - 0.021 0.219-0.335 na. Risgaard-Petersen et al. (2004)
Thames estuary (United Kingdom) n.a. 0-0.010 0.036 - 0.155 n.a. Trimmer et al. (2003)
Gravesend, Thames estuary (United Kingdom) n.a. 0.049 0.193 n.a. Trimmer et al. (2006)
Constructed wetland in New South Wales (Australia) n.a. 0.066 - 0.199 0.652 - 0.966 na. Erler et al. (2008)
Taihu Lake (China) n.a. 0.049-0.413 0.132 - 0.656 n.a. Han and Li (2016)
Lake Superior (Canada, USA) n.a. 0.021 - 0.040 0.019-0.128 n.a. Crowe et al. (2017)
Danshuei estuary (Taiwan) n.a. 0.013 0.126 0.050 Hsu and Kao (2013)
Pearl River estuary (China) na. 0-0.003 0.032 - 0.708 0-0.022 Tanet al. (2019)
Lake Bonney (Antarctica) n.a. n.a. n.a. 0.191 Prisu et al. (1996)
Tuvem and Divar, Goa (India) n.a. n.a. n.a. 0.140 - 0.670 Fernandes et al. (2010)
Pantanal wetland (Brazil) n.a. n.a. na. 0-1.560 Liengaard et al. (2014)
Ashtamudi estuary (India) n.a. n.a. n.a. 0.490 - 4.850 Salahudeen et al. (2018)
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largest contribution of N-denitrification was detected at the initial
phase of incubation, coupled to higher DOC concentrations, but also
during later phases of incubation in the OD treatment (~ 30%) (Fig. 3).
These results suggest the dominance of heterotrophic denitrifiers,
linked to the breakdown of biomass derived from phytoplankton col-
lapse (Xue et al., 2017). Sharp increases in N, concentration were
found at different times in the OL treatment (7.51 mmol/L, time 6 h),
the OD treatment (13.3 mmol/L, time 48 h), and in the AD treatment
(6.87 mmol/L, time 8 h). These high rates coincided with incubation
times with high Nj-denitrification and anammox rates (Fig. 3). Their
combined contribution to NO3™ reduction was on average 35.9% in the
OL treatment (times 5 h and 6 h), 16.6% in the OD treatment (times
36 h and 48 h) and 27.4% in the AD treatment (times 6 h and 8 h).

4.3. Close coupling between DNRA and anammox

Total N removal and NO3 reduction reached highest values under
anoxia and darkness conditions (mean of 3.63 & 5.30 mmol N m h™!
and 6.43 + 6.56 mmol N m™ h'!, respectively; Table 2). As discussed
above, under those conditions DNRA was the dominant process. These
results are consistent with hydrochemical data, which showed a signif-
icant accumulation of N-NHJ in the water column in the AD treatment.
Previous research showed favorable conditions for DNRA activity in sed-
iments from Pétrola Lake, such as high organic C:N ratios and the pres-
ence of microorganisms capable of performing DNRA (Valiente et al.,
2017; Valiente et al., 2018). Average DNRA rates in the OL and OD treat-
ments (~ 1.4 mmol N m2 h™!) are similar to those reported for anoxic
estuarine sediments, where DNRA is the dominant process
(1.140 mmol N m™ h'!; Dong et al., 2011). In the AD treatment, mean
DNRA rates (2.80 + 2.56 mmol N m™ h™!) were similar to those ob-
served in nutrient enriched environments, like fringing wetlands (up
to 6.13 mmol N m2 h™!; Tobias et al., 2001) and eutrophic shelf seas
(up to 3.58 mmol N m? h™'; Song et al., 2013) (Table 3). ANOVA tests
(Section 3.3) showed that NO3 reduction by DNRA was significantly
higher in the AD treatment (52%) than in the OL (41%) and the OD treat-
ments (35%) (Fig. 2). The contribution of DNRA was in the same range as
reported for estuarine and salt marsh sediments (Dong et al., 2009;
Koop-Jakobsen and Giblin, 2010), fostering the retention of reactive N
in the system. As discussed above, DNRA contributed more to NO3
reduction after the initial incubation phase, approximately from time
2.5 h onwards (Fig. 3). Recent studies also demonstrated that DNRA is
stimulated in the presence of H,S at the expense of denitrification
(Roland et al., 2018). Our results support those findings: the AD treat-
ment provided the most favorable conditions for bacterial sulfate-
reduction (Table 1), and H,S production in Pétrola sediments
(Valiente et al., 2017) can reach values up to 0.024 nmol/cm>:s.

Existing NHZ can be oxidized to NO3, both under aerobic and
anaerobic conditions (Schmidt et al., 2002), contributing to a
temporary increase of N-NO, and promoting NO; and NHj
consumption by anammox bacteria. Moreover, N-NHZ release does
fuel N loss from the system via coupled DNRA-anammox. For instance,
anammox reached up to 40.4% of total reduction in the AD treatment
at time 15 h. Simultaneously, we found significant concentrations of
both N-NO3 (29.6 umol/L) and N-NHZ (138.4 umol/L). Therefore,
DNRA and anammox bacteria, acting together, may have an energetic
advantage over denitrifiers in the competition for substrates under
low oxygen conditions (Jensen et al., 2011). Such a close reliance of
anammox organisms on DNRA bacteria has been reported in marine
ecosystems with high N loss via anammox, mainly linked to high avail-
ability of OM (Kalvelage et al., 2013). In Pétrola Lake sediment incuba-
tions, anammox bacteria seem to be fueled by a DNRA process. This
interpretation is based on the similar trend of the contribution of both
processes to total NO3™ reduction (AD>OL > OD; Fig. 2). Coupled
DNRA-anammox showed a higher contribution in all treatments than
canonical anammox (Table 2), corroborating the key role of DNRA in
fueling N loss pathways.
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The isotope data clearly confirm the presence of anammox (Table 2).
The mean rates of N loss via anammox in the OL and OD treatments
(~0.4 mmol N m h™") were in the range of previous studies in eutrophic
sediments (up to 0.41 mmol N m h'; Han and Li, 2016), but significantly
lower than those found in the AD treatment (0.96 mmol N m™? h™!). These
results agree with recent studies, showing the importance of anammaox ac-
tivity in the presence of H,S in freshwater lakes (Roland et al., 2018),
conditions which are given for the highly saline lake studied here. On
average, the contribution of anammox to total N loss ranged from 8%
(OD) to 28% (AD) (Fig. 2). This range corresponds with studies performed
in continental shelf sediments (Song et al.,, 2013) (28%), intertidal sedi-
ments (Hsu and Kao, 2013) (12%), and is close to the global mean value,
including inland waters (Trimmer and Engstrém, 2011) (23%).

These findings provide a better understanding of the contribution of
DNRA and anammox to inorganic N removal in inland waters in general,
and in particular for saline lakes. In eutrophic systems, where important
environmental factors (i.e. nutrients, light, oxygen) are limiting, the devel-
opment of phytoplankton blooms is favored. When the algal bloom col-
lapses, the resulting decomposition of OM fosters microbial activity, and
as our findings showed, the production of N,O as a by-product of the re-
duction of existing NO53. Given the environmental implications of N,O
(Ravishankara et al., 2009), these emissions to the atmosphere need to
be avoided. When light is a limiting factor (e.g. surface blooms,
browning), our results showed that N,O production is still a major
contributor to NO3 removal, but DNRA became less significant (which is
not necessarily desirable). Finally, when both oxygen and light were
constraining factors, competition between denitrification and DNRA fa-
vored the latter, in turn boosting the rate of anammox. If both DNRA and
anammox are coupled (i.e. NH4 does not accumulate in the system), the
proportion of N,O-denitrification decreased and the production of N,
increased as a result of N,-denitrification and anammox (Fig. 2). In fact,
the higher the contribution of anammox to total N removal was, the
lower the relevance of N,O-denitrification became. Anoxia and darkness,
that are in principle “undesirable” conditions, not only stimulated NO3
reduction by coupled DNRA-anammox, but also restricted the contribution
of other processes like denitrification to N,O production. Therefore, these
conditions are likely to stimulate a self-regulation mechanism by acceler-
ating the elimination of nutrients and reducing the release of N,O to the
atmosphere.

5. Conclusions

The purpose of the current study was to determine the different ways,
in which NO3™ is removed in lacustrine organic-rich sediments, and how
oxygen and light in the water column affect the balance between those
NOs3 removal pathways. Our findings provide the first evidence for the
coexistence of denitrification, DNRA, and anammox in a highly saline
lake. In addition, our experiments applying the revised >N-IPT showed
the importance of coupled DNRA-anammox, which has not yet been in-
vestigated in lacustrine sediments. We showed here that N,O-
denitrification played a predominant role in N removal, with unexpected
high N,O emission rates compared to previous studies. In addition,
DNRA was the key process, when oxygen and light were absent from the
water column. Under these conditions, anammox also had a greater
influence on total N removal, with markedly high rates (up to
0.96 mmol N m™ h™!). Therefore, anoxia and darkness promoted DNRA
against denitrification, which is critical to fuel anammox. As a result,
these conditions limited N,O emissions to the atmosphere. Further
research is required to fully understand the role of coupled DNRA-
anammox in N cycling in lake ecosystems, as well as the influence that
coupled DNRA-nitrification can exert on N,O production.
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