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The current erosion of biodiversity is a major concern that threatens the ecological 
integrity of ecosystems and the ecosystem services they provide. Due to global change, 
an increasing proportion of river networks are drying and changes from perennial to 
non-perennial flow regimes represent dramatic ecological shifts with potentially irre-
versible alterations of community and ecosystem dynamics. However, there is minimal 
understanding of how biological communities respond functionally to drying. Here, 
we highlight the taxonomic and functional responses of aquatic macroinvertebrate 
communities to flow intermittence across river networks from three continents, to 
test predictions from underlying trait-based conceptual theory. We found a significant 
breakpoint in the relationship between taxonomic and functional richness, indicat-
ing higher functional redundancy at sites with flow intermittence higher than 28%. 
Multiple strands of evidence, including patterns of alpha and beta diversity and func-
tional group membership, indicated that functional redundancy did not compensate 
for biodiversity loss associated with increasing intermittence, contrary to received wis-
dom. A specific set of functional trait modalities, including small body size, short 
life span and high fecundity, were selected with increasing flow intermittence. These 
results demonstrate the functional responses of river communities to drying and sug-
gest that on-going biodiversity reduction due to global change in drying river networks 
is threatening their functional integrity. These results indicate that such patterns might 
be common in these ecosystems, even where drying is considered a predictable dis-
turbance. This highlights the need for the conservation of natural drying regimes of 
intermittent rivers to secure their ecological integrity.
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Introduction

The erosion of biodiversity in the Anthropocene is a major 
concern threatening the ecological integrity of ecosystems 
and the ecosystem services they provide (Oliver et al. 2015, 
Reid et al. 2018, He et al. 2019). Biodiversity loss is par-
ticularly alarming within fresh waters, which dispropor-
tionally contribute to global biodiversity (Reid et al. 2018, 
Tonkin et al. 2019). Although freshwater ecosystems cover ~ 
1% of Earth’s surface, they support one-third of all vertebrates 
and half of all known fish species (He et al. 2019). However, 
approximately a third of all freshwater species are endangered 
(Collen et al. 2013) and the reported decline of freshwater 
vertebrates and insects is much higher than those reported 
from terrestrial or marine biomes (McRae et al. 2017, 
Baranov et al. 2020). Fresh waters are threatened by mul-
tiple global change stressors, including modifications of water 
quality and flow regimes, habitat fragmentation by dams and 
increased river drying (Datry et al. 2018, Reid et al. 2018, 
Grill et al. 2019, Tonkin et al. 2019). Climate change and 
increased water abstraction may lead to an increasing propor-
tion of river networks experiencing flow intermittence (Döll 
and Schmied 2012, Acuña et al. 2014, Datry et al. 2017, de 
Graaf et al. 2019).

Intermittent rivers and ephemeral streams (hereafter 
IRES) represent the world’s most widespread type of flowing 
waterbody, and range in size from small ephemeral streams 
that flow for a few days after heavy rain to large intermit-
tent rivers that recede to isolated pools or dry up completely 
(Larned et al. 2010, Zimmer et al. 2020). The change from 
perennial to non-perennial flow regimes can represent an 
ecological shift with dramatic and irreversible changes to 
community and ecosystem dynamics (Smol and Douglas 
2007, Aspin et al. 2018). This is because most aquatic spe-
cies, including the ones inhabiting naturally IRES, have lim-
ited capacity to withstand drying or subsequently recolonize 
from refugia. At high levels of flow intermittence (defined as 
the proportion of the time without surface flow – an indi-
cator of the severity of drying to which most biotic groups 
respond, Datry et al. 2014a), even desiccation-resistance 
adaptations of species naturally occurring within IRES 
might not suffice (Larson et al. 2009, Stubbington and Datry 
2013, Pařil et al. 2019). Greater dispersal limitation in a net-
work fragmented by drying, alongside stochastic recoloniza-
tion processes when flow resumes, can also induce greater 
heterogeneity of community composition among localities 
(i.e. taxonomic spatial beta diversity; Sarremejane et al. 
2017, Crabot et al. 2020). Moreover, frequent resetting of 
predictable ecological successional trajectories in IRES can 
lead to high variation of community composition over time 
(i.e. taxonomic temporal beta diversity; Larned et al. 2010, 
Leigh et al. 2019, Crabot et al. 2020). Documenting quan-
titative relationships characterizing biodiversity responses 
to increased drying (e.g. form of flow-ecology relationships 
sensu Webb et al. 2017) are urgently required. Current rates 
of riverine biodiversity loss are predicted to accelerate as 
climate change and anthropogenic disturbances intensify 

(Reid et al. 2018, Tonkin et al. 2019). Flow-ecology rela-
tionships may help define the safe operational space of water 
resources management for river ecosystem resilience under 
future global change.

Biodiversity loss, in response to environmental stressors, 
often weakens the functional integrity of ecosystems and 
disrupts the services they provide (Lefcheck et al. 2015, 
Pecl et al. 2017). To move beyond change in structural com-
ponents of communities (i.e. richness, relative abundances), 
functional approaches are increasingly used as they can 
provide a clearer mechanistic understanding of the effects 
of stressors on biodiversity (Floury et al. 2017, Aspin et al. 
2018, Kohli et al. 2018, Mouton et al. 2020). Environment–
trait relationships are also less sensitive to biogeographic 
boundaries than environment–species relationships and 
thus allow intercontinental comparisons (Charvet et al. 
2000, Statzner et al. 2001). However, the effect of drying 
on the functional responses of aquatic communities remains 
unclear. Some studies have reported high functional redun-
dancy, where reductions in taxonomic alpha diversity did not 
coincide with a decrease in functional alpha diversity (i.e. 
several species harbor the same traits, Boersma et al. 2014, 
Vander Vorste et al. 2016). Other studies have reported a 
strong increase of functional beta diversity with increasing 
taxonomic beta diversity along a gradient of drying severity. 
This suggests that taxa replaced over both space (Aspin et al. 
2018) and time (Crabot et al. 2020) had dissimilar func-
tional roles, resulting in low functional redundancy. Such 
discrepancies limit our ability to predict how biodiversity 
loss will alter the functional integrity of river networks. 
Therefore, there is a need for a broader analysis of functional 
responses to flow intermittence.

The underlying ecological theory of traits-based 
approaches, the habitat templet theory (HTT), predicts that 
present day habitat conditions are matched by present day 
traits in the community (Southwood 1977, Townsend and 
Hildrew 1994). This means that traits should sort predictably 
along disturbance gradients. For example, drying can remove 
organisms and create space or other resources for individu-
als of the same or different species (Townsend and Hildrew 
1994, Lake 2000, 2003). When drying severity increases, 
trait modalities that infer resistance or resilience to flow inter-
mittence, such as a high fecundity, small body size, short life 
span, high dispersal and dormancy, should be selected at the 
expense of low fecundity, large body size, long life span, low 
mobility and less resistant forms (Townsend and Hildrew 
1994, Aspin et al. 2018, Crabot et al. 2020). Niche selection 
should filter taxa from the regional species pool with some 
of these trait modalities under increasing flow intermittence, 
meaning functional redundancy should be favored, particu-
larly at sites with the shortest flow duration (Boersma et al. 
2014, Vander Vorste et al. 2016).

In this study, we quantified taxonomic and functional 
descriptors of aquatic macroinvertebrate communities and 
assessed their associations with flow intermittence (FI) across 
multiple river networks from three continents, to examine 
the following predictions:
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1) increased FI should lead to a reduction in alpha diver-
sity but, due to high functional redundancy, it should be 
greater for taxonomic than for functional diversity (Fig. 
1a);

2) due to high functional redundancy, the loss of taxa from 
functional groups should be lower than expected by 
chance at intermittent sites, which naturally exhibit lower 
taxonomic diversity (Fig. 1b);

3) increased FI should lead to a strong increase in taxonomic 
beta diversity over space (between sites within a basin) and 
time (between dates at one site) due to increased dispersal 
limitation and ecological succession in response to drying 
events, but only a moderate increase in functional beta 
diversity due to high functional redundancy (Fig. 1c);

4) a gradual selection of specific trait modalities should be 
observed along the gradient of increasing FI, such as 
smaller body size, shorter life cycles, higher fecundity, 
burrowing for locomotion mode, plastron or aerial res-
piration via tracheal system openings like spiracles and 
desiccation-resistant life stages (Fig. 1d, see full predic-
tions and rationales for trait profiles in the Supporting 
information).

Material and methods

Rivers studied

Datasets from aquatic invertebrate studies from 14 IRES in 
Europe (seven rivers), North America (five rivers) and New 
Zealand (two rivers) were compiled for this study (see loca-
tions on the map in the Supporting information). All the 
selected rivers are naturally intermittent (Datry et al. 2014b). 
The datasets consisted of matrices of taxon abundances and 
sampling dates at multiple sites within intermittent and 
perennial river reaches. Invertebrates were collected from 
riffle habitats using standardized and comparable sampling 
methods, from at least three sites per river (Table 1). For fur-
ther information on the studies that generated the datasets, 
refer to published reports and information on sites in the 
Supporting information and in Datry et al. (2014b).

Flow intermittence quantification

For each river, annual flow intermittence (FI, in %) was 
calculated for each sampling site, defined as the proportion 
of the year with no flow. FI has been shown previously to 
be one of the strongest determinants of IRES biodiversity 
(Arscott et al. 2010, Datry et al. 2014b, Leigh and Datry 
2017, Crabot et al. 2020). FI was calculated based on three 
different procedures, reflecting the type and quantity of 
discharge data available for each studied river. In five rivers 
(Albarine, Asse, Little Stour, Orari, Selwyn), flow gauging 
stations and point discharge measures were used to run the 
statistical model ELFMOD, which reconstitutes longitudi-
nal flow patterns along river courses bounded by flow gauges 
(Larned et al. 2011). FI was then derived from modeled 

Figure 1.  Conceptual predictions. (a) Predicted taxonomic and 
functional alpha diversity patterns along the flow intermittence (FI) 
gradient, (b) predicted relationship of alpha functional and taxo-
nomic diversity as expected by chance (black curve) and in the case 
of intermittence (orange dotted curve), (c) predicted taxonomic and 
functional beta diversity patterns and (d) predicted changes in trait 
profiles along the FI gradient.
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mean daily discharge. For four rivers (Garden, Huachuca, 
Little Lusk, Sycamore), the presence–absence of water was 
measured continuously by water-state loggers (Fritz et al. 
2006, Jaeger and Olden 2012). These two methods provided 
very similar FI estimates when directly compared simultane-
ously on one river (Albarine, r = 0.93, p < 0.001, n = 9). For 
the other five rivers (Fish, Alme, Ellerbach, Menne, Sauer), FI 
was estimated at sampling sites using weekly to bi-monthly 
observations of flow state (flowing or dry) for three to 12 
months and combined with point gauging data to assess flow-
state patterns between consecutive observations (Meyer et al. 
2003).

Invertebrate data processing

The raw invertebrate data were processed to ensure homo-
geneity regarding the identification level applied across sites 
and rivers. In contrast with Datry et al. (2014b), we did not 
investigate the effects of the taxonomic resolution on diver-
sity measures but sought to optimize the tradeoff between 
accurate taxonomic resolution and data completeness by 
using genus and family. The identification levels applied 
for each invertebrate group and each river are given in the 
Supporting information. Due to different sampling efforts 
applied across rivers, raw abundances were averaged across 
the different sampling dates for each site and each taxon and 
were expressed as relative abundances of the total number of 
individuals in the sampled assemblages.

Invertebrate traits and functional groups

Based on information derived from literature sources and 
expert knowledge, macroinvertebrate trait profiles, represent-
ing twelve biological traits (Supporting information), were 
described using a fuzzy-coding approach (Chevenet et al. 
1994). Each trait (e.g. locomotion mode) was described 
by several modalities (e.g. crawler, burrower). The affinity 
of each taxon for each trait modality was coded by synthe-
sizing available autecological information with numerical 
scores from 0 (= ‘no affinity for the corresponding modal-
ity’) to 3 or 5 (= ‘high affinity’), a strategy already used by 
many authors (Statzner et al. 1994, Usseglio-Polatera et al. 
2000, Tachet et al. 2010). An appropriate (and compara-
ble among taxa) description of each taxon trait profile was 
obtained by the relative distribution of the affinity scores 
among the modalities of this trait (i.e. for a given taxon, the 
sum of its affinity scores for all the modalities = 1 for each 
trait). Practically, information for the twelve traits was already 
fuzzy coded for most European taxa (Tachet et al. 2010). For 
taxa recorded in the United States and New Zealand rivers, 
local trait databases were compiled, homogenized with the 
European dataset (in terms of trait modalities) and fuzzy 
coded. Finally, any missing trait information was completed 
following a literature review undertaken by the authors 
(Supporting information).

To aggregate taxa into functional groups with simi-
lar trait profiles (Usseglio-Polatera et al. 2000), a Fuzzy Ta
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Correspondence Analysis (FCA – Chevenet et al. 1994) was 
first run using the trait profiles of 486 taxa. Subsequently, 
a hierarchical cluster analysis was performed applying the 
minimum variance criterion (Ward 1963) to a matrix of 
Euclidean distances calculated based on the coordinates of 
taxa on the first six axes of the FCA. These accounted for 
41.91% of the total trait variability among taxa. The final 
number of functional groups was determined using the 
shape of the dendrogram, by selecting a partitioning level 
(a given distance value) corresponding to the best compro-
mise between the number of groups and the homogeneity 
of group size (maximizing evenness of taxa among groups). 
These analyses are presented in the Supporting informa-
tion. Lastly, the relative abundance of functional groups 
was obtained by summing the relative abundances of the 
taxa belonging to each group. The final trait database and 
the functional groups assigned to taxa are available in the 
Supporting information.

Alpha diversity

For each sample, taxonomic and functional alpha diversities 
were assessed as the number of taxa and functional groups, 
respectively (Aspin et al. 2018).

Functional redundancy

A functional redundancy index (FRI) was estimated for each 
functional group using the percentage of taxa representing 
the group. In this study, since the functional groups were 
defined using taxa across different continents, we estimated 
the maximum number of taxa per functional group sepa-
rately for each river, i.e. across all the sampled sites from the 
same river. Moreover, since we defined multiple functional 
groups, we calculated the average FRI across groups observed 
for each site weighted by their respective relative abundances. 
For a given functional group at a given site, a FRI of 0% 
corresponds to one single taxon representing the considered 
group (no redundancy), whereas a FRI of 100% means that 
the maximum number of taxa potentially recorded on this 
river for this group were observed at the site.

Community-averaged trait profiles

For each trait, the community-averaged trait profile was cal-
culated as the average affinity of taxa for the different trait 
modalities weighted by their relative abundances in the 
community.

Beta diversity

Spatial beta diversity was calculated for taxonomy and 
functional traits as the pairwise compositional differences 
between sampling sites for each sampling date at the river 
scale. For taxonomic beta diversity, the presence–absence 
Jaccard index was calculated for each river using the beta.
div.comp function in the adespatial package (Dray et al. 

2020). For functional analyses, we computed taxon-by-
taxon Gower distances from the trait matrix and gener-
ated a dendrogram using hierarchical clustering analysis 
based on these distances with the unweighted pair group 
method using the arithmetic mean (Cardoso et al. 2013). 
Functional beta diversity was calculated for each river based 
on the site-by-taxon matrix and the dendrogram using the 
R beta function in the BAT package (Cardoso et al. 2013). 
Taxonomic and functional beta diversity were partitioned 
into two additive components: richness difference and 
replacement. Pairwise beta diversity measures between 
sites were averaged for each river and for each sampling 
date. As in Crabot et al. (2020), for a given sampling date, 
when less than four sites per river were sampled, spatial 
beta diversity was not computed (total of 28 averaged spa-
tial beta diversity measures including all rivers and sam-
pling dates).

Temporal beta diversity (pairwise differences of compo-
sition between sampling dates for each sampling site) was 
calculated for each site using the same function as described 
above for spatial beta diversity. Temporal beta diversity mea-
sures were averaged for each site (total of 42 averaged tempo-
ral beta diversity measures).

Statistical analyses

To test our first prediction that, due to high functional 
redundancy, increased FI leads to a greater reduction of taxo-
nomic alpha diversity than functional alpha diversity, we ran 
linear mixed-effect models with FI, richness type (taxonomic 
and functional) and their interaction as fixed effects. We used 
rivers as a random effect, and sites as a random effect nested 
within rivers, because functional and taxonomic richness 
were sampled at the same sites. Random intercepts were only 
included because models could not converge when random 
slopes were included. Scaled richness was calculated by apply-
ing a z-transformation ( zvalue

value mean
standard deviation

=
- ) to both 

richness types (taxonomic and functional), enabling us to 
directly compare taxonomic and functional richness.

To test our second prediction that the relationship 
between alpha functional and taxonomic diversity is differ-
ent than expected by chance due to functional redundancy 
at intermittent sites, we first characterized the observed 
relationship using Davies test (Davies 2002) to identify the 
presence of an inflexion point and segmented linear regres-
sion (Muggeo 2003) to estimate the location of the inflexion 
point. Subsequently, we tested if the observed relationship 
between taxonomic and functional richness differed from 
that expected based on a random allocation of taxa to a 
reduced number of functional groups, by simulating a large 
number (9999) of relationships where a functional group was 
randomly allocated to each taxon. Each of these simulated 
relationships between taxonomic and functional richness 
was then characterized by the Davies test p-value, the loca-
tion of the inflexion point and the slopes before and after 
this inflexion point. For each of these four parameters, their 
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significance was assessed by comparing observed values to the 
distributions of the simulated values. Then, to more directly 
assess whether functional redundancy was higher at strongly 
intermittent sites, we investigated the relationship between 
FRI and FI using linear mixed-effect models with FI as a 
fixed effect and rivers as a random effect on the intercept. 
Functional redundancy was finally assessed by computing a 
linear mixed-effect model between averaged functional and 
taxonomic beta diversities, with river as a random effect. The 
significance of these models was assessed using a likelihood 
ratio test between the full models and the null models.

To test our third hypothesis that increased FI leads to a 
greater increase in taxonomic beta diversity over space and 
time than the increase in functional beta diversity due to high 
functional redundancy, we ran separate mixed-effect models 
on each measure of beta diversity and its components, with 
river as a random effect and FI as a fixed effect (mean FI of 
the river at a given sampling date in spatial analyses and site 
FI in temporal analyses). The significance of the effect of FI 
on alpha and beta diversity was calculated using a likelihood 
ratio test between the full models and the null models includ-
ing only river as a random effect.

To test our fourth hypothesis that increased FI leads 
to the selection of specific trait profiles, we tested if the 
trait profiles exhibited differences along the FI gradient. 
As linear regressions on the affinity score for each modal-
ity would not allow accounting for the interdependence 
between the different modalities of one trait, and because 
we did not expect linear nor continuous responses along 
the gradient of FI, this was done using conditional infer-
ence trees for each trait (Hothorn et al. 2006). These trees 
indicate whether the distribution of the affinity scores for 
different modalities for one given trait changes significantly 
along the gradient of FI and if so, identifies the associated 
threshold values of FI.

All analyses were performed using the R statistical software 
(<www.r-project.org>). Segmented regression and breaking 
point analyses were performed using the segmented package 
(Muggeo et al. 2008). Linear mixed-effect models were run 
using the package lme4 (Bates et al. 2015). Conditional infer-
ence trees were built using the package partykit (Hothorn 
and Zeileis 2015).

Results

Relationships between alpha diversity and flow 
intermittence

Both taxonomic and functional richness decreased when flow 
intermittence increased (Table 2, figures in the Supporting 
information). Richness type (taxonomic or functional) had 
no significant effects, either alone or in interaction with flow 
intermittence, indicating no difference in taxonomic and 
functional richness along the FI gradient (Table 2). Across 
all datasets, an increase of 10% in flow intermittence resulted 
in a decrease of 2.30 (± 0.10) taxa and 0.57 (± 0.03) in 

functional richness. Integrating river and sites as random 
intercepts in the model greatly improved the model fit 
(R2

fixed = 0.41; R2
fixed+random = 0.89). Rivers and sites exhibited 

differences in richness when no flow intermittence occurred 
(random intercept standard deviation = 0.57 for ‘rivers’ and 
0.46 for ‘sites’).

Functional redundancy along the FI gradient

The relationship between taxonomic and functional rich-
ness was strong (R2 = 0.83; Fig. 2a). Davies test indicated 
an inflexion point at ~23 taxa with a 95%-confidence inter-
val between 21 and 25 taxa (p-value = 2.2 × 10−16), with 
the slope ~3 times lower above the inflexion than below it 
(0.11 versus 0.32). However, the observed slope after the 
inflexion point was not different to that expected by chance 
(p-value = 0.30), the slope before the inflexion point was 
significantly lower (observed slope: 0.32 and median of ran-
domly simulated slopes: 0.51; p-value = 0.002) and the sig-
nificance as well as the location of the inflexion point on the 
x-axis were significantly higher (p-values of 0.028 and 0.046, 
respectively) than that expected due to chance. This indicates 
significant functional redundancy in communities with less 
than 23 taxa, this level of taxonomic diversity corresponding 
to a FI of around 28% (Supporting information).

The functional redundancy index (FRI) decreased 
strongly with increasing FI, with a loss of functional redun-
dancy of almost 5% for every 10% increase in FI (Fig. 2b; 
slope = −0.47, log-likelihood test p-value < 0.001). A post-
hoc test on the linear correlation between FRI and taxonomic 
richness, using a linear mixed-effect model with river as a ran-
dom effect, indicated that they were correlated (slope = 1.88, 
log-likelihood test p-value < 0.001). Finally, there was a 
strong, linear relationship (slope = 1.81, log-likelihood test 
p-value < 0.001) between taxonomic and functional spatial 
beta diversity (Fig. 2c).

Beta diversity and flow intermittence

Beta diversity increased with flow intermittence spatially and 
temporally. At the river scale, taxonomic and functional spa-
tial beta diversity increased steadily with mean flow intermit-
tence across sites (Table 3, Fig. 3a, c). Further analyses on 
the additive components of spatial beta diversity indicated 

Table 2. Mixed model results for standardized richness with flow 
intermittence, data type (taxonomic versus functional) and their 
interaction as fixed effects, rivers as a random effect and sites as a 
random effect nested within rivers. Estimates and standard errors are 
provided for each parameter. There were 108 measures of standard-
ized richness for each data type. Degrees of freedom for likelihood 
ratio tests are equal to one.

Estimate SE χ2 p-value

Intercept 0.466 0.179
Flow intermittence −0.024 0.002 73.173 < 0.001
Data type −0.027 0.065 0.000 1.000
Flow intermittence 

× data type
0.001 0.002 0.355 0.551
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that the taxonomic spatial richness difference component 
increased with FI (slope estimate = 0.001, F-statistic = 3.88, 
p-value = 0.049); but there was no significant effect of FI on 
the taxonomic spatial replacement component, nor on both 
components of functional spatial beta diversity. At the site scale, 
taxonomic and functional temporal beta diversity increased 
with greater mean flow intermittence within sites (Table 3, 
Fig. 3b, d). Further analyses on the components of temporal 
beta diversity indicated similar patterns for taxonomic com-
ponents, with an increase of richness difference with FI (slope 
estimate = 0.001, F-statistic = 6.11, p-value = 0.013) and no 
effect on replacement. However, both components of func-
tional temporal beta diversity increased with FI (slope esti-
mate = 0.002, F-statistic = 6.09, p-value = 0.014 and slope 
estimate = 0.001, F-statistic = 4.02, p-value = 0.045 for rich-
ness difference and replacement respectively).

Trait profiles with increasing flow intermittence

For the traits with a priori hypotheses about their intermit-
tence response (Fig. 1d, Supporting information), conditional 
inference tree models allowed the detection of differences of 
trait profiles within the invertebrate communities along the FI 
gradient (all corresponding trees are shown in the Supporting 
information). The models indicated that for increasing levels 
of FI, communities were characterized by smaller organisms 
(p-value = 0.005), with shorter life spans (p-value = 0.004), 
and a larger number of eggs (indicating a progressive increase 
of fecundity, p-values < 0.002). With increasing levels of 
FI, communities were also characterized by a lower ability 
to crawl on the riverbed, a greater ability to actively swim in 
the water column or to seek refuge by burrowing (p-value 
< 0.001) and a decreased use of specialized aquatic respi-
ratory organs (gills) in favor of non-specialized structures 
(tegument or spiracles) (p-value < 0.001). Resistance strate-
gies also strongly responded to the FI gradient (p-values < 
0.001), with a greater proportion of the communities able to 
enter diapause or dormancy in larval or nymphal stages, and a 
lower proportion of the organisms with no specific resistance 
strategy at intermediate levels of FI. At the highest levels of 
FI, organisms were more likely to use cocoons or housings 
against desiccation.

Discussion

In this study, we explored the taxonomic and functional 
responses of macroinvertebrate communities to drying 
across 14 river networks and tested four hypotheses related 
to trait profiles and alpha and beta diversity patterns along 
natural FI gradients. We found that functional diversity 
decreased along a gradient of flow intermittence but that 
functional losses were lower than expected by chance in 
strongly intermittent streams. We also identified functional 
traits that were selected when FI increased, consistent with 
underlying ecological theory (i.e. traits that conferred 
resistance or resilience to drying). However, the degree 

Figure 2. Associations between (a) taxonomic and functional rich-
ness, (b) functional redundancy index and flow intermittence, (c) 
taxonomic and functional spatial beta diversity. Black lines corre-
spond to segmented OLS regression in (a), and linear mixed-effect 
model in (b) and (c). The dot color indicates the mean level of flow 
intermittence at the level of the site for (a) and of the river at a given 
sampling occasion for (c). Red dots in (b) indicate no redundancy 
for any functional group (i.e. only one taxon per group).
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of functional redundancy was not sufficient to compen-
sate for the decrease in taxonomic diversity with increas-
ing FI. Lastly, we confirmed that drying, while reducing 
functional alpha diversity, simultaneously increased beta 
diversity over space and time. These results shed light on 
the functional responses of river communities to drying 
and suggest that on-going biodiversity reduction in dry-
ing river networks may threaten their functional integrity 
despite some functional redundancy.

Functional redundancy did not compensate for 
biodiversity loss with increased drying

Contrary to our expectation, we found a limited degree of 
functional redundancy in river invertebrate communities 
subject to increased drying. In ecosystems prone to predict-
able environmental changes, such as drying in intermittent 
rivers, one might expect a high level of functional redun-
dancy after the filtering of taxa with a set of traits allowing 

Table 3. Mixed model results of taxonomic and functional beta diversity differences over space and time with flow intermittence as a fixed 
effect and rivers as a random effect. Estimates and standard errors are provided for the intercept and mean flow intermittence, standard 
deviation is provided for the random effect. There were 28 measures for spatial beta diversity and 42 for temporal beta diversity. Degrees of 
freedom for likelihood ratio tests are equal to one.

Intercept Mean flow intermittence Likelihood ratio test 
Random effect SDEstimate SE Estimate SE F-statistic p-value

Spatial
 Taxonomic 0.284 0.017 0.001 0.000 4.30 0.038 0.0320
 Functional 0.481 0.029 0.002 0.001 6.18 0.013 0.0540
Temporal
 Taxonomic 0.251 0.020 0.002 0.000 28.35 < 0.001 0.0433
 Functional 0.419 0.034 0.003 0.001 25.81 < 0.001 0.0752

Figure 3. Taxonomic (top) and functional (bottom) beta diversity in space (left) and time (right) in association with flow intermittence (FI). 
A point represents a river at a given sampling date in spatial analyses, and a site in temporal analyses. If a significant effect of flow intermit-
tence was found in the associated mixed model, a line was plotted with the estimated intercept and slope of the model.
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them to withstand such changes (Boersma et al. 2014, Vander 
Vorste et al. 2016, Aspin et al. 2019); which would result 
in weaker responses to FI for functional than for taxonomic 
patterns. Along the gradient of FI, both taxonomic and func-
tional richness decreased at similar rates. As shown previously 
on these rivers (Datry et al. 2014b), and confirmed in other 
geographical locations (Leigh and Datry 2017, Soria et al. 
2017), taxonomic richness was higher at perennial sites than 
at intermittent sites, and the reduction in taxonomic richness 
was linear along the gradient of FI. To our knowledge, for 
the first time, we also report quantitative negative relation-
ships between functional richness and FI. The loss of entire 
functional groups along the FI gradient is most likely related 
to the loss of taxa displaying biological traits or ecological 
niches that are incompatible with increasing flow intermit-
tence. The reduction of functional richness with increasing 
FI aligns with previous findings characterizing the response 
of plant (Gutiérrez-Cánovas et al. 2015, Bruno et al. 2016) 
and invertebrate (Desrosiers et al. 2019) communities along 
stressor gradients.

However, the relationship between functional and taxo-
nomic richness was characterized by a significantly higher 
functional redundancy than expected by chance above a 
28%-breakpoint in FI. This aligns with the expectation 
that the selection of a set of traits, conferring some func-
tional resilience at the most intermittent sites would result 
in some functional redundancy (Boersma et al. 2014, Vander 
Vorste et al. 2016). This suggests that using null models is 
essential to assess functional redundancy using this approach 
due to the intimate relationship between taxonomic and 
functional richness, as previously shown on other organisms 
(Micheli and Halpern 2005, Petchey et al. 2007, Gerisch 
2014). Even within a functional group, species are not com-
pletely identical and might have different levels of tolerance to 
stressors and flow intermittence. If there is functional redun-
dancy at the river basin scale, with sensitive species gradually 
disappearing within each functional group along the gradi-
ent, FRI will decrease. Contrary to the common expecta-
tion (Boersma et al. 2014, Vander Vorste et al. 2016), higher 
redundancy in functional traits at intermittent sites could not 
fully compensate for the loss of taxonomic diversity.

The increase in functional beta diversity over space and 
time with increasing FI confirmed the limited effect of func-
tional redundancy on the sampled communities. We expected 
anincrease in taxonomic beta diversity over space and time 
with increasing FI because greater dispersal limitation can 
result in increased spatial variability of community compo-
sition among intermittent sites within a basin. In addition, 
repeated resetting of predictable ecological successional tra-
jectories over time (Larned et al. 2010, Crabot et al. 2020) 
and stochastic recolonization processes when flow resumes 
(Sarremejane et al. 2017) can both lead to increased tem-
poral variability. However, when communities exhibit high 
functional redundancy, taxonomic replacement is not typi-
cally associated with high functional turnover as replaced taxa 
fulfill similar functional roles (Rosenfeld 2002, Aspin et al. 
2018, Crabot et al. 2020) and we expected a weak relationship 

between FI and functional beta diversity. However, contrary 
to this prediction, functional beta diversity also strongly 
increased along the FI gradient, indicating changes in the 
occupied trait space. Analyses of the components of beta diver-
sity highlighted that the increase in taxonomic beta diversity 
was driven by an increase in taxa richness difference between 
localities and sampling dates, which was not the case for func-
tional beta diversity. This indicates that the increase in func-
tional dissimilarities over time and space was not explained 
solely by a reduction of local richness at intermittent sites, as 
there was a considerable turnover of traits along FI gradients.

Collectively this evidence suggests that biodiversity loss is 
not compensated for by functional redundancy in the traits 
present within the communities of intermittent rivers. A 
similar pattern was reported for invertebrate communities 
from perennial rivers exposed to artificial drying in meso-
cosms (Aspin et al. 2018), where drying was an unpredictable 
disturbance. Our results are novel because they indicate that 
such patterns are also common in naturally intermittent riv-
ers where drying is considered to be predictable disturbance. 
However, the decline in aquatic biodiversity during drying 
is most likely compensated by proportional increases in the 
diversity of terrestrial organisms, although the terrestrial 
biota of dry riverbeds remains poorly studied (Steward et al. 
2012, Corti and Datry 2014, Arce et al. 2019).

Recent studies exploring the functional responses of 
aquatic communities to drying have displayed considerable 
variability (Schriever et al. 2015, Vander Vorste et al. 2016, 
Aspin et al. 2018, Crabot et al. 2020). This is partly because 
trait selection, trait coding and analytic approaches dif-
fered greatly. For example, Schriever et al. (2015) developed 
a database with seven traits spanning 30 modalities while 
Aspin et al. (2018) used 10 traits with 49 modalities from 
Tachet et al. (2010). In other studies, Vander Vorste et al. 
(2016) used Rao’s quadratic entropy to evaluate functional 
diversity (Rao 1982) while Crabot et al. (2020) followed the 
procedure from Cardoso et al. (2013) based on taxon-by-
taxon functional Gower distances and hierarchical clustering. 
To our knowledge, the current study is the first to quantify 
the functional responses of intermittent river communities to 
drying across multiple climate zones and contexts. Given that 
global change is resulting in more frequent extreme events, 
including droughts (Döll and Schmied 2012, Spinoni et al. 
2018), our results indicate that the ecological integrity of river 
networks composed of a substantial proportion of intermit-
tent rivers and streams (Datry et al. 2014a) is at risk. Some 
examples of modification of ecological function following 
species extirpation from drying have already been reported 
in some climatic zones, including temperate (Datry et al. 
2011), Mediterranean (Mora-Gómez et al. 2020), Oceanic 
(Corti et al. 2011), arid (Herbst and Reice 1982, Bogan et al. 
2011) and alpine regions (Siebers et al. 2019). The responses 
of freshwater communities to climate change have primarily 
focused on temperature changes thus far (Archer et al. 2020, 
Dudgeon et al. 2020, LeMoine et al. 2020), and the current 
study suggests these results should be revisited through the 
lens of drying.
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Community trait profiles along FI gradients

The habitat templet theory (HTT), which underlies trait-
based approaches, predicts that a set of traits should be 
favored when the severity of disturbance increases. Previous 
findings regarding the response of biological traits to flow 
intermittence (Aspin et al. 2018, Crabot et al. 2020) were 
supported by our results. For the trait ‘maximal potential size’, 
we predicted and found an increase in small-sized taxa and a 
decrease in medium to large-sized organisms with increased 
FI. This is most likely because 1) shorter flowing phases limit 
growth, 2) highly variable habitats are more likely to select 
species investing more in reproduction than somatic develop-
ment and 3) small size favors the use of interstitial sediment 
spaces, including the hyporheic zone, during dry periods 
(Stubbington 2012, Descloux et al. 2014, Vander Vorste et al. 
2016). Similarly, a reduction in the duration of the aquatic 
life span and increased fecundity were expected and detected 
along increasing FI gradients in most rivers. Such responses 
are common when habitat instability increases in fresh waters 
(Townsend and Hildrew 1994, Fritz and Dodds 2005, 
Williams 2006). As predicted regarding locomotion, the pro-
portion of interstitial dispersers and burrowers increased and 
crawlers decreased associated with increasing FI. However, 
this was primarily detected at high levels of FI as shown 
previously in artificially drying mesocosms with communi-
ties from perennial rivers (Aspin et al. 2018). Such a pat-
tern indicates a specialization of locomotion modes at highly 
intermittent sites: burrowing can be facilitated by an increase 
in streambed sedimentation associated with flow reduction, 
allowing interstitial organisms to migrate into the hyporheic 
zone during dry periods (Stubbington 2012). The increased 
proportion of crawlers at intermediate levels of FI suggests 
that individuals can crawl short distances from nearby refuges 
to recolonize intermittent sites upon flow resumption; this 
is because FI often displays clear spatial structures, with the 
most intermittent sites often being the furthest from peren-
nial reaches (Datry et al. 2014b). Changes in the respiration 
modes were more complex to interpret: the use of gills was 
shown, as predicted, to decrease with increasing FI, reflect-
ing the increasing oxygen deficit generally observed in drying 
reaches (Boulton 2003) and/or increased streambed fine sedi-
ment cover (Townsend et al. 2008), which impairs the respi-
ration of organisms with the highest oxygen demand (i.e. with 
gill respiration). In contrast, the expected increase in aerial 
respiration (as an adaptive advantage insofar as aerial respira-
tion is not impaired by drying) was not observed, except for 
organisms with spiracles at moderate levels of FI. This could 
also be because some traits are not totally independent (= trait 
syndromes; Poff et al. 2006), which is a recognised issue in 
trait-based approaches (Resh et al. 1994, Kremer et al. 2017, 
Martini et al. 2021). Lastly, the expected increased frequency 
of organisms exhibiting resistance forms such as eggs and lar-
val/imaginal diapause with increased FI was only observed at 
moderate levels of FI. This could be because a large number 
of species can exhibit generalist resistance forms at moderate 
level of stress, but only specific strategies are suitable at high 

levels of FI. The use of cocoons and housing against desic-
cation seems to be the only strategy allowing organisms to 
efficiently cope with severe drying in these rivers.

Implications for rivers of the Anthropocene

The erosion of biodiversity is a major concern that threatens 
the ecological integrity of ecosystems in the Anthropocene, 
along with the ecosystem services they provide (Oliver et al. 
2015, He et al. 2019). This is particularly dramatic for river 
networks, which are disproportionally affected by global 
change (Reid et al. 2018, Tonkin et al. 2019). While previous 
research suggested drying could have dramatic consequences 
on the taxonomic and functional integrities of river networks 
(Datry et al. 2014, Aspin et al. 2018, Crabot et al. 2020), 
this study is the first to report that functional redundancy is 
insufficient to compensate for biodiversity loss across natu-
rally intermittent rivers from different continents and climate 
zones. Moreover, it shows that both local, site-specific func-
tional richness and basin-wide spatial and temporal func-
tional diversity are altered by increased drying severity. The 
results of our study highlight the pressing need to incorporate 
drying as a major threat to freshwater biodiversity, ecosystem 
functions and services in river networks, in addition to the 
threats that have been explored thus far.

Acknowledgements – TD was supported by the H2020 European 
Research and Innovation action Grant Agreement no. 869226 
(DRYvER). We thank Brian Smith for assisting with trait codes for 
the New Zealand taxa, and Cyrielle Bonne for assisting with trait 
codes for the French taxa. We thank A. Santos for providing us with 
data from one river network included in this study. This manuscript 
benefited from the meaningful comments from Brent Johnson and 
Roy Martin. Although this work was reviewed by the USEPA and 
approved for publication, it might not necessarily reflect official 
Agency policy. Any use of trade, firm, or product names is for 
descriptive purposes only and does not imply endorsement by the 
U.S. Government.

Author contributions

J. Crabot and C. P. Mundy contributed equally to this publi-
cation. JC, TD, CM and PUP worked on the conceptualiza-
tion of the study. CM, JC, PUP and TD did the statistical 
analysis. JC, CM, TD, PUP, MG, KF, EM, MB and PW wrote 
the original draft. TD, EM, MG, KF, MB and PW provided 
resources.

Transparent Peer Review

The peer review history for this article is available at <https://
publons.com/publon/10.1111/ecog.05697>.

Data availability statement

Data are available from the Dryad Digital Repository: <http://
dx.doi.org/10.5061/dryad.j3tx95xf7> (Crabot et al. 2021).



11

References

Acuña, V. et al. 2014. Why should we care about temporary water-
ways? – Science 343: 1080–1081.

Archer, L. C. et al. 2020. Food and temperature stressors have 
opposing effects in determining flexible migration decisions in 
brown trout Salmo trutta. – Global Change Biol. 26: 
2878–2896.

Arce, M. I. et al. 2019. A conceptual framework for understanding 
the biogeochemistry of dry riverbeds through the lens of soil 
science. – Earth-Sci. Rev. 188: 441–453.

Arscott, D. B. et al. 2010. Aquatic invertebrate community struc-
ture along an intermittence gradient: Selwyn River New Zea-
land. – J. N. Am. Benthol. Soc. 29: 530–545.

Aspin, T. W. H. et al. 2018. Drought intensification drives turnover 
of structure and function in stream invertebrate communities. 
– Ecography 41: 1992–2004.

Aspin, T. W. H. et al. 2019. Extreme drought pushes stream inver-
tebrate communities over functional thresholds. – Global 
Change Biol. 25: 230–244.

Baranov, V. et al. 2020. Complex and nonlinear climate-driven 
changes in freshwater insect communities over 42 years. – Con-
serv. Biol. 34: 1241–1251.

Bates, D. et al. 2015. Fitting linear mixed-effects models using 
lme4. – J. Stat. Softw. 67: 1–48.

Boersma, K. S. and Lytle, D. A. 2014. Overland dispersal and 
drought-escape behavior in a flightless aquatic insect, Abedus 
herberti (Hemiptera: Belostomatidae). – Southwest. Nat. 59: 
301–302.

Boersma, K. S. et al. 2014. Invertebrate assemblages of pools in 
arid-land streams have high functional redundancy and are 
resistant to severe drying. – Freshwater Biol. 59: 491–501.

Bogan, M. T. and Lytle, D. A. 2007. Seasonal flow variation allows 
‘time-sharing’ by disparate aquatic insect communities in mon-
tane desert streams. – Freshwater Biol. 52: 290–304.

Bogan, M. T. and Lytle, D. A. 2011. Severe drought drives novel 
community trajectories in desert stream pools. – Freshwater 
Biol. 56: 2070–2081.

Bogan, M. T. et al. 2013. Flow intermittency alters longitudinal 
patterns of invertebrate diversity and assemblage composition 
in an arid-land stream network. – Freshwater Biol. 58: 
1016–1028.

Bonada, N. et al. 2007. Macroinvertebrate community structure 
and biological traits related to flow permanence in a Mediter-
ranean river network. – Hydrobiologia 589: 91–106.

Boulton, A. J. 2003. Parallels and contrasts in the effects of drought 
on stream macroinvertebrate assemblages. – Freshwater Biol. 
48: 1173–1185.

Boulton, A. J. and Lake, P. S. 1992. The ecology of two intermittent 
streams in Victoria, Australia. – Freshwater Biol. 27: 123–138.

Bruno, D. et al. 2016. Impacts of environmental filters on func-
tional redundancy in riparian vegetation. – J. Appl. Ecol. 53: 
846–855.

Cardoso, P. et al. 2013. Partitioning taxon phylogenetic and func-
tional beta diversity into replacement and richness difference 
components. – J. Biogeogr. 41: 749–761.

Charvet, S. et al. 2000. Traits of benthic macroinvertebrates in 
semi-natural French streams: an initial application to biomoni-
toring in Europe. – Freshwater Biol. 43: 277–296.

Chester, E. T. and Robson, B. J. 2011. Drought refuges, spatial 
scale and recolonisation by invertebrates in non-perennial 
streams. – Freshwater Biol. 56: 2094–2104.

Chevenet, F. et al. 1994. A fuzzy coding approach for the analysis 
of long-term ecological data. – Freshwater Biol. 31: 295–309.

Collen, B. et al. 2013. Global patterns of freshwater species diver-
sity threat and endemism. – Global Ecol. Biogeogr. 23: 40–51.

Corti, R. and Datry, T. 2014. Drying of a temperate, intermittent 
river has little effect on adjacent riparian arthropod communi-
ties. – Freshwater Biol. 59: 666–678.

Corti, R. et al. 2011. Natural variation in immersion and emersion 
affects breakdown and invertebrate colonization of leaf litter in 
a temporary river. – Aquat. Sci. 73: 537.

Crabot, J. et al. 2020. Drying determines the temporal dynamics 
of stream invertebrate structural and functional beta diversity. 
– Ecography 43: 620–635.

Crabot, J. et al. 2021. Data from: A global perspective on the func-
tional responses of stream communities to flow intermittence. 
– Dryad Digital Repository, <http://dx.doi.org/10.5061/dryad.
j3tx95xf>.

Datry, T. 2012. Benthic and hyporheic invertebrate assemblages 
along a flow intermittence gradient: effects of duration of dry 
events. – Freshwater Biol. 57: 563–574.

Datry, T. et al. 2011. Flow intermittence controls leaf litter break-
down in a French temporary alluvial river: the ‘drying memory.’ 
– Aquat. Sci. 73: 471–483.

Datry, T. et al. 2014a. Intermittent rivers: a challenge for freshwa-
ter ecology. – BioScience 64: 229–235.

Datry, T. et al. 2014b. Broad-scale patterns of invertebrate richness 
and community composition in temporary rivers: effects of flow 
intermittence. – Ecography 37: 94–104.

Datry, T. et al. 2017. Flow intermittence and ecosystem services in 
rivers of the Anthropocene. – J. Appl. Ecol. 55: 353–364.

Datry, T. et al. 2018. A global analysis of terrestrial plant litter dynam-
ics in non-perennial waterways. – Nat. Geosci. 11: 497–503.

Davies, R. B. 2002. Hypothesis testing when a nuisance parameter 
is present only under the alternative: linear model case. – Biom-
etrika 89: 484–489.

de Graaf, I. E. M. et al. 2019. Environmental flow limits to global 
groundwater pumping. – Nature 574: 90–94.

Descloux, S. et al. 2014. Trait based structure of invertebrates along 
a gradient of sediment colmation: benthos versus hyporheos 
responses. – Sci. Total Environ. 466/467: 265–276.

Desrosiers, M. et al. 2019. Assessing anthropogenic pressure in the 
St Lawrence River using traits of benthic macroinvertebrates. 
– Sci. Total Environ. 649: 233–246.

Díaz, A. M. et al. 2008. Biological traits of stream macroinverte-
brates from a semi-arid catchment: patterns along complex 
environmental gradients. – Freshwater Biol. 53: 1–21.

Dolédec, S. et al. 2017. Temporal variability in taxonomic and trait 
compositions of invertebrate assemblages in two climatic 
regions with contrasting flow regimes. – Sci. Total Environ. 
599–600: 1912–1921.

Döll, P. and Schmied, H. M. 2012. How is the impact of climate 
change on river flow regimes related to the impact on mean annual 
runoff? A global-scale analysis. – Environ. Res. Lett. 7: 014037.

Dudgeon, D. et al. 2020. Shifts in aquatic insect composition in a 
tropical forest stream after three decades of climatic warming. 
– Global Change Biol. 26: 6399–6412.

Dray, S. et al. 2020. adespatial: multivariate multiscale spatial anal-
ysis. – <https://CRAN.R-project.org/package=adespatial>.

Frainer, A. and McKie, B. G. 2015. Shifts in the diversity and 
composition of consumer traits constrain the effects of land use 
on stream ecosystem functioning. – Adv. Ecol. Res. 52: 
169–200.



12

Floury, M. et al. 2017. Assessing long-term effects of multiple 
potentially confounded drivers in ecosystems from species 
traits. – Global Change Biol. 23: 2297–2307.

Fritz, K. M. and Dodds, W. K. 2005. Harshness: characterisation 
of intermittent stream habitat over space and time. – Mar. 
Freshwater Res. 56: 13–23.

Fritz, K. M. et al. 2006. Field operations manual for assessing the 
hydrologic permanence and ecological condition of headwater 
streams. – United States Environmental Protection Agency, 
Office of Research and Development, Washington, DC, USA.

Gagic, V. et al. 2015. Functional identity and diversity of animals 
predict ecosystem functioning better than species-based indices. 
– Proc. R. Soc. B 282: 20142620.

Gayraud, S. and Philippe, M. 2001. Does subsurface interstitial 
space influence general features and morphological traits of the 
benthic macroinvertebrate community in streams? – Archiv 
Hydrobiol. 151: 667–686.

Gerisch, M. 2014. Non-random patterns of functional redundancy 
revealed in ground beetle communities facing an extreme flood 
event. – Funct. Ecol. 28 1504–1512.

Grill, G. et al. 2019. Mapping the world’s free-flowing rivers. – 
Nature 569: 215–221.

Gutiérrez-Cánovas, C. et al. 2015. Similarity in the difference: 
changes in community functional features along natural and 
anthropogenic stress gradients. – Ecology 96: 2458–2466.

He, F. et al. 2019. The global decline of freshwater megafauna. – 
Global Change Biol. 25: 3883–3892.

Herbst, G. and Reice, S. R. 1982. Comparative leaf litter decom-
position in temporary and permanent streams in semi-arid 
regions of Israel. – J. Arid Environ. 5: 305–318.

Hothorn, T. and Zeileis, A. 2015. partykit: a modular toolkit for 
recursive partytioning in R. – J. Mach. Learn. Res. 16: 3905–3909.

Hothorn, T. et al. 2006. Unbiased recursive partitioning: a condi-
tional inference framework. – J. Comput. Graph. Stat. 15: 
651–674.

Jaeger, K. L. and Olden, J. D. 2012. Electrical resistance sensor 
arrays as a means to quantify longitudinal connectivity of rivers. 
– River Res. Appl. 28: 1843–1852.

Kremer, C. T. et al. 2017. Realizing the potential of trait-based 
aquatic ecology: new tools and collaborative approaches. – Lim-
nol. Oceanogr. 62: 253–271.

Kohli, B. A. et al. 2018. A trait-based framework for discerning 
drivers of species co-occurrence across heterogeneous land-
scapes. – Ecography 41: 1921–1933.

Lake, P. S. 2000. Disturbance, patchiness and diversity in streams. 
– J. N. Am. Benthol. Soc. 19: 573–592.

Lake, P. S. 2003. Ecological effects of perturbation by drought in 
flowing waters. – Freshwater Biol. 48: 1161–1172.

Larned, S. T. et al. 2007. Invertebrate and microbial responses to 
inundation in an ephemeral river reach in New Zealand: effects 
of preceding dry periods. – Aquatic Sci. 69: 554–567.

Larned, S. T. et al. 2010. Emerging concepts in temporary-river 
ecology. – Freshwater Biol. 55: 717–738.

Larned, S. T. et al. 2011. Longitudinal river ecohydrology: flow 
variation down the lengths of alluvial rivers. – Ecohydrology 4: 
532–548.

Larson, E. R. et al. 2009. Disturbance and species displacement: 
different tolerances to stream drying and desiccation in a native 
and an invasive crayfish. – Freshwater Biol. 54: 1899–1908.

Ledger, M. E. et al. 2011. Impact of simulated drought on ecosys-
tem biomass production: an experimental test in stream meso-
cosms. – Global Change Biol. 17: 2288–2297.

Lefcheck, J. S. et al. 2015. Biodiversity enhances ecosystem multi-
functionality across trophic levels and habitats. – Nat. Com-
mun. 6: 6936.

Leigh, C. and Datry, T. 2017. Drying as a primary hydrological 
determinant of biodiversity in river systems: a broad-scale anal-
ysis. – Ecography 40: 487–499.

Leigh, C. et al. 2019. Drought alters the functional stability of 
stream invertebrate communities through time. – J. Biogeogr. 
46: 1988–2000.

LeMoine, M. T. et al. 2020. Landscape resistance mediates native 
fish species distribution shifts and vulnerability to climate 
change in riverscapes. – Global Change Biol. 26: 5492–5508.

Lytle, D. A. 1999. Use of rainfall cues by Abedus herberti (Hemip-
tera: Belostomatidae): a mechanism for avoiding flash floods. 
– J. Insect Behav. 12: 1–12.

Martini, S. et al. 2021. Functional trait-based approaches as a com-
mon framework for aquatic ecologists. – Limnol. Oceanogr. 66: 
965–994.

McRae, L. et al. 2017. The diversity-weighted living planet index: 
controlling for taxonomic bias in a global biodiversity indicator. 
– PLoS One 12: e0169156.

Meyer, A. and Meyer, E. I. 2000. Discharge regime and the effect 
of drying on macroinvertebrate communities in a temporary 
karst stream in east Westphalia (Germany). – Aquatic Sci. 62: 
216–231.

Meyer, A. et al. 2003. Lotic communities of two small temporary 
karstic stream systems (East Westphalia, Germany) along a lon-
gitudinal gradient of hydrological intermittency. – Limnologica 
33: 271–279.

Micheli, F. and Halpern, B. S. 2005. Low functional redundancy 
in coastal marine assemblages. – Ecol. Lett. 8: 391–400.

Mondy, C. P. and Usseglio-Polatera, P. 2014. Using fuzzy-coded 
traits to elucidate the non-random role of anthropogenic stress 
in the functional homogenisation of invertebrate assemblages. 
– Freshwater Biol. 59: 584–600.

Mora-Gómez, J. et al. 2020. Legacy of summer drought on autum-
nal leaf litter processing in a temporary Mediterranean stream. 
– Ecosystems 23: 989–1003.

Mouton, T. L. et al. 2020. Increasing climate-driven taxonomic 
homogenization but functional differentiation among river 
macroinvertebrate assemblages. – Global Change Biol. 26: 
6904–6915.

Muggeo, V. M. 2003. Estimating regression models with unknown 
break-points. – Stat. Med. 22: 3055–3071.

Muggeo, V. M. et al. 2008. Segmented: an R package to fit regres-
sion models with broken-line relationships. – R News 8: 20–25.

Oliver, T. H. et al. 2015. Biodiversity and resilience of ecosystem 
functions. – Trends Ecol. Evol. 30: 673–684.

Pařil, P. et al. 2019. An unexpected source of invertebrate com-
munity recovery in intermittent streams from a humid conti-
nental climate. – Freshwater Biol. 64: 1971–1983.

Pecl, G. T. et al. 2017. Biodiversity redistribution under climate 
change: impacts on ecosystems and human well-being. – Sci-
ence 355: eaai9214.

Petchey, O. L. et al. 2007. Low functional diversity and no redun-
dancy in British avian assemblages. – J. Anim. Ecol. 76: 
977–985.

Poff, N. L. et al. 2006. Functional trait niches of North American 
lotic insects: traits-based ecological applications in light of phy-
logenetic relationships. – J. N. Am. Benthol. Soc. 25: 730–755.

Rao, C. R. 1982. Diversity and dissimilarity coefficients: a unified 
approach. – Theor. Popul. Biol. 21: 24–43.



13

Reid, A. J. et al. 2018. Emerging threats and persistent conservation 
challenges for freshwater biodiversity. – Biol. Rev. 94: 849–873.

Resh, V. H. et al. 1994. Theoretical habitat templets, species traits 
and species richness: a synthesis of long-term ecological research 
on the Upper Rhône River in the context of concurrently devel-
oped ecological theory. – Freshwater Biol. 31: 539–554.

Rosenfeld, J. S. 2002. Functional redundancy in ecology and con-
servation. – Oikos 98: 156–162.

Santos, A. N. and Stevenson, R. D. 2011. Comparison of macroinver-
tebrate diversity and community structure among perennial and 
non-perennial headwater streams. – Northeast. Nat. 18: 7–26.

Sarremejane, R. et al. 2017. Do metacommunities vary through 
time? Intermittent rivers as model systems. – J. Biogeogr. 44: 
2752–2763.

Schriever, T. A. et al. 2015. Hydrology shapes taxonomic and func-
tional structure of desert stream invertebrate communities. – 
Freshwater Sci. 34: 399–409.

Siebers, A. R. et al. 2019. Flow intermittency influences the trophic 
base, but not the overall diversity of alpine stream food webs. 
– Ecography 42: 1523–1535.

Smol, J. P. and Douglas, M. S. V. 2007. Crossing the final eco-
logical threshold in high Arctic ponds. – Proc. Natl Acad. Sci. 
USA 104: 12395–12397.

Soria, M. et al. 2017. Biodiversity in perennial and intermittent 
rivers: a meta-analysis. – Oikos 126: 1078–1089.

Southwood, T. R. E. 1977. Habitat the templet for ecological strat-
egies? – J. Anim. Ecol. 46: 337–365.

Spinoni, J. et al. 2018. Will drought events become more frequent 
and severe in Europe? – Int. J. Climatol. 38: 1718–1736.

Statzner, B. et al. 1994. Ecology of the Upper Rhône River: a test 
of habitat templet theories. – Freshwater Biol. 31: 253–554 
(Special issue).

Statzner, B. et al. 2001. Perspectives for biomonitoring at large spa-
tial scales: a unified measure for the functional composition of 
invertebrate communities in European running waters. – Basic 
Appl. Ecol. 2: 73–85.

Steward, A. et al. 2012. When the river runs dry: human and eco-
logical values of dry riverbeds. – Front. Ecol. Environ. 10: 202–209.

Strachan, S. R. et al. 2015. Freshwater invertebrate life history strat-
egies for surviving desiccation. – Springer Sci. Rev. 3: 57–75.

Stubbington, R. 2012. The hyporheic zone as an invertebrate ref-
uge: a review of variability in space, time, taxa and behaviour. 
– Mar. Freshwater Res. 63: 293–311.

Stubbington, R. and Datry, T. 2013. The macroinvertebrate seed-
bank promotes community persistence in temporary rivers 
across climate zones. – Freshwater Biol. 58: 1202–1220.

Tachet, H. et al. 2010. Invertébrés d’Eau Douce: Systématique, 
Biologie, Écologie, Vol. 15. – CNRS Éditions, Paris, France.

Tonkin, J. D. et al. 2019. Prepare river ecosystems for an uncertain 
future. – Nature 570: 301–303.

Townsend, C. R. and Hildrew, A. G. 1994. Species traits in relation 
to a habitat templet for river systems. – Freshwater Biol. 31: 
265–275.

Townsend, C. R. et al. 2008. Individual and combined responses 
of stream ecosystems to multiple stressors. – J. Appl. Ecol. 45: 
1810–1819.

Usseglio-Polatera, P. et al. 2000. Biological and ecological traits of 
benthic freshwater macroinvertebrates: relationships and defini-
tion of groups with similar traits. – Freshwater Biol. 43: 
175–205.

Vadher, A. N. et al. 2015. Fine sediment reduces vertical migrations 
of Gammarus pulex (Crustacea: Amphipoda) in response to sur-
face water loss. – Hydrobiologia 753: 61–71.

Vander Vorste, R. et al. 2016. Invertebrate communities in gravel-
bed braided rivers are highly resilient to flow intermittence. – 
Freshwater Sci. 35: 164–177.

Ward, J. H. 1963. Hierarchical grouping to optimize an objective 
function. – J. Am. Stat. Assoc. 58: 236–244.

Webb, J. A. et al. 2017. Models of ecological responses to flow 
regime change to inform environmental flows assessments. – In: 
Horne, A. C. et al. (eds), Water for the environment. Elsevier, 
London, UK, pp. 287–316.

Williams, D. D. 2006. The biology of temporary waters. – Oxford 
Univ. Press.

Wood, P. J. and Armitage, P. D. 2004. The response of the mac-
roinvertebrate community to low-flow variability and supra-
seasonal drought within a groundwater dominated stream. – 
Archiv Hydrobiol. 161: 1–20.

Zimmer, M. A. et al. 2020. Zero or not? Causes and consequences 
of zero-flow stream gage readings. – WIREs Water 7: e1436.


