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Abstract: Rare earth elements (REE) are known to be emerging contaminants in hydrosphere, but 13 

roles of hydrous manganese oxyhydroxides (HMO) in REE transport in groundwater remains 14 
unknown. In this study, groundwater was sampled along a flow path in the North China Plain to 15 
determine the behavior of REE surface complexation to HMO by a modeling and field study 16 
approach. Results show that the proportion of neodymium (Nd) complexed by HMO ranges from 17 
0.2% to 95.8%, and from 0.3% to 99.6% in shallow groundwater and deep groundwater, 18 
respectively. The amount of complexed REE increases along the flow path. REE bound to HMO 19 
exhibit decreasing trends with increasing atomic number. The process was determined to be 20 
independent of pH, HMO content, and metal loading. This finding further demonstrates HMO-21 
REE complexation plays a key role in transport of REE in groundwater through preferential 22 
scavenging of Light REE (LREE) over Heavy REE (HREE). Nevertheless, carbonate ligands appear 23 
to be robust competitors in reducing the amount of REE sorbed to HMO when solution pH rises 24 
above 8.0. Assuming that 50% of Mn concentration occurs as HMO, the amount of complexed REE 25 
was predicted to show a more marked decrease in LREE compared to that of HREE. 26 

Keywords: Lanthanides; China; Sorption; Modeling; Aquifer; Cerium anomaly; Critical zone 27 

 28 

1. Introduction 29 

The rapid development of modern technologies has been accompanied by an increase of rare 30 
earth elements (REEs) released into the environment. Natural water containing REE (i.e. Gd) at 31 
concentrations far above their background values occur worldwide, including the USA [1,2], 32 
Australia [3], England [4], Brazil [5], Germany [6], France [7], Italy [8], the Czech Republic [9], Japan 33 
[10] and Korea [11]. In China, REE have been considered one of the main chemical contaminants 34 
since the 1990s [12]. In the past decades, the anomalously high REE concentrations being commonly 35 
detected in water resources has raised global concern due to their potential for long-distance 36 
transport, toxicity and bioaccumulation [13,14]. This issue has been accentuated by a steep increase 37 
in REE demand which leads to a growing environmental discharge of REE, posing a potential risk 38 
to human health and ecological system [15,16]. Therefore, full understanding of the fate and 39 
transport of REE in hydrosystems is an important issue to protect human health and support sound 40 
environmental policy-making.  41 

Research in REE abundance and fractionation in groundwater has been conducted over the last 42 
three decades [17-23]. It is commonly recognized that the mobilization and transport of REE is 43 
impacted by reactive solids via strong liquid-solid phase interactions. Processes such as REE co-44 
precipitation with secondary minerals [24,25], REE adsorption onto ferromanganese oxides [26], and 45 
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amorphous ferromanganese precipitation [27] sequestrate, to a large extent, the aqueous REE from 46 
bulk solution. This results in low REE concentrations (e.g. from 10-9 to 10-14 mol/L) in near neutral 47 
groundwater. Indeed, to investigate the REE interaction with Fe precipitates, experiments on REE 48 
scavenging were conducted by Bau [28], showing that the scavenged REE increased from 49 
approximately 10% at pH < 4.6 to more than 90% at pH > 6 in the presence of dissolved Fe 50 
oxyhydroxide. This result is in contrast with the behavior of REE in the absence of Fe-oxyhydroxides, 51 
where the scavenged REE were below 4.6%. Dissolved carbonate ion (CO32-) has been shown to 52 
influence the solution complexation and partition coefficients describing the sorption of REE on 53 
amorphous ferric hydroxide [29-31]. The enhanced REE solution complexation by carbonate ions 54 
was reported to be a mechanism of the Fe distribution coefficient decrease [31].  55 

In-depth understanding of geochemical behavior of REE requires more comprehensive and 56 
quantitative information on the REE surface and solution complexation mechanisms. Numerous 57 
studies have been devoted to understanding REE surface complexation with Fe oxides [28,30,32-35], 58 
while less effort has been made toward the quantitative study of REE surface complexation with Mn 59 
oxides; the limited existing information suggested that REE binding with Mn oxides could be 60 
delineated using a two-site model [36]. The proposed model was recently applied to a field study on 61 
the fractionation and mobility of REE in groundwater. The results indicated that REE showed a 62 
greater affinity for Mn oxides as compared to Fe oxides [23]. Complexation with both of these oxides, 63 
however, could be a net sink of aqueous REE [37].   64 

Early laboratory experiments dedicated to the mechanism of REE incorporation into natural Mn 65 
oxides were carried out by Koeppenkastrop and De Carlo [38]. The study indicated that the REE 66 
sorptive behavior showed a preferential uptake by Mn oxides of light REE (LREE) relative to heavy 67 
REE (HREE) and suggested that this fractionation trend resulted in an LREE enrichment in the solid 68 
phase. The study by Koeppenkastrop and De Carlo [38] further described a significant decoupling 69 
of Ce from neighbors La and Pr, which was not observed on Fe oxide surfaces (i.e. goethite). Based 70 
on these observations, the effect of dissolved carbonate ion complexation on the sorption kinetics of 71 
REE [39] as well as their fractionation quantified by Sm/Yb ratio was evaluated [40]. A greater extent 72 
of REE fractionation was initially observed on Mn oxides (i.e. δ-MnO2) compared to that on Fe oxides 73 
(i.e. FeOOH) in the presence of dissolved carbonate ligands [39]. More recently, REE complexation 74 
with hydrous manganese oxides (HMOs) was quantitatively determined using the diffuse double-75 
layer sorption model [36]. The results obtained from the modeling study showed that LREE bound 76 
onto HMO increased with increasing pH and ionic strength and a fractional REE pattern exhibited 77 
large positive Ce anomalies and a downward declining convex tetrad effect [27,41,42].     78 

Little research has been published on REE speciation and transport along groundwater flow 79 
paths considering REE complexation to HMO, in spite of the numerous studies concerning the 80 
behavior of REE along groundwater flow paths/transects [20,21,25,43-47]. The only studies 81 
quantifying REE binding to HMO were that of Decrée et al. [48] and Liu et al. [23]. The former authors 82 
calculated REE speciation in a metal-ligand groundwater system over a range of pH from 4 to 12 by 83 
considering HMO concentrations of 10-4 mol/L and 10-5 mol/L, respectively, while the latter study 84 
compared the impact of HMO to HFO on REE speciation in groundwater along a flow path. 85 
Frequently, Mn has been used as a redox sensitive component for qualitative evaluation of processes 86 
controlling REE mobilization [43,47]. However, it is essential to quantitatively describe REE binding 87 
to Mn-oxyhydroxides, in order to better understand the fate and transport of the REE in groundwater 88 
systems and to determine the extent to which REE groundwater patterns depend on fractionation 89 
by HMO. Therefore, the objectives of this study are to (i) identify the roles of HMO in transport of 90 
REE in groundwater along the flow path; (ii) quantitatively determine REE surface complexation 91 
reactions with HMO in groundwater from different aquifers; and (iii) evaluate the influence of HMO 92 
concentrations on REE speciation and fractionation. 93 

2. Materials and Methods  94 

2.1 Regional hydrogeological settings 95 
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The North China Plain (NCP) is within the longitudes of 112°30' to 119°30'E and the latitudes of 96 

34°46' to 40°25'N and has a total area of approximately 32×104 km2. The NCP is bounded by the 97 

Yanshan Mountain to the north, by Taihang to the west, by the Yellow River to the south, and by 98 
Bohai Bay to the east (Figure 1). The NCP is a semi-arid region with a middle-latitude continental 99 
monsoon climate. The annual average temperature is from 12°C to 13°C, and annual precipitation 100 
ranges from 400 to 1200 mm, with a mean value of approximately 550 mm [49]. The mean annual 101 
potential evaporation is 1645 mm [50]. 102 

Geographically, the plain generally inclines eastward from an altitude of approximately 100 m 103 
above land surface (a.l.s) in the west to approximately 1 m a.l.s in the east with underlying 104 
sedimentary rocks ranging in age from Archaean to Cenozoic. Three hydrogeological units from the 105 
piedmont zone to the littoral area correspond to piedmont alluvial-proluvial plain, central alluvial-106 
lacustrine plain, and eastern alluvial-littoral plain [51] (Figure 1). The Cenozoic sediments are 107 
dominated by medium-coarse sand and gravel deposits in the piedmont area. The alluvial-proluvial 108 
fans occur as a ribbon along the bases of the Taihang and Yanshan mountains. The central plain 109 
mainly consists of fine-grained, silty and clayey deposits. The littoral plain is predominated by 110 
alluvial deposits sandwiched with locally abundant marine deposits along the western and northern 111 
coast of Bohai Bay. According to the investigation of Chen and Ni [52], aquifer minerals are 112 
dominated by quartz, K-feldspar and hornblende in the piedmont, and calcite accounts for 5%-14%. 113 
Clay minerals such as kaolinite, illite and montmorillonite are more common in the central and 114 
littoral plain than in the piedmont plain [51]. 115 

Regional Cenozoic groundwater occurs in four aquifers composed of sandy gravel, medium-116 
fine and fine sand. According to their lithology, hydrodynamics and geologic age, the four aquifers 117 
include the Holocene formation (aquifer-I), the late Pleistocene formation (aquifer-II), the middle 118 
Pleistocene formation (aquifer-III), and the early Pleistocene formation (aquifer-IV) from top to 119 
bottom [53] (Figure 2). The depth of these four aquifers is shown in the hydrogeological cross section 120 
(Figure 2). The aquifers in the piedmont have a thickness of about 150 m with fluvial deposits being 121 
dominated, whereas in the central and littoral plains, the aquifer sediments are mainly composed of 122 
alluvial and lacustrine deposits with a thickness up to 600 m. In the piedmont plain, the aquifers 123 
(Aquifer-І~IV) are connected and mainly unconfined, establishing a local flow system. In the latter 124 
two plains, Aquifers-II, -III and -IV (deep aquifers) are confined, combined to Aquifers-I (shallow 125 
aquifer) forming a regional flow system.  126 

Groundwater system is recharged by precipitation, irrigation return flow, lateral inflow from 127 
the Taihang Mountains, and infiltration of surface water flow [54]. Shallow groundwaters within the 128 
Taihang Mountains discharge into rivers and canals during the course of downward migration. Deep 129 
groundwaters constitute the drinking water supply and agriculture irrigation, and thus their flows 130 
are greatly impacted by anthropogenic activity (e.g. pumping), especially since 1980, when deep 131 
groundwaters were diverted in cities and agricultural areas due to the depletion of shallow 132 
groundwaters and surface waters. Irrigation return flow can be an important component 133 
substantially contributing to the recharge in the centre and littoral plains [54], and 134 
artificial exploitation is a major discharge pathway for deep groundwater. 135 

 136 
 137 
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Figure 1. Study area and sampling locations (І, II, and III correspond to the piedmont plain, the 140 

central plain, and the littoral plain, respectively). 141 
 142 

 143 
 144 

 145 
 146 
Figure 2. Schematic hydrogeological cross-section of the sampled path. Investigated wells and their 147 

depths are indicated by vertical numbered lines (e.g. 21 represents No. 16-21). Boundaries of the 148 
aquifers I~IV at different depths are shown using black solid lines. 149 

2.2 Groundwater sample collection 150 

Forty-six groundwater samples were collected from electric-powered public wells used for 151 
drinking water supply or agricultural irrigation with 29 samples from shallow aquifers and 17 from 152 
deep aquifers. These samples were taken approximately along the profile a-a' from Shidu, through 153 
Zhuozhou and Bazhou, to southern Tianjin, over a total distance of approximately 188 km (Figure 154 
1). The depth of the investigated wells spans from 4.5 m to 500 m b.l.s (Figure 2). Before sampling, 155 
all wells were pumped for at least 20 min (irrigation wells for several hours due to ongoing 156 
agricultural irrigation) until water pH, temperature, electrical conductivity (EC), and oxidation-157 
reduction potential (ORP) remained stable. Groundwater was stored in sample vessels which were 158 
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all pre-cleaned using acid-washing and deionized water in the laboratory and rinsed three times 159 
using extracted groundwater. The 0.45-μm-membrane filters were used for water filtration in the 160 
field. The filtered groundwaters, used for analysis of major cations (Ca2+, Mg2+, K+, Na+), REE and 161 
other trace elements, were stored in 100 mL of high-density polyethylene bottles and immediately 162 
acidified to a pH <2 by addition of 6 mol/L of purified-HNO3. Groundwaters used for major anion 163 
analysis were sampled without acidification. Groundwater samples for dissolved organic carbon 164 
(DOC) analysis were collected in 30-mL amber glass bottles and immediately acidified with 1:9 165 
(volume) H2SO4 to pH <2.0. All samples were stored at 4℃ prior to analysis. 166 

2.3 Groundwater sample analysis  167 

A portable multi-meter (HANNA, HI 9828) was used to determine physico-chemical 168 
parameters, including T, pH, EC and ORP in the field. The instrument was calibrated using standard 169 
solutions before use. By letting water flow through an in-line flow cell with minimal atmospheric 170 
contact, groundwater physico-chemical conditions were maintained during field monitoring. 171 
Alkalinity was titrated on-site using a Model 16900 digital titrator (HACH) with standard purified 172 
H2SO4 (0.80 mol/L) and bromocresol green-methyl red indicator. The results obtained were 173 
compared to a previous study [55] for validation. A portable UV/VIS spectrophotometer (HACH, 174 
DR2800) was used to determine concentrations of total Fe, Fe(II), nitrite, ammonium and sulfide in 175 
the field.  176 

Groundwater major anion (e.g. Cl-, NO3-, and SO42-) concentrations were determined by using 177 
an ion chromatography system (ICS2000, Dionex), with a precision better than 3%. For major cation 178 
and trace element analysis, ICP-AES (iCAP6300, Thermo) and ICP-MS (7500C, Agilent) were used, 179 
respectively. Samples with elevated Mn concentrations were diluted appropriately to fit the standard 180 
curve during analysis. Validation of chemical data using the charge balance method showed that all 181 
tested samples had a precision better than 5%. 182 

Groundwater REE concentrations were quantified using ICP-MS (7500C, Agilent) following the 183 
routine protocol described by Guo et al. [45] and Liu et al. [47]. Briefly, seven REE standard solutions 184 
(1 ng/L, 2 ng/L, 10 ng/L, 100 ng/L, 250 ng/L, 500 ng/L, 1000 ng/L), diluted from a stock standard (10 185 
mg/L), were used to calibrate the ICP-MS. A duplicate standard sample was analyzed every 10 186 
samples to check the analytical quality of the determination during analysis. In addition, two REE 187 
standard reference water samples (PPREE1 and SCREE1) were routinely run to verify the accuracy 188 
of the analytical method. The analytic precision for the standard reference solutions was better than 189 
3% relative standard deviation and for sample REE analyses was generally better than 5%. 190 

2.4 Speciation modeling 191 

The speciation modeling was performed with hydrogeochemical code PHREEQC version 3.3.9 192 
[56] using the Nagra/PSI database [57] according to the method described previously [36]. The 193 
PHREEQC database was updated by the incorporation of well-accepted stability constants at 0 ionic 194 
strength at 25°C for REE inorganic anion complexation. The values of the constants have been 195 
outlined in Liu et al. [58]. REE complexation to HMO was taken from Pourret and Davranche [36]. 196 
Detailed information on the processing technique has been described in Pourret and Davranche [36]. 197 
Briefly, HMO were obtained via precipitation equilibrium with the Mn content determined in 198 
groundwater collected from different zones. Both strong and weak binding sites formed upon the 199 
precipitation of HMO. Thus, REE-HMO surface complexation modeling was performed in the 200 
presence of Mn oxyhydroxides (i.e. pyrolusite 95%/manganite 5% as evidenced by X-ray diffraction, 201 
data not shown) by holding the physiochemical parameters (e.g. pH, Eh and major ions). For the 202 
surface complexation model (SCM), surface-complexed and diffuse layer species were taken as the 203 
components of the system, in which groundwater flow was not taken into account. Manganese 204 
carbonate was not considered in the modeling as the pH of the samples was generally lower than 8.5 205 
and even if present it does not affect the saturation index of Mn oxyhydroxides [59]. All REEs 206 
considered in the model were trivalent, because oxidation of Ce(III) occurs after initial sorption onto 207 
mineral surface sites [28].   208 
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3. Results 209 

3.1 Groundwater general chemistry 210 

The physicochemical parameters of all groundwater samples are presented in the Appendix A 211 
(Tables A1 and A2). Groundwater samples are neutral to weakly alkaline, with pH values varying 212 
from 7.1 to 8.2 in shallow groundwater, and from 7.5 to 8.8 in deep groundwater. In general, the pH 213 
increases from the piedmont to the littoral plain (Figure 3a), except for shallow groundwater samples 214 
in the central plain (100 to 120 km) that had low-pH anomalies, which may be the result of mixing 215 
of newly recharged waters (i.e. acidic rain water). Average bicarbonate concentrations of 6.93 216 
mmol/L and 5.00 mmol/L were recorded for the shallow and deep groundwater samples, 217 
respectively. Along the flow path, shallow groundwater HCO3- concentrations show an overall 218 
increasing trend (Table A1), while no substantial variation is observed for deep groundwater 219 
samples. However, lower concentrations of 0.52 mmol/L are found in the central plain (Table A2). 220 
Chloride concentrations generally increase along the groundwater flow path, whereas sulfate varies 221 
substantially within the range of from 0.15 mmol/L to 30.08 mmol/L, and 0.12 mmol/L to 2.77 mmol/L 222 
for shallow and deep groundwaters, respectively. Elevated SO42- concentrations in groundwater 223 
samples, greater than 2.60 mmol/L, indicated by the Chinese drinking water guideline, occur in the 224 
central plain from 80 to 120 km from the recharge zone. Groundwater cations are dominated by 225 
Ca2+and Mg2+ in the piedmont plain. However, Na+ becomes predominant with the down-gradient 226 
flow along the flow path for both shallow and deep groundwater samples. Consequently, the 227 
groundwater hydrochemical phases evolve from HCO3-Ca-Mg in the recharge zone to SO4-Cl-Na or 228 
Cl-Na in the discharge zone.  229 

The oxidation-reduction potential (ORP) ranges from -85 mV to 142 mV (average 56 mV) and 230 
from -136 mV to 156 mV (average 6 mV) in shallow and deep groundwaters, respectively. Variation 231 
of ORP is quite similar between the shallow and deep groundwater samples along the flow path. 232 
The ORP decreases progressively from the piedmont plain, through the central plain, to the littoral 233 
plain (Figure 3). 234 

Total dissolved manganese (MnT) concentrations are for the most part higher in groundwater 235 
from the central and the littoral plains as compared to those from the piedmont plain (Figure 3b). 236 
For shallow groundwater, MnT concentrations range from <0.01 µmol/L to 1.44 µmol/L (average 0.12 237 
µmol/L) in the piedmont plain, 0.02 µmol/L to 30.64 µmol/L (average 7.12 µmol/L) in the central 238 
plain, and 0.69 µmol/L to 0.93 µmol/L (average 0.81 µmol/L) in the littoral plain, showing a general 239 
increasing trend along the flow path (Figure 3b). Deep groundwater has MnT concentrations lower 240 
than 0.02 µmol/L in the piedmont plain with the exception of sample 16-20 (12.96 µmol/L). In 241 
comparison to those of shallow groundwater, deep groundwater MnT concentrations are lower in 242 
the central and littoral plains. In these areas, MnT ranges from 0.02 µmol/L to 1.47 µmol/L (average 243 
0.37 µmol/L), and from 0.16 µmol/L to 0.42 µmol/L (average 0.26 µmol/L), respectively. Along the 244 
groundwater flow path, MnT concentrations decrease during the first 30 km, and then increase to 245 
their highest concentrations at a down-gradient of approximately 50 km, before a progressive decline 246 
for the remainder of the sampled path (Figure 3b).  247 

Total dissolved iron (FeT) concentrations are higher than MnT concentrations in the piedmont, 248 
but comparable in the central and littoral plains (Figure 3b). Shallow groundwater has FeT 249 
concentrations in the range of 0.18 µmol/L to 1.62 µmol/L with an average of 0.56 µmol/L in the 250 
piedmont plain. In the central and littoral plains, FeT concentrations range from 0.23 µmol/L to 212.21 251 
µmol/L (average 17.29 µmol/L), and from 3.71 µmol/L to 4.96 µmol/L (average 4.33 µmol/L), 252 
respectively. Total Fe concentrations of deep groundwater range from 0.25 µmol/L to 0.75 µmol/L 253 
(average 0.44 µmol/L) in the piedmont, and from 0.38 µmol/L to 7.51 µmol/L (average 1.94 µmol/L) 254 
and from 1.31 µmol/L to 51.74 µmol/L (average 13.45 µmol/L) in the central and littoral plains, 255 
respectively. Trends of FeT concentrations are similar to those of MnT concentrations along the flow 256 
path. It must be emphasized that, although measurable REE sorption on hydrous Fe oxides (HFO) 257 
at low pH (i.e. pH < 4) has been shown in previous experimental studies [28,31,35], modeling 258 
calculation performed using a recently built model [58] indicates that generally < 2% of groundwater 259 
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REEs are able to be complexed by HFO (except for sample 16-30 and 16-43 in this study) (see 260 
Appendix B Figure B1). Therefore, from the viewpoint of scavenging modeling, REE complexation 261 
on HFO colloids is not considered in the present study. This flow path study only focuses on HMO.  262 

 263 

 264 
 265 

Figure 3. Groundwater parameters as a function of distance from the recharge area ((a): pH and 266 

ORP; (b): total Mn (MnT) and total Fe (FeT); (c): total REE (∑REE) and Nd; (d): (Gd/Nd)UCC and 267 
(Yb/Nd)UCC). 268 

3.2 Groundwater REE signatures  269 

Rare earth element concentrations are shown in the Appendix A (Table A3 and A4, 270 
respectively). In this study, Nd (selected as a tracer) concentrations range from 16 pmol/L to 754 271 
pmol/L in shallow groundwater, with an average of 131 pmol/L, and from 27 pmol/L to 1468 pmol/L 272 
in deep groundwater aquifers, with an average of 246 pmol/L. Along the path, the trend of Nd is 273 
quite similar to that of ∑REE concentrations (Figure 3c). Specifically, shallow groundwater Nd 274 
concentrations show a decrease during the first 70 km, and then an increase down-gradient before a 275 
decrease along the remaining path (Figure 3c). The trends for deep groundwater Nd concentrations 276 
differ from those of shallow groundwater. Following a slight increase during the first 30 km, the Nd 277 
concentration decreases gradually over a distance of approximately 110 km. For the remainder of 278 
the sampled transect, Nd concentrations show greater fluctuation (Figure 3c). Overall, higher Nd 279 
concentrations are observed in the central plain, as compared to those of the piedmont and littoral 280 
plains.   281 

Rare earth element concentrations were normalized using the average REE composition of the 282 
upper continental crust (UCC) [60]. Fractionation indices [(Gd/Nd)UCC and (Yb/Nd)UCC] were used as 283 
a measure of groundwater REE fractionation with respect to UCC. As presented in figure 4, shallow 284 
groundwater REE patterns are characterized by Middle REE (MREE) and Heavy REE (HREE) 285 
enrichment in the piedmont plain, as indicated by (Gd/Nd)UCC >1 and (Yb/Nd)UCC >1 [i.e. values 286 
between 1.4 and 2.2 and between 1.2 and 4.2, with average values of 1.9 for both (Table A3)]. 287 
Increased enrichment in HREE and MREE are observed in the central plain, with average (Gd/Nd)UCC 288 
and (Yb/Nd)UCC ratios of 2.8 and 3.4 respectively. A flat REE pattern is described for the littoral plain, 289 
being therefore much less enriched in HREE with respect to the piedmont and central groundwater 290 
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samples (1.0 < (Yb/Nd)UCC < 1.3). An overall MREE enrichment is characteristic of these samples as 291 
highlighted by the (Gd/Nd)UCC ratios (1.2 < (Gd/Nd)UCC < 1.5) (Figure 4c). For groundwater from deep 292 
aquifers, all REE patterns are consistently enriched in MREE, with (Gd/Nd)UCC ratios of from 1.2 to 293 
3.8 (Table A4). An overall decreasing trend in (Gd/Nd)UCC ratios is observed as a function of distance 294 
from the recharge zone (Figure 3d). Significant enrichments in HREE are observed in the piedmont, 295 
where normalized ratios of (Yb/Nd)UCC range between 1.1 and 3.6 with an average of 2.2. However, 296 
groundwater from the central and littoral plains exhibits relatively complex patterns of HREE 297 
enrichment, although (Yb/Nd)UCC ratios are largely close to 1 (Figure 3d). Therefore, the UCC-298 
normalized REE patterns for the investigated groundwater samples slope upward with increasing 299 
REE atomic number in the up-gradient regions of the flow path. However, they evolve into relatively 300 
smooth increases in normalized LREE concentrations with groundwater flow. This is better observed 301 
in shallow rather than in deep groundwater.  302 

Another striking feature of groundwater REE patterns is that well-developed negative cerium 303 
anomalies (Ce/Ce*=[Ce]UCC/([La]UCC×[Pr]UCC)0.5) are commonly observed in the piedmont shallow 304 
groundwater, with the exception of two samples (i.e. 16-18 and 16-19). These samples have positive 305 
cerium anomalies with Ce/Ce* values of 2.3 and 2.0, respectively. Shallow groundwater from the 306 
central plain (average Ce/Ce*= 0.8) shows a smaller negative cerium anomaly compared to that of 307 
piedmont groundwater (average Ce/Ce*= 0.6), except for sample 16-22 (Ce/Ce*= 1.5) (Table A3). 308 
However, littoral shallow groundwater samples exhibit positive cerium anomalies (1.6 to 2.0). On 309 
the other hand, cerium anomalies of deep groundwater samples range between 0.2 and 1.2 with an 310 
average of 0.8 (Table A4). In the region proximal to the recharge area, where ORP values are highly 311 
variable, the cerium anomaly changes substantially. However, it stays relatively constant with 312 
groundwater flow from the recharge zone. There is only one exception (i.e. sample 16-39) which 313 
shows a positive cerium anomaly at a distance of 110 km from the recharge zone (Table A4). 314 

 315 

 316 
 317 

Figure 4 UCC-normalized REE patterns for groundwater samples from three zones. ((a), (b), (c): 318 
shallow groundwater samples; (d), (e), (f): deep groundwater samples). 319 

3.3 Modeling results 320 

Results of speciation modeling involving REE surface complexation to HMO are presented in 321 
Figure 5. The model predicts that REE are predominantly complexed with carbonates at low 322 
dissolved Mn concentrations (< 0.1 µmol/L), whereas a significant amount of REE is complexed by 323 
HMO at higher Mn concentrations (≧0.1 µmol/L). Specifically, for the majority of the piedmont 324 
groundwater samples (i.e. those with low pH values and low Mn concentrations), carbonate 325 
complexes (LnCO3+ and Ln(CO3)2-) are the major REE species. The sulfate complex (LnSO4+) and the 326 
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trivalent forms (Ln3+) are also suggested to be present at significant levels, especially for LREE. More 327 
specifically, average proportions of LaCO3+, La(CO3)2-, LaSO4+ and La3+ in these groundwater samples 328 
are modeled to 7%, 58%, 9% and 13%, respectively, whereas LuCO3+, Lu(CO3)2-, LuSO4+ and Lu3+ 329 
species are present at levels of 41%, 44%, <1% and <1%, respectively. Although HMO-complexes are 330 
universally insignificant with fractions mostly less than 5%, in groundwater with high Mn 331 
concentrations (i.e. samples 16-18 and 16-20), the bulk REE are predicted to be strongly complexed 332 
by Mn oxides (e.g. the total HMO-complexes of La, ranging from 74 to 100%; Figure 6). For 333 
groundwater samples from the central plain, the proportion of LnCO3+ decreases, while Ln(CO3)2- 334 
fractions increase with increasing pH. Significant fractions of REE are observed associated with 335 
HMO through the speciation modeling. These results show that the sum of the HMO complexes 336 
accounts for 2% to 97% (average 69%), and 2% to 82% (average 31%) for La in shallow and deep 337 
groundwater samples, respectively (Figure 6). Surface complexation of REE with HMO persists in 338 
the down-gradient groundwater samples (i.e. from the littoral plain) (Figure 6) with an average 339 
proportion of La-HMO complexes of 38% in the shallow groundwater samples, and of 17% in the 340 
deep groundwater samples. In the latter samples, speciation is predicted to be dominated by 341 
carbonates. In all groundwater samples, the importance of HMO-complexes (i.e. Hmo_Ln2+) 342 
decreases with increasing atomic number across the REE series (e.g. the average Hmo_La2+ of 31% 343 
and average value of Hmo_Lu2+ of 15%). All the other potential inorganic complexes including LnF2+, 344 
LaSO4+, LnOH2+, and Ln(OH)2+ display consistently down-slope trends. 345 
 346 

 347 
 348 

Figure 5 Results of speciation modeling of the REE in groundwater samples (Ln represents any of 349 

the REEs). 350 
 351 

 352 
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 353 
 354 

Figure 6 Speciation of groundwater La and its proportion of binding with HMO as a function of 355 

distance from the charge area. 356 

4. Discussion 357 

4.1 Groundwater REE mobility along the flow path 358 

Groundwater REE concentrations change substantially with groundwater flow in both shallow 359 

and deep aquifers (Figure 3c). This effect appears to be correlated with changing pH. The strong pH 360 

dependence of REE concentrations has been observed in shallow and deep piedmont groundwater 361 

samples (except for sample 16-34) (Figure 7a). This shows that shallow groundwater REE 362 

concentrations decrease progressively from the recharge zone to a distance of approximate 70 km, 363 

and they increase as the pH increases with groundwater flow (Figures 3a and c). However, REE 364 

concentrations of deep groundwater samples from the central and littoral plains span over a wide 365 

range (i.e. 31 pmol/L ≤ Nd ≤ 1468 pmol/L) within a narrow range of pH (8.2 to 8.8) (Figure 7a). 366 

Consequently, the variations in groundwater REE concentrations is attributed to changes in pH.   367 

Studies have showed that groundwater REE signatures might be acquired from the aquifer in 368 

recharge zones [21,25]. In these settings, acidic meteoric water, interacting with CO2 from the 369 

atmosphere, has a pH of ~5.7 after attaining equilibrium [61]. The uppermost soil water has a low 370 

pH in the range of 4 or 5 due to the decay of organic matter [62]. These acidic and oxidized fluids 371 

then give rise to chemical weathering and dissolution of minerals in aquifer rock/sediments. 372 

Therefore, REE as well as major and trace elements are mobilized from the host rock during acidic 373 

and oxidized water percolation. The investigated groundwater samples have a pH ranging between 374 

7.1 and 8.8. Samples in and near the recharge zone generally have a lower pH than those from the 375 

down-gradient (Table A1 and A2). Therefore, aquifer sediments would be the principal source of 376 

REE in groundwater via dissolution/weathering reactions of REE containing minerals. The most 377 

plausible mineral phases could be calcite/dolomite and aluminosilicate (i.e. feldspar) [52]. 378 

Geochemical modeling reveals that groundwater samples are all unsaturated with respect to 379 

amorphous silica (SiO2(a)) with saturation indices (SI) ranging from -1.3 to -0.5 and from -2.3 to -0.7 380 

in shallow and deep groundwater samples, respectively. Calcite and dolomite appear to be saturated 381 

in groundwater. The only exception is sample 16-1, nearest to the recharge zone of the flow path 382 

(Figure 1). This groundwater was found to be unsaturated with respect to both carbonate minerals. 383 

Consequently, dissolutions of calcite and dolomite are favorable in the recharge zone and that silicate 384 

dissolution occurs along the entire flow path. Hence, groundwater REE might generate via 385 

dissolution of calcite and dolomite before the groundwater becomes over-saturated with respect to 386 

these minerals. This would occur within the first 34 km in shallow aquifers because beyond this 387 

distance, the groundwater can already be over-saturated with respect to calcite and dolomite. With 388 
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groundwater flow (34 km) and infiltration in deep aquifers, dissolution of silicates may be the most 389 

important source of REE in these groundwater samples [25]. This may be the most plausible 390 

explanation for the substantial variation in REE concentrations for groundwater with pH values 391 

above 8.2 (Figure 7a). 392 

Therefore, after being mobilized from solid phases in the recharge zone, REE preferentially form 393 

aqueous carbonate complexes (LnCO3+and Ln(CO3)2-) at higher pH conditions. The preferential 394 

stabilization of MREE and HREE as compared to LREE leads to MREE- and HREE-enrichment of 395 

groundwater. In the central plain (90 km to 130 km), however, it should be noted that enhanced 396 

complexation of the REE by LnCO3+ can occur in shallow groundwater. This would be a result of the 397 

lower pH values observed in these shallow groundwater samples as shown in Table A1. This further 398 

explains the reason for the greater enrichment of MREE and HREE in the central shallow 399 

groundwater, indicated by the (Gd/Nd)UCC and (Yb/Nd)UCC ratios. In contrast to groundwater flow 400 

in shallow aquifers and to that infiltrating through upper layer aquifers, deep groundwater shows 401 

an alkaline pH arising from chemical weathering of aluminosilicates, including feldspars. Under 402 

these conditions, deep groundwater REE speciation is dominated by negatively charged Ln(CO3)2-. 403 

This result is consistent with deep aquifer groundwater properties found in the central and littoral 404 

plains (50 km), as their recorded pH values (except for groundwater sample 16-29) are above 8.2 405 

(Table A2). In consequence, the preferential mobilization of MREE and HREE over LREE in 406 

negatively charged carbonate forms (e.g. Ln(CO3)2-) contributes to the MREE and HREE enrichment 407 

in deep groundwater samples from the central and littoral plains [63]. Furthermore, with 408 

groundwater pH increase (i.e. alkaline conditions), the surface sites of Mn oxides/oxyhydroxides 409 

progressively become negatively charged, as the pHPZC of Mn oxides (e.g. MnO2) is approximately 410 

4.0 [64,36]. Similar cases have previously been reported previously [21,25]. These studies indicated 411 

that solution carbonate complexation (especially Ln(CO3)2-) of the REE was sufficient to overcome, 412 

to a certain extent, the binding affinity of the REE to mineral surface sites within aquifer sediments 413 

under alkaline conditions. This mechanism would thus favor conservative REE transport along the 414 

groundwater flow path. Consequently, changes in groundwater REE patterns along the flow path 415 

can be for the most part attributed to differences in solution carbonate complexation controlled 416 

exclusively by groundwater pH. 417 

 418 

Figure 7. Concentrations of Nd as a function of pH (a); Cerium anomaly (Ce/Ce*) as a function of 419 

MnT (b). 420 

 421 
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4.2 Controls on groundwater REE signatures: roles of hydrous manganese oxyhydroxides 422 

The low pHpzc (i.e. pH < 4.0) of Mn oxides (i.e. MnO2) [36,64] makes them one of the dominant 423 

scavengers for aqueous REE [65-67]. More importantly, Ce anomalies are positively correlated with 424 

Mn concentrations in groundwater (e.g. especially in shallow groundwater) as shown in figure 7b. 425 

Accordingly, the proportions of the REE (i.e. La, Gd, and Lu) complexed to HMO are predicted to 426 

increase significantly with increasing groundwater Mn concentrations (Figure 8). These modeling 427 

results strongly suggest the role of HMO should be therefore quantified in order to further 428 

characterize the mechanisms of groundwater REE mobilization in this study.  429 

A key feature of the modeling results is that the proportion of HMO complexes decreases 430 

downward as a function of REE atomic number. This property may be considered independent of 431 

the natural pH, Mn concentrations, and ionic strength, as comparable results were obtained from the 432 

modeling of different groundwater compositions from samples collected along a single flow path, 433 

even though groundwater chemistry changes substantially (Table A1 and A2). Consequently, the 434 

effect of HMO on REE signatures can be interpreted from two perspectives: namely, (1) scavenging 435 

of REE by Mn oxyhydroxides in groundwater from the portion of the aquifer nearest to the recharge 436 

zone; and (2) REE complexed to Mn oxyhydroxides with groundwater flow and infiltration. 437 

The REE were found to be principally mobilized in the recharge zone, where Mn oxyhydroxides 438 

formed particles/colloids in groundwater after being mobilized simultaneously. Manganese 439 

oxyhydroxides nucleate and form larger particles under oxidizing conditions in and nearest the 440 

recharge zone. These can readily precipitate or be transported with groundwater flow. From this 441 

study two main roles of HMO can be established with respect to their regulation of REE fractionation 442 

in oxidizing conditions nearest to the recharge region: (1) the preferential uptake of LREE relative to 443 

HREE and MREE by Mn oxyhydroxides during REE mobility; and (2) the preferential co-444 

precipitation of LREE over HREE and MREE together with Mn oxyhydroxides. Both of these 445 

processes remove LREE from solution, and therefore generate HREE and MREE enrichment in 446 

groundwater, as in the piedmont area (Figures 4a and d). These REE removal mechanisms occur in 447 

conjunction with the low concentrations of dissolved Mn in these oxidizing groundwaters (Figure 448 

3b). It is unclear, however, which of these processes exerts a more significant impact on REE 449 

fractionation. The low Mn concentrations (generally less than 0.1 µmol/L) and the oxidizing 450 

conditions suggest that co-precipitation of Mn oxyhydroxides is the common process occurring in 451 

the piedmont. On the other hand, the positively charged REE species (LnCO3+, LnSO4+, LnOH2+ and 452 

Ln3+), represent the main aqueous REE components in the piedmont groundwater samples (Figure 453 

6), are predicted to account for more fractions of LREE than those of HREE and MREE (Figures 6 454 

and 7). Sorption of these positively charged aqueous REE species by negatively charged Mn oxides 455 

would further lead to enrichment of the HREE and MREE as compared to that of LREE in 456 

groundwater. The decreasing REE concentrations within the first 50 km of the flow path in the 457 

shallow aquifer (Figure 3c) is further evidence that the predominant REE sorption is by Mn 458 

oxyhydroxides.   459 

With groundwater migration (beyond 50 km) and infiltration (deep aquifers), the proportion of 460 

REE scavenged by Mn oxyhydroxides in groundwater increases with increasing Mn concentration, 461 

the reason being that the large size Mn oxyhydroxide particles, transported from up-gradient, 462 

changes their surface properties with the decrease in redox potential along the flow path and its 463 

lower value in deep aquifers (See ORP trends in Figures 3a and b) [24]. The particles favor scavenging 464 
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of REE because of their elevated mobility and increased reactive surface area. Consequently, REE 465 

surface complexation with Mn oxyhydroxides particles competes with REE complexation with 466 

carbonate aqueous species. These processes would then be responsible for constraining groundwater 467 

REE concentrations and fractionation patterns to groundwater flow and infiltration (i.e. the central 468 

and littoral plains). The model reveals that larger proportions of REE are associated with HMO in 469 

groundwater samples collected from the down-gradient groundwater flow path (Figure 6). The 470 

remaining aqueous REE (Ln3+) form a dicarbonate complex (Ln(CO3)2-) at alkaline groundwater pH 471 

(e.g. pH > 8.0) (Figure 6). These results show that REE dicarbonate complexation coexists with HMO 472 

surface complexation in alkaline groundwaters. The proportion of REE binding to HMO shows 473 

typical patterns, smoothly declining downward across REE series. This implies preferential 474 

scavenging of LREE by Mn oxyhydroxides as compared to HREE and MREE, as shown by a previous 475 

experimental study [38]. Because the absolute concentrations of LREE are higher than those of MREE 476 

and HREE, competitive reaction between individual REE leads to HREE- and MREE-enrichment in 477 

solution, as expected for groundwater. However, REE patterns tend to be flat towards the end of the 478 

flow path, especially in deep aquifers of the latter two plains (Figures 4 and 3d). This could be 479 

attributed to REE complexation competition with carbonates. Indeed, the proportion of dicarbonate 480 

complexes increases upward to a greater extent for the LREE as compared to that of the MREE and 481 

HREE with increasing REE atomic number (Figure 5). These two contrasting patterns suggest that 482 

REE solution complexation by carbonate suppresses REE surface complexation by Mn-483 

oxyhydroxides. The strong competition between solution and surface complexation is primarily 484 

driven by solution pH. This is clearly evidenced by a decrease in the proportions of HMO complexes 485 

(Hmo_Ln2+) (Figure 9) and the increasing trend for REE carbonate complexes (Ln(CO3)2-) (Figure B2), 486 

both as a function of pH. This is best observed when pH rises above 8.0, as it is for groundwater from 487 

the central and littoral deep aquifers. The competitive effect between carbonate solution 488 

complexation and Mn-oxide surface complexation has been previously revealed by an experimental 489 

study that indicated that the rate of REE binding to δ-MnO2 was slower with respect to the carbonate-490 

free systems [39]. Therefore, the weaker enrichment of HREE and MREE observed near the discharge 491 

zone can be attributed to a decreased complexation of the REE by HMO, which results from the 492 

competition for the REE, generated by the presence of carbonate ligands. This is consistent with the 493 

REE speciation modeling results that highlight a predominance of dicarbonate species for sampling 494 

locations near the end of the flow path (Figure 6). 495 

 496 

 497 

Figure 8 Proportion of La (a), Gd (b), and Lu (c) binding with HMO as a function of MnT 498 

concentrations 499 
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 500 

 501 

Figure 9 Proportion of La (a), Gd (b), and Lu (c) binding with HMO as a function of pH 502 

4.3 Influence of hydrous manganese oxide content 503 

Apart from the strong influence of pH, HMO concentration is another important factor 504 

influencing REE complexation behavior. During the modeling calculation performed in this study, 505 

HMO was precipitated from measured Mn in groundwater samples with an equilibrium constant 506 

log K value of 41.38 [68]. The investigated flow path has higher concentrations of Mn in the central 507 

and littoral plains as compared to those in the piedmont areas (See Table A1 and A2). The stronger 508 

affinity of suspended colloidal or particulate HMO for REE, revealed by the modeling calculations, 509 

facilitates REE mobility in groundwater along the flow path. This may account for the substantial 510 

changes in REE concentrations observed in this study (Figure 3c and d). To elucidate the influence 511 

of HMO concentrations on REE fractionation, modeling results of 50% Mn (samples with Mn 512 

concentrations greater than 0.1 µmol/L) being precipitated as HMO was compared to those of total 513 

Mn as HMO. The comparative results suggest that the proportion of the REE binding to HMO 514 

(Hmo_Ln2+) decreases more for the LREE as compared to that of the MREE and HREE when Mn was 515 

decreased by 50% (Figure B3). To be more specific, take shallow and deep groundwater samples 516 

(labelled 16-28 and 16-42, respectively) for example. These samples have pH values of 8.0 and 8.5, 517 

and Mn concentrations of 0.90 µmol/L and 0.42 µmol/, respectively. Considering 50% Mn as HMO 518 

in the model, Hmo_La2+, Hmo_Gd2+ and Hmo_Lu2+ proportions decrease by 22%, 10%, and 5% for 519 

the groundwater sample 16-28, and by 6%, 1%, and <1% for samples 16-42, respectively (Figure 10). 520 

These results imply that higher concentrations of LREE would be scavenged compared to those of 521 

MREE and HREE with increasing levels of HMO. The majority of the groundwater samples from the 522 

central and littoral plains show increasing amounts of HMO for REE scavenging. Piedmont 523 

groundwater shows REE co-precipitation with Mn oxyhydroxides. This suggests decreasing levels 524 

of HMO, as discussed previously [25,44]. It should be noted, however, that a small proportion of 525 

central shallow groundwater samples show no significantly incongruent declines for Hmo_Ln2+% 526 

(Figure 10), when we consider the hypothesis that only 50% of the total Mn is expressed as HMO. 527 

This is attributed to the high contents of HMO playing a crucial role in the scavenging of the whole 528 

groundwater REE, in spite of a constraint by the low pH condition (See Table A1). Although 529 

groundwater normalized REE patterns are observed to be fractionated to a lesser extent with 530 

groundwater flow and infiltration (discussed above), absolute concentrations of REE as well as 531 

formation of carbonate, hydroxide, or even organics complexation with HMO (not considered in the 532 

model) may be a constraint in reality. Nevertheless, these modeling results are generally consistent 533 
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with those obtained by Decrée et al. [48], indicating a more significant fraction of LREE (i.e. La) 534 

complexed to HMO in the higher HMO content case (i.e. 10-4 mol/L compared to 10-5 mol/L). The 535 

influence of HMO content on metal speciation was studied through a modeling approach with the 536 

assumption (proposed by Cancès et al. [69]) that 50% of the measured Mn is considered HMO in the 537 

model [70]. More recently, the roles of various colloids including HMO particles in transport of trace 538 

elements and REEs in coastal groundwater were investigated thoroughly by Kim and Kim [71]. A 539 

comprehensive evaluation of REE-HMO proportions would be helpful to better understand REE 540 

aqueous speciation in natural groundwater.    541 

4.4 Model limitations 542 

The proposed model published by Pourret and Davranche [36] based on the pioneering work 543 

of Tonkin et al. [72] has limitations. Indeed, HMO does not reflect exactly the occurrence of 544 

manganese oxide in nature: the sorption properties may be different depending on the nature of 545 

oxide (e.g. types and densities of functional groups; see discussion in Tonkin et al. [72]). Apart from 546 

these intrinsic known limitations of the HMO model, the redox properties of Ce(III) and the influence 547 

of organic matter (generally < 1 mg/L) were not taken into account for REE speciation calculation in 548 

this study. This explains why no Ce decoupling from La and Pr during HMO complexation was 549 

observed (Figure 5). However, a significant accumulation of Ce on the surface of Mn oxide-550 

containing particles/colloids (i.e. ferromanganese nodules) is attributed to its preferential removal 551 

from solution by HMO, with respect to La and Pr [63]. In sorption experiments with Mn 552 

oxyhydroxides, a negative Ce anomaly was observed in solution and a positive Ce anomaly was 553 

observed for solid phases, due to the oxidative scavenging of Ce(III), and as a less soluble form, 554 

Ce(IV) [27,38]. However, in the presence of organic matter (e.g. humic acids), oxidation scavenging 555 

of Ce(III) by Mn oxides does not usually occur [66,73,74]. As such, in the presence of organic matter, 556 

negative Ce anomalies in solution, but no Ce anomalies in solid phases, were observed [45]. Recently, 557 

the roles of microorganisms in Ce(III) oxidation upon Ce sorption onto Mn oxides were also studied 558 

in the presence of organic-ligand-producing bacteria [75] and Pseudomonas fluorescens cells [76]. The 559 

results of these studies demonstrate that the oxidized Ce(IV) by Mn oxide was bound to organics 560 

being stabilized in solution rather than sequestrated in Mn oxide surfaces in the presence of 561 

microbial activity [77]. The results of the modeling of Ce speciation in solutions suggest that 562 

geochemical models may be useful predictive tools for predicting Ce sorption and redox speciation 563 

in the presence of Mn oxide surfaces. Unfortunately, to date, no model can account for the 564 

development of the Ce anomaly.   565 

The majority of the investigated groundwater samples show negative Ce anomalies (Table A3 566 
and S4), especially in the piedmont plain. These results contrast with those of REE inorganic 567 
speciation modeling. This further indicates that the organic substances may interfere with Ce 568 
sorption and redox speciation in the presence of Mn oxides. This effect may be accounted for by the 569 
inhibition of Ce redox reactions by the shielding of the Mn oxide reactive surfaces by an organic 570 
substance coating [42,66]. A similar shielding mechanism was recently reported for dissolved 571 
siderophores, showing no development of a positive Ce on the Mn oxide surfaces in the presence of 572 
siderophores [78]. In groundwater with low organic matter concentrations, no convincing evidence 573 
was found to suggest shielding on the Mn oxide surface. Therefore, no effects of organic matter on 574 
Ce(III) oxidation were observed. This is consistent with the modeling results obtained by Tang and 575 
Johannesson [79], which indicated that REE complexation with organic matter was insignificant in 576 
low-organic-carbon groundwater. However, a positive Ce anomaly was recorded for the last two 577 
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groundwater samples (sample 16-48 and 16-49; Ce/Ce* of 1.6 and 2.0, respectively) (Table A3). This 578 
result can be attributed to the preferential complexation of Ce(IV) by dissolved carbonate ligands to 579 
the organic effect [74]. Indeed, carbonate preferential complexing with Ce(IV) over other potential 580 
ligands including organic ligands leads to positive Ce anomalies in some organic-poor alkaline 581 
waters [74]. Therefore, although Ce redox speciation on the surface of HMO and the effect of organics 582 
on Ce sorption onto HMO were not considered, the modeling results are in good agreement with 583 
previously reported experimental results [27,36,38], showing preferential scavenging of LREE 584 
relative to HREE and MREE. Prediction of Ce sorption and redox speciation at the surface of HMO 585 
requires further knowledge of redox equilibria and quantification of the stability of Mn oxide surface 586 
species. Aqueous chemistry of Ce(IV) species has recently been investigated using actinide 587 
analogues [80], which may be helpful for further prediction of Ce anomalies in the presence of Fe 588 
and Mn oxide surfaces.  589 

5. Conclusions 590 

Surface complexation modeling with high- and low-affinity sites was performed to describe REE 591 

sorption onto HMO. This was done using physico-chemical parameters from samples collected along 592 

a groundwater flow path of the North China Plain. The modeling results suggest that sorbed REE 593 

generally increases along the flow path from the piedmont to the littoral area. This result was 594 

obtained for a wide range of dissolved Mn concentrations (e.g. from < 0.01 µmol/L to 30.64 µmol/L), 595 

considered as HMO in the model. The role of HMO in controlling groundwater REE concentrations 596 

and fractionation patterns is addressed using surface complexation modeling. The preferential 597 

uptake of LREE over MREE and HREE by HMO led to the MREE- and HREE-enrichment of the 598 

investigated groundwaters. Proportions of REE complexed onto HMO show a more pronounced 599 

decrease for LREE as compared to MREE and HREE when only 50% of the total Mn concentration is 600 

considered HMO. REE sorption behavior on Mn oxide surfaces and REE solution speciation are 601 

controlled by groundwater pH. This parameter therefore regulates the fate and transport of REE 602 

along the studied flow path. A negative correlation is observed between total REE concentrations 603 

and pH in groundwater samples from the recharge zone (~50 km) and shallow aquifers. This is 604 

consistent with the dissolution of aquifer sediments, as in the recharge area, being the principal 605 

pathway generating REEs to groundwater. Modeled saturation indices indicate that groundwater 606 

initially acquired REE signatures from the dissolution of calcite and dolomite in the recharge zone 607 

before attaining equilibrium with respect to these carbonate mineral phases. Scavenging of LREE 608 

over MREE and HREE by Mn oxides, and preferential Mn oxyhydroxide co-precipitation of LREE 609 

over HREE and MREE, result in MREE- and HREE-enrichment of oxidizing groundwaters. 610 

Groundwater pH increases to alkaline pH values (pH > 8.0) due to chemical weathering of 611 

aluminosilicates, upon down-gradient flow and infiltration into deep aquifers. Groundwater REE 612 

concentrations span a wide range (e.g. 31 pmol/L ≤ Nd ≤ 1468 pmol/L) within a narrow pH range 613 

(8.2 to 8.8). The highly variable REE concentrations, for the most part, are attributed to REE 614 

complexation to dicarbonate species (Ln(CO3)2-). REE carbonate complexation is shown to suppress 615 

REE scavenging by Mn-oxyhydroxides. Thus, this reduces the amount of REE (i.e. LREE) scavenged 616 

by HMO. The results further show a progressive decrease in the fraction of REE complexed by HMO 617 

with increasing pH. In contrast, a steady increase in dicarbonate complexation is shown within the 618 

same pH range, suggesting competition between the HMO surface and carbonate species for REE 619 

complexation. These mechanisms reflect the main control of REE concentrations and fractionation 620 

patterns in deep aquifers in the central and littoral plains. 621 
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