
Soil aggregates: a scale to investigate the densities of metal
and proton reactive sites of organic matter and clay phases
in soil

Summary

Determining site density of reactive sites of metals in the main soil phases remains a challenging task. This study aimed to show that 
densities of reactive sites in soil may be assessed by a fractionation procedure based on soil being spatially organized as aggregates. The 
method is described with copper as a model trace element and a common silty loam soil after applying a low energy fractionation method to 
maintain the integrity of soil aggregates. The reactivity of five soil size fractions (> 250, 250–63, 63–20, 20–2 and < 2 μm) to protons and 
copper was quantified by acid–base titrations. The total proton sorption capacities were assigned to the total concentration of copper 
reactive sites and fitted to a linear combination of the relevant reactivity data of each phase, namely the total contents of organic carbon, 
copper and acid-extractable aluminium. Acid–base reactivity was linearly related to the distribution of copper, and differences between 
fractions were used to reconstruct the distribution of acid–base and copper-complexing sites among the clay, organic and weakly reactive 
residual phases. In accordance with our hypothesis that key reactive phases are mainly organic materials and clays, we used this procedure 
to determine the site densities of (i) two size classes of particulate organic matter, (ii) strongly reactive organic matter (e.g. soil humic and 
fulvic acids) and (iii) clay. The site densities and the distributions of copper obtained were used to validate our conceptual model for 
predicting global soil reactivity to metals.

Highlights

• Precise site densities of key soil reactive phases are often lacking in transfer modelling
• We applied specific experimental methods of aggregate analysis and partial leaching of Al phases
• Site densities of the various types of organic matter were assessed using variably amended soils
• Soil aggregate analysis is powerful for determining base parameters in element transfer modelling

Introduction

In dilute conditions, non-redox trace metals (TM) adsorbed on

soil are distributed over accessible surface sites of key reactive

organic and mineral phases in relation to site densities and sorption

strengths. Despite the importance of such processes for environ-

mental quality purposes, determining the distribution of metals in

whole soils remains a difficult task. Research on pure organic and

mineral phases has allowed the development of conceptual mod-

els of metal retention on relevant soil phases such as organic matter

(Hiemstra & Van Riemsdijk, 1996; Tipping, 1998), clay (Tournassat

et al., 2004) and X-ray amorphous iron oxides (Dzombak & Morel,

1990; Spadini et al., 1994). However, the transfer of this knowledge

from pure phases to natural soils is difficult because complex and

coated phases coexist and control water fractionation (mobile and

immobile), which modify the accessibility of water and reactivity

of the phases (e.g. Jocteur Monrozier et al., 1993). Experimental

sequential or selective extraction processes that aim to associate

extracted metals with specific mineral or organic carrier phases give

limited information (Zimmerman & Weindorf, 2010). Theoretical

distributions of metals originating from speciation modelling are

more promising. For instance, Weng et al. (2001) modelled the dis-

tribution of sorbed copper on the organic, clay and oxide contents of
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soil types that varied in their pH and mineral and organic contents.
Important variables need to be identified for modelling, but their
experimental verification is lacking. Site density of reactive phases
is one of these essential variables, but it is difficult to determine
experimentally. For example, illite is classically used in modelling
to represent the entire soil clay content, and its site density is fixed
arbitrarily with no convincing experimental basis. For reactive iron
oxides, a surface area of 600 m2 g−1 is proposed as a default for
model input data; this value originated from titrated fresh ferrihy-
drite precipitates (Dzombak & Morel, 1990). The surface area of
this solid, however, evolves rapidly over time in the laboratory;
therefore, the representativeness of such synthetic compounds in
situ is questionable (Schwertmann & Cornell, 2000). Finally, humic
or fulvic compounds are generally used to represent reactivity of
the soil’s organic phase, but some organic matter is in the form of
bioclasts or particulate organic matter with lower site density and
different reactivities (Sebastia et al., 2008).

Research on metal reactivity in bulk soil has not, as yet, taken
account of soil aggregates although they are key components in
soil structure. Soil aggregates of a given size class are specific for
several properties relevant to soil function, such as (i) mineral and
organic composition (Tisdall & Oades, 1982; Ducaroir & Lamy,
1995; Balabane & Plante, 2004), (ii) metal distribution (Besnard
et al., 2001; Quenea et al., 2009; Navel & Martins, 2014) and
(iii) overall microbial functioning (Chenu et al., 2001; Constancias
et al., 2013). An aggregate size class thus represents a soil domain
of closely related chemical, physical and biological characteristics.

In this research, we assumed that determining reactivities of
trace metals at the scale of aggregates could improve our under-
standing of metal distributions and more generally of biogeo-
chemical processes in soils. We combined wet chemical methods
to determine reactivity with gentle physical fractionation meth-
ods that would preserve the integrity of the soil’s microstructure
(Jocteur Monrozier et al., 1991; Six et al., 2004; Navel & Mar-
tins, 2014). The overall approach adopted in this study was as
follows:

1. The objective was to determine the distribution of non-redox
sensitive and surface complex-forming TM such as Cu(II),
Zn(II), Pb(II) and Cd(II). Copper was chosen as a test element
because of its tendency to precipitate little in soil and strong
association with surface-forming complexes with ‘soft’ acids,
such as those existing on organic matter (Kirpichtchikova et al.,
2006; Jacobson et al., 2007; Causse et al., 2016).

2. Organic matter (OM) and clay are the two main soil compo-
nents that determine reactivity, which is widely accepted for
non-tropical soils (i.e. in the absence of large amounts of reactive
iron (hydr)oxide phases). Thus, the total carbon concentration
(because of the filamentous nature of organic OM) and the ‘par-
tial’ extraction of Al (because of the particulate nature of Al min-
erals) can be taken as representative measures of site densities of
organic matter and Al-bearing secondary mineral phases (clays
and Al oxides) in soil. In this study we used a silty loam vine-
yard soil (Mâcon, France) commonly found in France, which has

been the object of a long-term experiment of controlled organic
inputs (Lejon et al., 2007).

3. The total concentration of weak acids of soil solids, easily
accessed from titrimetric measures, is a measure of the total
concentration of metal complexation sites. In that, we followed
classical reactivity determinations of pure organic and mineral
phases (Dzombak & Morel, 1990; Hiemstra & Van Riemsdijk,
1996; Spadini et al., 2003) or organic phases (Tipping, 1998;
Milne et al., 2003; Borrok et al., 2005).

4. The determination of total weak acid concentrations, total car-
bon and extracted Al in five soil size fractions (> 250, 250–63,
63–20, 20–2 and < 2 μm), assuming constant site densities of
organic carbon and extracted Al in all fractions, allowed their
determination through linear combination analysis. The contrast
in distribution of Al compared with OM phases in both coarse
and fine fractions of the soil ensured a robust fit.

5. Highly reactive soil organic matter consists mainly of degraded
organic matter such as humic acids and microbial compounds
(e.g. extracellular polymeric substances, Causse et al., 2013).
Microbes that have high site densities can also be considered
as highly reactive organic matter (Borrok et al., 2005; Guiné,
2006). In contrast, particulate organic matter (POM) is com-
prised of clasts, which have lower site densities, and is essen-
tially composed of non-reactive cellulose and poorly reactive
lignin. In this study, in order to determine site densities of the
POM size classes, we compared the same soil with or without
long-term organic matter amendment. We considered that the
site density of organic matter present in soil not amended with
organic matter was comparable to that of highly reactive organic
matter (e.g. humic acids), such as that determined in pure phase
studies.

Materials and methods

Soil characteristics and sampling

A vineyard field site at Mâcon Clessé (Burgundy, France,
46∘24′59′′N, 4∘48′54′′E) was the object of a long-term field
amendment experiment. From 1991 to 2001, specific plots were
amended with conifer compost (called amended soil, 100 m3 ha−1

every 3–4 years), whereas others remained unamended (control
soil). Amendment with conifer compost modifies soil physical
and chemical properties compared with the control soil (Navel
& Martins, 2014). Copper fungicide (Bordeaux mixture, i.e. a
hydrated mixture of CuSO4 and Ca(OH)2) was applied twice a
year, which increased soil copper content in the top 5 cm of the
soil from 15 (standard deviation, 5) to 70 (27) mg Cu kg−1 dry
soil. The first value was determined from two soil cores sampled
between 25-cm and 60-cm depth, whereas the second value was
obtained from 112 surface soil samples (Navel, 2011). The data
inside the parenthesis represent the standard deviation of the copper
concentration obtained from the copper analysis of the replicated
field samples. This soil has been described as a carbonate-free
deep Eutric Cambisol (FAO, 1998), with a fine clay loam texture

2



containing 12% sand, 57% silt and 31% clay (Navel, 2011; Bar-
toli & Dousset, 2011). Exposure to long-term aqua regia led to
extracted contents of 31 and 51 g kg−1 Fe and 28 and 48 g kg−1 Al
in the control and OM-amended soils, respectively. Soil pH was 6.8
for the control and 6.6 for the OM-amended soils (Sebastia et al.,
2007; Navel & Martins, 2014).

No Mn nodules were present, which could otherwise play a
role, together with organic matter and clay, in the complexation
of Cu. The soil was sampled in February 2008 (Navel & Martins,
2014). Four replicates of each of the two soil treatments (control
and OM amended) were sampled randomly from each of the four
plots of each treatment and combined to obtain a representative
composite sample. Each soil sample was thoroughly homogenized
in a concrete mixer, air-dried and sieved to 4 mm.

Soil fractionation

The fractionation protocol gently separates the soil aggregates in
order to preserve the natural aggregation of the soil (Jocteur Mon-
rozier et al., 1991). Thirty gramsdw (dry weight) of the soils were
gently dispersed in 200 ml of distilled water in 500-ml bottles
by shaking at 250 revolutions per minute (rpm) for 1 hour. Parti-
cles > 20 μm that had settled were gently resuspended in 200 ml
of water. This procedure was repeated three times. The remain-
ing particles > 20 μm were then separated by wet sieving into
the following three size fractions: 4 mm to 250 μm (identified as
> 250 μm), 250–63 μm and < 63 μm. The 63–20 μm fraction was
obtained by natural sedimentation for about 10 minutes (Navel &
Martins, 2014). Subsequently, the < 20 μm particles in the super-
natant solutions were allowed to settle by natural sedimentation
for 5 to 6 hours to separate the 20–2 μm and the < 2 μm fractions.
Finally, the <2 μm solid fraction was collected by centrifugation
at 11 000 g. The quality of the fractionation procedure was evalu-
ated by laser granulometry, performed with an automated Master-
sizer 2000 (Malvern Instruments Ltd, Malvern, UK) as described
by Navel & Martins (2014). The five fractions recovered from all
samples were air-dried to maintain the best possible cohesion of
the aggregates. In these experiments, the dissolved concentrations
of all elements of interest (C, H, Al and Cu) were relatively small
compared with the soil content, so that loss during fractionation
was disregarded. The pH values of the soil fractions made on three
replicates of each fraction of the composite soil from coarse to fine
followed the order 6.5 (0.2), 6.7 (0.1), 6.7 (0.2), 7.0 (0.1) and 7.0
(0.1) for the control and 6.8 (0.1), 6.8 (0.1), 7.0 (0.2), 7.2 (0.2)
and 7.1 (0.2) for the amended soil. These pH values were smaller
than those measured for soil fractionated without air-drying (Navel,
2011).

Chemical and extraction analysis

Aluminium extraction. For both clays and Al oxides, the surface
site density depends on the crystal size: the larger are the crystals,
the lower is the site density. A mixture of differently sized minerals
may be present. For this reason, the total Al in soil might not

be ascribed to the Al-mineral site density. Rather, this density
was related to the amount of acid-leached Al by aqua regia (1/3
HNO3/HCl, v/v ratio), because this acid only partly dissolves clays
and only marginally dissolves tectosilicates (Krause et al., 1995;
Chen & Ma, 2001; Ryan et al., 2008). The Al-containing primary
phases will not dissolve readily, and other acid-sensitive Al sources
can be reasonably excluded in this soil. The X-ray analysis indicated
the absence of well-crystallized Fe and Al oxide phases. In the
aluminium leachates, EAl was determined in duplicate for bulk and
fractionated soil samples. Briefly, 5 ml of reagent and 0.5 g ground
dry soil were incubated at 70∘C for 14 hours, filtered and diluted
with 50 ml distilled water for ICP–AES (3000 DV, Perkin Elmer,
Paris, France) measurements. Standard solutions were prepared in
the same aqua regia matrix.

Organic matter analysis. For highly reactive (HR) organic matter,
we assumed that total organic carbon content (TOC) was proportional
to complexation site density for each fraction, suggesting a unique
reactivity of HR OM among fractions. This accords with recent
findings demonstrating the overall high and similar site densities
of various soil reactive organic compounds: humic and fulvic acids
(Milne et al., 2001), bacterial exopolysaccharides and biofilms
(Causse et al., 2013), bacterial cells (Borrok et al., 2005) and
dissolved organic matter (Hruška et al., 2003). The site densities of
these compounds have a small range between 1 and 5.7 mmol g−1

dw,
(Causse et al., 2013), allowing us to define a single descriptor for
all these HR organic constituents. The analysis of the POM fraction
of the soil studied is described in Sebastia et al. (2007). For both
HR and POM OM, the TOC was determined by analysing dried and
crushed duplicate 20 mg samples of bulk soil and size fractions,
respectively, inserted into a FlashEA1112/FLASH 2000 Elemental
Analyser equipped with a thermal conductivity detector (Thermo
Scientific, Paris, France).

Determination of pH. The pH values of bulk and fractionated soil
samples were measured at a 1/10 solid/liquid mass ratio with a
calibrated combined pH electrode (Metrohm, Paris, France).

Copper extraction. Total copper concentrations (TCu) were deter-
mined in duplicate in aqua regia extracts of bulk and fractionated
soil samples, following the same procedure as used for aluminium
determination. Standard solutions were prepared in the same aqua
regia matrix. The quantification limit for Cu determined in triplicate
was 20 μg l−1.

Acid–base titrimetry. This study aimed to determine the total
concentrations of weakly acidic acid–base reactive sites of the soil
and its fractions. The fraction-specific variable THs is defined as the
number of protons released into the solution from surfaces at pH 4
and 10:

THs = HS (pH (10)) –HS (pH (4)) , (1)

where HS represents the concentration of surface protons released
into the solution, referenced to an arbitrary charging state of that
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surface (Herbelin & Westall, 1999), and THs is determined by
acid–base titrations at a fixed 0.1 m ionic strength. Experimental
details, the rationale for working at fixed ionic strength, the
pH electrode calibration, the recognition of mineral dissolution
and precipitation issues in titrations and issues related to cation
exchange reactions are addressed in the Supporting Information.

Modelling

Modelling was based on four basic assumptions. The first assump-
tion was that weak acids are metal complexation sites. It is assumed
that at pH 4 and 10 (the weak acid range) each surface site
exchanges one proton against one copper ion. Based on that simpli-
fied assumption, the experimentally determinable THs (molHs g−1

dw)
equals the total concentration of Cu(II) complexing surface sites.
The second basic assumption is that in all fractions, there are three
sources for THs: (i) soil OM (THs-C), (ii) Al-bearing secondary min-
eral phases (clay and Al oxides, THs-Al) and (iii) residual non-clay,
non-Al, non-OM phases (THs-Res).

The third assumption was that both carbon- and Al-bearing
mineral phases have a unique mass-based site density in all
fractions, which is, DHs-C (molHs g−1

C) for carbon and DHs-Al for
Al-bearing secondary mineral phases.

For organic carbon, a linear relation between total organic carbon
TOC [gC g−1

dw] and site density is assumed:

THs−C = TOC × DHs−C, (2)

based on (i) the almost exclusive presence of aged HR OM in the
non-amended soil and (ii) the uniform water accessibility of this
polymeric phase in all soil fractions.

In contrast to carbon in clays and oxides, site density does not
relate to total Al, but to the specific surface area. This may be
approached by stripping a limited number of reactive Al surface
layers; that is, the measured concentration of partially extracted Al
EAl. A unique site density, DHs-Al, of the extracted Al is necessarily
assumed in all fractions, impeded by a unique dominant Al phase
in all fractions or by a constant mixture of Al minerals in all
fractions. Conceptually, both statements may be considered valid
in considering large aggregates as a corpus comprised of smaller
aggregates.

Finally, THs-calc was fitted to the experimentally determined THs

in all soil fractions by adjusting the fraction-independent densities
DHs-C and DHs-Al. Differences between TOC compared with EAl in
the fractions ensured an unambiguous result from the following
calculation:

THs−calc = THs−C + THs−Al + THs−Res

= TOC × DHs−C + EAl × DHs−Al + THs−Res. (3)

Here, THs-Res is considered constant among the fractions. As shown
below, its concentration is too small to affect the two fitted site
densities.

In OM-amended soil, the increase in POM content affects the
overall OM reactivity. The THs-C (mmol g−1

f) is consequently split
into two terms, one for high-reactivity carbon (HC), THs-HC, and one
for low-reactivity carbon (LC, i.e. POM carbon), THs-LC, as follows:

THs−C = THs−HC + THs−LC

= TOC−HC × DHs−HC + TOC−LC × DHs−LC−f (4)

The total carbon concentration is expressed as the sum of the high
and low organic reactivity contributions:

TOC = TOC−HC + TOC−LC, (5)

and each contribution is associated with its density, DHs-HC and
DHs-LC-f.

Concerning the HR contribution: there was almost no POM
in the control soil (i.e. no low-reactivity carbon). Consequently,
the site density of organic carbon determined in this soil (DHs-C)
corresponds to that of highly reactive carbon, and might equal the
corresponding density in the amended soil: DHs-HC =DHs-C. The
density DHs-HC was consequently fixed to the value DHs-C obtained
in the control soil.

For the LR contribution: in the amended soil, POM is expected
to be present as two coarse fractions of > 250 μm and 250–63 μm.
The site densities of the two fractions vary with the POM size
because the specific surface of ‘closed’ (i.e. non-porous) solids
increases with decreasing volume. Thus, in contrast to DHs-HC the
POM site density DHs-LC-f is fraction specific. A site density was
then calculated for each of the two coarse POM fractions.

The THs-LC was obtained by potentiometric titration of POM
isolated from soil through flotation in water, whereas TOC-LC (gC

g−1
POM) was obtained by total carbon analysis of POM. ‘Clean’

POM (i.e. POM without mineral impurities) should have a TOC-LC

value close to 0.5 gC g−1
POM, because a factor of two separates

carbon and organic matter masses in soil (Pribyl, 2010). This
relation enables correction for the presence of mineral impurities
in floating POM. Consequently, this approach can provide the final
comparison of site densities for size-specific POMs with those of
HR carbon and extracted Al. Dissolved matter (copper and OM) was
not considered because its contribution is negligible compared with
that of the solid moieties. Scanning electron microscope figures are
provided in the Supporting Information.

Results

Characteristics of bulk soils and soil size fractions

Table 1 presents the physical and chemical characteristics of the size
fractions of amended (conifer compost) and control (not amended)
soils. The two dominant size fractions in terms of mass are the
63–20 and 20–2 μm (Table 1), which is consistent with the clay
loam texture of the soil.

For the control soil, TOC concentrations (Table 1) were larger (35
and 24 mg g−1

f; f fraction) in the two coarse fractions, whereas
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Table 1 Characteristics of control and amended soils

Mass TOC TCu THs THs-calc EAl

Soil Fractions / μm / g / % / mg g−1
f / mg kg−1

f / mmol g−1
f / mmol g−1

f / mg g−1
f

Control soil > 250 2.9 (0.2) 9.7 34.7 (3.7) 98.3 (10.8) 0.25 (0.08) 0.34 9.9 (2.2)
250–63 3.1 (1.4) 10.3 23.6 (2.7) 84.8 (9.6) 0.28 (0.01) 0.29 16.3 (1.0)
63–20 11.0 (1.0) 36.7 3.0 (1.3) 28.6 (2.6) 0.08 (0.01) 0.09 4.0 (1.1)
20–2 10.0 (0.8) 33.3 19.0 (4.8) 90.1 (11.1) 0.22 (0.01) 0.27 18.9 (0.6)
< 2 2.9 (0.2) 9.7 15.3 (2.4) 115.6 (10.8) 0.41 (0.02) 0.37 43.5 (2.5)
Whole soil 30.0 15.3 (2.6) 71.0 (5.7) 0.14 (0.01) n.d. 17.7 (1.5)

Soil amended with conifer compost > 250 3.2 (0.5) 10.7 107.6 (23.9) 112.5 (26.8) 0.39 (0.02) 0.83 7.6 (1.5)
250–63 3.9 (1.1) 13.0 51.1 (11.4) 121.8 (16.9) 0.37 (0.01) 0.44 8.8 (0.8)
63–20 10.9 (1.3) 36.3 5.0 (1.3) 19.8 (8.5) 0.1 (0.01) 0.10 3.5 (1.1)
20–2 9.5 (0.7) 31.7 22.8 (5.2) 97.1 (6.1) 0.27 (0.01) 0.29 17.8 (1.8)
< 2 2.4 (0.3) 8.0 21.0 (2.9) 114.7 (28.0) 0.39 (0.02) 0.39 40.5 (1.8)
Whole soil 30.0 30.3 (3.6) 84.0 (20.8) 0.21 (0.01) n.d. 15.8 (0.6)

TOC, TCu, THs, THs-calc and EAl: total organic carbon, total copper, total measured and calculated proton exchange capacity and acid-extractable aluminium
concentrations, respectively (kg−1

f, g−1
f: per kg or g fraction mass). Parentheses represent standard deviations from triplicate experiments.

the distribution of EAl, representing Al from partially extracted
Al phases (clay and Al oxides), showed the reverse pattern and
was largest in the two fine fractions (43.5 and 18.9 mg g−1

f),
which was expected for this clay-rich soil. Contrasting distributions
of Al and carbon were observed in the two coarsest and two
finest size fractions (> 250 and 250–63 μm and 20–2 and < 2 μm,
respectively), which was consistent with the expected reactivity and
distribution of clay and OM in such a clay loam soil. In contrast
to TOC and EAl distributions, total copper concentrations, TCu, were
similar in all soil size fractions (around 100 μg g−1, Table 1), except
for the 63–20-μm fraction, where TCu was significantly less, which
was similar to TOC and EAl.

Despite variable clay and organic matter contents in the five soil
size fractions, TCu appeared quite homogeneous in all fractions,
except the poorly reactive 63–20-μm fraction. This result shows
that copper reacted with both clay and OM. As for TCu, the THs

values of the two coarsest and two finest size fractions were
similar (about 0.25 mmol g−1

f), whereas that of the 63–20-μm
fraction was small (0.08 mmol g−1

f). The similarity between TCu

and THs supports our hypothesis that copper binds preferentially
to acid–base reactive sites. In the 63–20-μm fraction, TCu and THs

concentrations were small, despite being the more abundant fraction
in the soil. This is consistent with the fact that the silt fraction
usually comprises poorly reactive constituents, including primary
minerals characterized by small specific surface areas.

For the amended soil, the patterns of distribution of THs, TOC,
TCu and EAl were similar to those of the control soil (Table 1),
suggesting similar Cu-binding modes in both soils. In absolute
terms, THs, TOC and TCu values increased in the amended soil
compared with the control. The long-term organic amendment
of the clay loam soil thus increased its global soil reactivity. At
the scale of the size fractions, this was particularly valid for the
two coarse fractions (> 250 and 250–63 μm) in which exogenous
organic matter accumulates preferentially (Jocteur Monrozier et al.,
1991; Oorts et al., 2007).

The ratios of TCu/TOC and THs/TOC are shown in Figure 1. From
the coarse to the fine fractions, the ratios increased, except for the
63–20-μm fraction of both the control and the amended soils. This
tendency to increase with decreasing fraction size suggests that both
Cu and protons do not react exclusively with OM, but rather with
both OM and clay. In comparison, the TCu/THs ratio was relatively
constant between all fractions in both soils: within a standard
deviation of 23% (Table 1). This relative constancy confirms that
copper is bound to acid–base reactive and metal-complexing
surface sites, whatever the nature of the reactive phase. This also
confirms that non-protonable sites, such as cation exchange sites,
are poorly involved in Cu retention, (Covelo et al., 2007).

In the control soil, both TCu/TOC and THs/TOC ratios of the
63–20-μm fraction were relatively large compared with the other
fractions. This suggests that, in addition to clay and OM, other pro-
ton and copper reactive phases exist. Overall the 63–20-μm fraction
had the smallest site density for protons and copper (THs, TCu), with
particularly small carbon and clay contents (small TOC, EAl). Thus,
this fraction explicitly and sensitively revealed the presence of other
Cu reactive sites (i.e. non-clay and non-OM phases with probably
minor site densities). These sites are referred to here as ‘reactive
residues’ (THs-Res).

Modelling phase reactivity in the control soil

Modelling involved varying the global DHs-C, DHs-Al and THs-Res

model parameters in order to adjust THs-calc to THs as closely as
possible in all fractions (Equation (3), Table 1). Figure 2(a) shows
that THs-calc follows the trend of THs among the fractions, suggesting
the validity of our conceptual approach. Figure 2(a) also presents
the calculated phase-specific THs-C, THs-Al and THs-Res reactivity
contributions. As expected, there was a relative increase in THs-C

in the two coarse fractions compared with the two fine fractions,
whereas the opposite was observed for clay. Fitting the model to
the data without considering THs-Res led to an acceptable fit in all
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(a) (b)

Figure 1 Total copper (TCu), organic carbon (TOC), acid–base exchange capacities (THs) and extractable aluminium (EAl) ratios of the fractions of (a) the
control soil and (b) the soil amended with conifer compost. Bars represent standard errors of the mean of triplicate experiments.

(a) (b)

Figure 2 Experimental (⧫) and fitted (total bar height) acid–base capacities of the fractions: (a) control and (b) amended soil. The total heights of large bars
are the sum of highly reactive carbon (white, THs-C), Al minerals such as clay (grey, THs-clay) and residual phase (black, THs-res) contributions. Thin bars are
scaled to the experimental acid–base capacities by introducing low-reactivity carbon (LC, densely dotted, with a size-class-specific site density) below the
highly reactive carbon (HC, sparsely dotted).

fractions, except for the 63–20-μm fraction because of its low
global reactivity. The THs-Res value was determined in the 63–20-μm
fraction and considered to exist equally in all other fractions. This
clearly resulted in a close agreement between THs and THs-calc in this
fraction. We considered this THs-Res contribution to be background
reactivity present in all fractions. It represented about half of
the reactivity of the 63–20-μm fraction and constituted a minor
contribution to Cu reactivity in the other soil size fractions.

Figure 2(a) shows that THs-calc > THs in the > 250-μm fraction. This
is the expected tendency for POM present in the coarse fractions.
The low site density of this type of OM compared with that of HR
organic matter led to THs-calc being overestimated. The analysis of
the amended soil, which contained far more POM, consequently
required different types of OM to be considered.

Modelling of the phase reactivity of the amended soil

Organic amendment induced the doubling of TOC from
15.3 gC kg−1

dw (control soil) to 30.3 gC kg−1
dw (amended

soil, Table 1) at the sampling date (February 2008). The
TOC-amended/TOC-control ratio was 3.1, 2.1, 1.7, 1.2 and 1.4 in the
five fractions (from the coarsest to the finest, respectively), con-
firming that exogenous OM accumulates preferentially in coarse
soil fractions before being progressively incorporated into the
microaggregates (Navel & Martins, 2014). The THs-amended/THs-control

ratio decreased correspondingly in these five fractions (1.6, 1.3,
1.3, 1.2 and 1.0), although the decrease was smaller than for the
TOC-amended/TOC-control ratio. In the > 250-μm fraction, a three-fold
increase of TOC (34.7 to 107.6 mg g−1, non-amended to amended
soil) induced only 60% of the increase in reactivity of HS. This is
consistent with the incorporation into the soil of poorly reactive
OM (i.e. POM) during the period of amendment. The application of
Equation (3) to the amended soil, using as a first approximation the
densities, DHs-C and DHs-Al, fitted to the control soil, resulted in large
THs-calc-amended values (Figure 2(b)) for the amended soil compared
with its experimental value THs. This presupposes the exclusive
presence of highly reactive OM in all fractions, which clearly did
not apply to the amended soil. The excess reactivity calculated was
larger in the > 250-μm fraction than in the 250–63-μm fraction,
indicating greater reactivity of the POM present in the latter. This
is consistent with the progressive degradation of POM, leading
to the presence of smaller OM particles. This fits the expected
size–reactivity relation of POM and confirms former findings of
POM reactivities measured in this soil (Sebastia et al., 2008).

Discussion

Site densities of soil Al mineral phases

In the control soil, the calculated DHs-Al, representing clay and
Al oxides, was 0.005 or 0.135 mol mol−1

Al. Thus, one of the
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7.4 extracted Al atoms can be considered acid–base reactive.
This means that the acid dissolved more than one surface layer.
Schematically, one may consider that an average of seven consecu-
tive surface layers was stripped from reactive Al minerals. However,
EAl represented about 1.7% only of the soil mass (Table 1), which
is a small fraction of the total Al contained in the clay of this soil
(31% clay, Bartoli & Dousset, 2011). Thus, only a minor fraction
of clay and or Al oxides, or both, was dissolved, as expected. Under
these conditions, the extracted Al can be considered to represent a
measure of the density of clay edges and Al oxide sites. The aqua
regia reactant might be too strong, however, a diluted form could
be used in further studies.

Site densities of organic matter phases in soil

In the control soil, the site density, DHs-C, of the measured organic
carbon was 6.94 mmol gC

−1 or 83.3 mmol mol C
−1. Values of 7.74

and 5.70 mmol g OM
−1 calculated from pure-phase studies are

commonly accepted for fulvic and humic acids, respectively (Milne
et al., 2001), which can be converted to 15.48 and 11.4 mmol g C

−1

using a conversion factor of 0.5 gC g OM
−1 (Pribyl, 2010; Causse

et al., 2013). The DHs-C is thus about half of the site densities
observed for fulvic and humic acids, which are among the most
reactive OM types in soil. These results show that the HR OM
assessed at the scale of aggregates compares with purified HR OM
in terms of site density and that aqueous solutes can easily access
these sites in the soil studied.

In the same amended soil, Sebastia et al. (2008) found TOC-LC

values of 0.38 (0.01) g C g−1
POM and 0.28 (0.03) g C g−1

POM for
the 2000–200-μm and 200–50-μm POM size-fractions, respec-
tively. These fractions can be compared with the > 250-μm and
250–63-μm soil size fractions of the present study. The decrease
in TOC-LC with particle size relates to increasing mineral impuri-
ties in POM. ‘Clean’ POM should have a carbon/particle mass ratio
of 0.53 g C g−1

OM, regardless of the size because this ratio charac-
terizes both wood and humic substances, the principal constituents
of POM (Volkoff et al., 1988; Causse et al., 2013). Consequently,
about half of the POM mass in the soil of this study relates to
mineral impurities. The THs-LC, the acid–base exchange capacities
of the two POM fractions, were retrieved from the same study of
the same soil (Sebastia et al., 2008): 0.219 and 0.627 mmol g−1

POM,
respectively. The POM site densities, DHs-LC-f = THs-LC / TOC-LC, were
0.57 and 2.25 mmol g−1

C for the coarse and fine POM fractions,
respectively. These values are 12 and 3.1 times less, respectively,
than DHs-HC, the site density of HR carbon (6.94 mmol g−1

C). It fol-
lows that one organic carbon out of 12 (for HC), out of 40 (for
low-reactive carbon LC in the 250–63 μm fraction) and out of
132 (for LC in the > 250 μm fraction) has an acid–base reactive
surface group.

More generally, the results of our study accord with previous
findings (Besnard et al., 2001; Six et al., 2004; Oorts et al., 2007;
Sebastia et al., 2007), which showed that the size distribution of
POM evolves with time, but not the reactivity of a given size frac-
tion. Conceptually, the POM fragments of particles become smaller

and thus more reactive as they are degraded by soil organisms,
but they remain less reactive than HR OM. Previous μ-SXRF
studies have shown that soil POM can concentrate copper locally
(Jacobson et al., 2007), suggesting POM is an entity of ‘greatest
reactivity’ in soil, which was not the case in the present study.
Such spectroscopic methods reveal only the volumetric density of
sorbed metals (in this case copper). When interpreting such mea-
surements, one must keep in mind that locally concentrated cop-
per sorbed on POM particles levels off from the high-reactivity
OM, which is ‘diluted’ in the relatively weak reactive clay phase.
Metals associated with highly reactive OM are then likely to be
less visible by spectroscopic methods. Extractive and spectro-
scopic methods thus appear to be compatible and complementary
because they each provide a specific focus on different definitions
of site density.

The method presented in this study also enables the distribution
of OM and site densities of LR and HR OM to be assessed. The
TOC-HC was obtained by scaling THs-calc to THs, keeping the other
reactivity contributions unchanged. The high-reactivity carbon
(i.e. THs-HC) represented 87.2 and 87.4% of the organic carbon-based
proton reactivity THs-C in the > 250-μm and 250–63-μm fractions,
respectively (Figure 2b, thin columns). These values represent 36
and 69% of the total carbon mass in these fractions. The remaining
mass of organic carbon relates to low-reactivity OM (POM). In
the > 250-μm soil fraction, the high-reactivity OM is dominant
in reactivity compared with POM, but not in mass. Because of
uncertainties in the measurements, we considered this statement to
be qualitatively justifiable only.

Extraction of other mineral phases

In this study a robust result was obtained when restricting the
analysis to OM and clay in order to take into account their different
distributions among the coarse and fine soil fractions, and also
because we limited the number of phases determined to two in the
control soil and three in the amended soil. This approach could be
extended to other soil phases. For example, Fe could be partially
extracted as with Al and the data interpreted similarly by relating
linearly the proportion of partially extracted Fe to water-accessible
surface sites of Fe minerals. Carbonated phases are sensitive to
strong acids and would require a specific treatment. With acid–base
titrations the presence of acid-sensitive phases such as carbonate
can be assessed easily by a steep increase in the slope of HS plotted
against pH at the known pH of dissolution (pH ∼ 5.5). In such
cases the protocol would have to be adapted as described in the
Supporting Information section.

Application of the calculation approach to a series of soil types

The calculation approach we described may be applied to a series of
bulk soils as shown by Weng et al. (2001), rather than to fractions
of a single soil. That means comparing the C and Al contents
between the different soils instead of between the fractions of a
single soil. However, one would have to take into account the two
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main assumptions: an implicit assumption that unique Al and C site
densities prevail in the different soils and an explicit assumption
concerning uniform leaching behaviour of Al mineral phases among
the different soils. Such strong assumptions apply more to fractions
of a unique soil than to different soils.

Conclusion and perspectives

In this study, the acid-extractable Al, the OM content and the
acid–base exchange capacity in the fractions of a silty clay soil
were combined linearly. This approach succeeded in determining
site densities of clayey and organic phases in the soil studied. By
comparing soil plots variably amended with organic matter, the
method enabled the site densities of highly reactive organic matter
compared with low-reactive organic matter of two POM size classes
to be quantified.

Our results were consistent with those reported in the literature
in terms of site densities of highly reactive OM. This suggests that
an approach based on the analysis of soil size fractions enables the
determination of metal-reactive site densities of the main reactive
phases in soil in which OM and clay are assumed as the dominant
reactive phases, which is the case in most soils. Therefore, we
propose to validate future multisite modelling studies with such
approaches, which enable site densities to be determined instead of
being arbitrarily fixed. The calculation approach is also potentially
applicable to a series of bulk soils instead of a series of soil size
fractions provided that some basic working hypotheses are validated
first. The method may also be expanded to include additional phases
such as iron oxides when working with iron-rich soil. In our study
the number of phases determined was limited to the dominant
reactive phases of the silty loam soil (HR and LR OM and clay).
This enabled site densities of the dominantly reactive phases of this
soil to be determined unambiguously.

Supporting Information

The following supporting information is available in the online
version of this article:
Figure S1. Acid-base titration curves of the five soil size fractions
for (a) the control and (b) compost-amended Clessé soil. Bars
represent standard errors of the mean of triplicate experiments.
Figure S2. Sample SEM images of (a) an aggregate and (b) a
bioclast of the > 250 μm fraction.
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