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Abstract:

The intensification and subsequent closing down of industrial activities during the last century has left
behind large surfaces of derelict lands. Derelict soils have low fertility, can be contaminated, and
many of them remain unused. However, with the increasing demand of soil surfaces, they might be
considered as a resource, for example for non-food biomass production. The study of their physico-
chemical properties and of their biodiversity and biological activity may provide indications for their
potential re-use. The objective of our study was to investigate the quality of six derelict soils,
considering abiotic, biotic, and functional parameters. We studied (i) the soil bacteria, fungi, meso-
and macro-fauna and plant communities of six different derelict soils (two from coking plants, one
from a settling pond, two constructed ones made from different substrates and remediated soil, and an
inert waste storage one), and (ii) their decomposition function based on the decomposer trophic

network, enzyme activities, mineralization activity, and organic pollutant degradation.

Biodiversity levels in these soils were high, but all biotic parameters, except the mycorrhizal
colonization level, discriminated them. Multivariate analysis showed that biotic parameters co-varied
more with fertility proxies than with soil contamination parameters. Similarly, functional parameters
significantly co-varied with abiotic parameters. Among functional parameters, macro-decomposer
proportion, enzyme activity, average mineralization capacity, and microbial polycyclic aromatic
hydrocarbon degraders were useful to discriminate the soils. We assessed their quality by combining
abiotic, biotic, and functional parameters: the compost-amended constructed soil displayed the highest
quality, while the settling pond soil and the contaminated constructed soil displayed the lowest.
Although differences among the soils were highlighted, this study shows that derelict soils may

provide a biodiversity ecosystem service and are functional for decomposition.

Keywords:



Derelict soil, Soil quality, Soil biota, Biodiversity, Soil functioning, Technosol.

1. Introduction

Soils contribute to basic human needs like food, water, and air supply, and are a major carrier of
biodiversity (Keesstra ef al., 2016). Soil sustainability and quality are key issues for solving major
societal challenges such as food security, water resources, biodiversity (Mol and Keesstra, 2012). Soil
quality has been defined by many authors and refers to the “capacity of a living soil to function, within
natural or managed ecosystem boundaries, to sustain plant and animal productivity, to maintain or
enhance water and air quality, and to support plant and animal health” (Doran, 2002; Karlen et al.,
2003). Soil quality is related to ecosystem services such as freshwater purification and regulation
(Garrigues et al., 2012), food and fiber production, and the maintenance of global ecosystem functions
(Vidal Legaz et al., 2016). To study soil quality, physico-chemical parameters are usually measured,
including fertility parameters and contaminant concentrations (Joimel ef al., 2016). On the other hand,
soil biological parameters are also considered as soil quality indicators (Cluzeau et al, 2012).
Estimating soil quality requires to take into account the quantitative and qualitative composition of
biological communities as well as the rates, patterns, and relative importance of different ecosystem-

level processes (Gessner and Chauvet, 2002).

The intensification and expansion of human activities has increased the pressure on land resources and
led to soil degradation (Levin ef al., 2017). Land management, including land restoration, is among the
six major global issues of the recently adopted United Nations Sustainable Development Goals
(Keesstra et al., 2016). The decline of manufacturing industries because of economic crises in the
steel, shipbuilding or metal fabrication industries, as well as the closing down of traditional mining
activity, have left behind large numbers of derelict lands around the world (Wong and Bradshaw,
2002; Dangi et al., 2012). For brownfield soils with high contamination levels and high toxicity risks,
remediation of pollution is mandatory and controlled by regulatory policies. When contamination is
moderate or low, soils remain unmanaged and underused (Cundy et al., 2016). Sometimes called
greenfields, wastelands, uncultivated, vacant or abandoned land, these derelict soils can be poor in
nutrients (Dickinson, 2003) and/or contaminated (Morel et al., 2005). However, with the estimated
increase of the world’s population and the increasing need for soil surfaces for plant production, some
of these soils might be considered as a resource (Anderson and Minor, 2017), for example for non-
food biomass production (Wilschut et al., 2013; Lord, 2015). The potential of derelict soils to promote
non-food biomass production has been studied in willow, miscanthus, reed canarygrass and
switchgrass in England (Lord et al, 2008) and in willow, poplar, miscanthus, and kenaf in Europe
(Sxbo et al., 2017). In India, marginal and degraded lands have been studied for biomass and biofuel

production from Prosopis juliflora and Jatropha curcas (Edrisi and Abhilash, 2016).



Physico-chemical characteristics of derelict soils may affect their biodiversity (plant, animal and
microbial communities) and imply adaptation of biodiversity (Khan et al., 2000, for flora; Cébron et
al., 2008, for bacteria; Lucisine et al., 2015, for fauna). However, derelict soils may also be of a
heritage interest for biodiversity reserves, e.g. in wastelands (Bonthoux et al., 2014). For instance,
wastelands and urban soils in different countries have been reported to harbour a rich biodiversity, for
example of flora in Atlantic Canada (Robinson and Lundholm, 2012), of Collembola in France (Joimel
et al., 2017), of Coleoptera (Eyre et al., 2003), carabid beetles (Small et al., 2006) and mycorrhizae
(Gange and Brown, 2002) in the United Kindom. Similarly, post-mining sites have been reported to
harbour a high biodiversity of Collembola, earthworms and other macrofauna taxa (Dunger and
Voigtlander, 2009; Frouz et al., 2013). Soil biodiversity is also influenced by the complex interactions
among the different biotic components (micro-organisms, meso and macro-fauna and plants) (Wardle
et al., 2004; Wardle, 2006), which play an important role in ecosystem functioning (Bardgett and
Wardle, 2010; Morrién et al., 2016).

Soil biodiversity and biological activity studies can be relevant to assess soil and whole ecosystem
functioning because organisms influence key ecosystem processes such as primary production (Van
Der Heijden et al., 2008), decomposition and nutrient cycling (Hafeez et al., 2012), soil aeration
(Frouz et al., 2007), water storage (Lavelle et al., 2006), and also organic pollutant degradation (Peng
et al., 2008) or protection against metal toxicity (Leyval and Joner, 2001; Amir et al, 2014). For
instance, soil biota contributes to the degradation and removal of soil contaminants through natural
attenuation after ecosystem disturbances in brownfields (Mulligan and Yong, 2004). Organic matter
decomposition is one of the most critical ecosystem processes for nutrient recycling between the
aboveground and belowground subsystems (Norris et al., 2013), it is directly performed by several
components of living organisms (micro-organisms are decomposers, and several invertebrates such as
Diplopoda, Collembola, earthworms are detritivores). When the belowground subsystem is not
functional, plant growth can be totally inhibited (Wong and Bradshaw, 2003). Several studies have
addressed plant growth on derelict soils (Gardiner et al, 2013; Wilschut et al., 2013; Lord, 2015;

Anderson and Minor, 2017) as an indicator of their quality.

Most of the studies dealing with derelict soils considered either their fertility parameters, or their
biodiversity, but did not take into account soil biodiversity and functions in interaction with abiotic
factors. However, according to an emerging concept of multiple uses of soils (Varallyay, 2000; Wagg
et al., 2014), assessing soil quality should not be limited to studying productivity parameters, but
should also include broader abiotic, biotic and functional parameters. The originality of our study was
to investigate physico-chemical properties, biodiversity and biological activity to provide indications
for a potential re-use of derelict soils. The objective of this study was therefore to investigate the
quality of several derelict soils, based on an integrated approach addressing abiotic, biotic, and

functional parameters and their interactions. To do so, six different derelict soils were chosen and



sampled: two from coking plant sites, one from a settling pond, two constructed ones and an inert
waste storage one. In order to characterize them, we studied a) abiotic parameters, including fertility
parameters and contaminant concentrations; b) biotic parameters based on the density and taxonomical
diversity of almost all the components of the soil biota: bacteria, fungi (mycorrhizal and non-
mycorrhizal), the meso- and macro-fauna, and the plant communities; c) functional parameters:
decomposition function through the decomposer trophic network, microbial carbon mineralization and
organic pollutant degradation. Finally, to characterize the interactions between the different
approaches, we used co-inertia analyses to discriminate the soils according to abiotic, biotic, and

functional parameters.

2. Materials and methods

Six derelict soils were studied: two from former coking plant sites, two from experimental constructed
fields, one from a settling pond site and one from an inert waste storage facility site. The
characterization of these soils included abiotic, biotic, and functional parameters. The abiotic
parameters were fertility parameters and pollutant concentrations. The biotic parameters were micro-
organism, fauna and flora density (measured from density, biomass or frequency) and diversity
(measured from taxon richness or ribotype number). Lastly, we analysed decomposition activity
(meso- and macro-decomposers, enzyme and mineralization activities) as a functional parameter, and

quantified polycyclic aromatic hydrocarbon (PAH)-degrading bacteria.

2.1.  Study sites of derelict soils

Six derelict soils were studied (Table 1) in the Lorraine region (north-eastern France) (Fig. 1) in April
2015. The climate in this region is continental, with mean annual temperatures ranging between 1.4
and 18.5°C, and annual rainfall around 750 mm. In April 2015, the average temperature was 10.4°C
(with a minimum of 4.4 and maximum of 16.4°C) and rainfall was 51.2 mm with a daily minimum of
0 and maximum of 13.4 mm. The sites are located in a former industrial region, that included many

coking plant sites and other steel factories.

Soil A was a Spolic Garbic Technosol (IUSS Working Group WRB, 2014) (Table 1). It was an
experimental constructed soil (1.13 ha), set up on the site of a former coking plant in 2007 (Sere et al.,
2008). It was composed of an 0.3-m bottom layer made of paper mill waste, an 0.6-m layer of thermal-
desorption-treated PAH—contaminated soil, and then an 0.15-m topsoil layer made of green-waste
compost. It was planted with a mixture of grasses (30% Lolium perenne var. Tove, 40% Festuca
arundinacea, var. Fuego, 30% Dactylis glomerata, var. Amba). At the time of sampling, soil moisture
was 25+£1% (w/w). Soil B was a Skeletic Technosol. It was a non-hazardous waste landfill (0.7 ha),
built in 2011; it was made of ground construction and demolition waste. This landfill formed a 7-m

high mound, spontaneously colonized by herbaceous plants. The soil moisture was 11+3% (w/w).



Soils C and E were Spolic Technosols in former coking plant sites closed in 1980 and 1975
respectively. They differed in pollutant concentrations (Table 1), but were both colonized by
herbaceous plants. The soil moisture levels were 17+2% and 15+3% (w/w) respectively. Soil D was a
Spolic Technosol from a settling pond site filled with steel sludge until 1981 and covered with
herbaceous plants. The soil moisture was 17+1% (w/w). Lastly, soil F, a Spolic Technosol was an
experimental 0.09-ha constructed soil and set up in 2013. It was composed of an 0-0.5-m topsoil layer
made of biopile-treated PAH-contaminated soil mixed with heavy metal-contaminated sludge. It was

planted with poplar trees (Populus trichocarpa % P.maximowiczii). Its moisture was 15+3% (w/w).

2.2. Sampling method

Five samples were taken from each soil (except soil F where one sample was missing), along a 20-m
transect with 5-m distance between each sample, in accordance with the Tropical Soil Biology and
Fertility (TSBF) method (Anderson and Ingram 1993). Thus, 29 samples were collected in total
between 8 and 29 April 2015. The TSBF method is designed for sampling soil macrofauna. We
extrapolated the method so as to analyse the soil, plant, mesofauna, macrofauna and microflora from
our sampling sites. For each sampling point (Fig. 2), a 1 x1 m frame (n°1) was first used to characterise
plant herbaceous richness (Robinson and Lundholm, 2012). Inside that first frame, another 0.5x0.5 m
quadrat (n°2) was established to sample plant shoot biomass (Bedunah et al., 1995). In the middle of
frame n°2, the mesofauna was sampled inside an 0.1x0.1 m frame (n°3) according to the ISO 23611-2
standard. Around the mesofauna sampling frame, four 0.1-m deep samples of 0.1x0.1 m (n°4) were
pooled into one composite sample for physico-chemical and microbiological analyses. The
macrofauna was sampled by hand sorting in a 0.25x0.25%0.30 m soil block (n°5) directly adjacent to
frame n°l. Sampling, extracting and preserving macro-invertebrates from soils, including the litter
zone, was done according to the normalized TSBF method for temperate regions (ISO 23611-5).
Samples were either dried immediately for physical and chemical analyses (lyophilized for organic
pollutant analysis) and plant biomass measurements, frozen within the day of sampling for
microbiology analyses, stored at 4°C and analysed within a week for microbial activity and

macrofauna measurements, and mesofauna was extracted within the day.

2.3. Abiotic parameters

As regards abiotic parameters, 11 variables that quantify soil fertility (organic matter (OM), water-
holding capacity (WHC), clay content, exchangeable calcium (Ca), potassium (K), magnesium (Mg)
and sodium (Na) cations, Olsen phosphorus (P), pH, cation exchange capacity (CEC), carbon:nitrogen
(C:N) ratio) and 4 pollution variables (PAH and available cadmium (Cd), zinc (Zn) and lead (Pb)
concentrations) were measured. The time span since the last anthropogenic action was also taken into

account.



2.3.1. Fertility parameters

The following usual agronomic parameters were analysed using normalized methods: granulometry
(NF X 31-107), from 2-mm sieved soil (Soil Analysis Laboratory of Arras, France); pH, from 20 g of
fresh soil in distilled water with a 1:5 ratio (v/w) (ISO 10390); CEC using cobaltihexamine extraction
(NF X 31-130); WHC (ISO 11267 — Annex B); total carbon, total nitrogen and organic carbon
(assessed by combustion after decarbonation for organic carbon) (ISO 10694), and available
phosphorus (using Olsen method) (NF ISO 11263). Pseudo-total metallic trace elements were
measured by inductively coupled plasma with optical emission spectroscopy (ICP-OES) after soil aqua
regia digestion (ISO NF 11466). Exchangeable cations were extracted following the cobaltihexamine
method (NF X 31-130) and analysed by ICP-OES (ISO 22036). All analyses were performed using

certified reference material and control charts.

2.3.2. Pollutant concentrations

To quantify potential soil pollution, metallic trace elements and PAHs were analysed. CaCl,-,
diethylenetriaminepentaacetic acid (DTPA)-extractable (NF EN 13651) and pseudo-total metallic
trace elements (ISO NF 11466) were measured by ICP-OES. PAHs were extracted from 2 g of
lyophilized soil, using a high-pressure and high-temperature automated extractor DIONEX® 200
accelerated solvent extractor (ASE) with dichloromethane. Dichloromethane was removed by
evaporation under a nitrogen flow, and acetonitrile was added for analysis. The 16 US-EPA PAHs
were measured using a high-pressure liquid chromatography (HPLC, Dionex Ultimate 3000) system
with a UV detector (254 nm). The low-molecular (2-3 cycles), intermediary (4-5 cycles) or high-
molecular weight (6 cycles) PAHs were present in the same proportions in all soils, so we chose to

present the sums of the 16 PAHs concentrations.

2.4. Biotic parameters

The density and richness of the biotic components (microbial, mesofauna, macrofauna and herbaceous

communities) and mycorrhizal colonization frequency were measured.

2.4.1. Bacterial and fungal density and community structure

We measured the abundance and richness of soil micro-organisms in the composite soil samples n°4
(Fig. 2). Nucleic acids were extracted from 0.5 g of fresh, 2-mm sieved soil with a FastDNA SPIN Kit
for Soil (MP Biomedicals), and suspended in 100 pL of DES (Dnase-free water). Total DNA
concentrations and quality (A260/A280 purity ratio) were measured using a spectrophotometer
(UV1800, Shimadzu) equipped with a TrayCell unit (Hellma). To quantify bacterial and fungal
density in the six soils, a real-time polymerase chain reaction (PCR) was performed according to

Cébron et al. (2008) and Thion et al. (2012) respectively. Bacteria and fungi were quantified by



targeting 16S rRNA and 18S rRNA using the primer sets 968F/1401R (Felske et al, 1998) and
Fung5F/FF390R (Lueders et al., 2004), respectively. Amplification reactions were carried out in a 20-
pL volume, using iQ SYBR green SuperMix (Bio-Rad), and quantification was performed using an

iCycler Optical System (Bio-Rad).

The bacterial and fungal community structures of the six soils were estimated by denaturing gradient
gel electrophoresis (DGGE). General PCR reactions were carried out in 50-uL reaction volumes
containing 1xPCR buffer (Invitrogen) supplemented with 1.5 mM MgCl,, 200 uM of each dNTP
(Fermentas), 0.2 uM of each primer (MWG-Biotech), 1.25 U of recombinant Taq DNA Polymerase
(Invitrogen), and 1 uL of template DNA. For bacteria, a fragment of the 16S RNA gene was amplified
using primers F984-gc/R1378 (Heuer et al., 1997). The bacterial DGGE gradient contained 45 to 60%
of denaturant (100% denaturant was defined as 40% (v/v) formamide and 7 M urea). For fungi, a
fragment of the 18S RNA gene was amplified using primers FR1-gc/FF390 (Vainio and Hantula,
2000). The fungal DGGE gradient contained 40-55% of denaturant. Image analyses of the DNA
profiles and band intensities were obtained using Quantity One® (version 4.6.9; Bio-Rad

Laboratories). The richness of each sample was estimated from the number of ribotypes.

2.4.2. Mpycorrhizal colonization

We estimated root colonization by arbuscular mycorrhizal fungi, which are symbiotic fungi associated
to the roots of most plant species (Smith and Read 2008). The root systems collected in samples n°4
(Fig. 2) were washed, and thirty 1-cm root segments were picked randomly. These root fragments
were stained with Trypan blue (Koske and Gemma, 1989) and scored for the percentages of
colonization by arbuscular mycorrhizal fungi according to the protocol described in Trouvelot et al.

(1986).

2.4.3. Mesofauna density and richness

More than 90% of Collembola inhabit the top 10 cm of soil so 10-cm deep soil cores were considered
as sufficient to sample most of the soil Collembola (Fountain and Hopkin, 2004). Collembola were
sampled using two 5-cm diameter and 5-cm deep corers in sample n°3 (Fig. 2). The micro-arthropods
were extracted from the 10 corers per site using a high-temperature gradient extractor (Macfadyen,
1961). After extraction, they were transferred to a 70% (v/v) ethanol solution for conservation. Then
they were bleached using chloral-lactophenol, counted to determine their density, and identified down

to the species level using Hopkin’s key (Hopkin, 2007) to determine species richness.

2.4.4. Macrofauna study

The soil macrofauna component was studied by excavating 0.25x0.25%0.30 m soil blocks in sample

n°5. The macrofauna was hand-sorted in laboratory, and the organisms were kept in a 70% (v/v)



ethanol solution. They were identified down to the family level. Ants were removed from the analysis

because these social insects are highly aggregated in space (Nahmani and Rossi 2003).

2.4.5. Herbaceous plant biomass and richness

Herbaceous plant richness (number of genuses or families) was quantified in the 1x1 m? area of
sample n°l (Fig. 2). Shoots of herbaceous plants were sampled in an 0.5x0.5-m? area (sample n°2,

Fig. 2), dried for 3 days at 70°C and then weighted for biomass quantification.

2.5. Functional parameters

As regards functional parameters, decomposition was studied through fluorescein diacetate (FDA)
hydrolysis, alkaline phosphatase activity, urease activity, average mineralization capacity (AMC),
macro-decomposer and meso-decomposer relative abundance levels, and organic pollutant degradation

by quantifying bacterial PAH-degradation genes.

2.5.1. Microbial functions

Enzymes are good proxies of the soil biological activity, and even considered as a component of the
soil biodiversity (Caldwell, 2005). To study the potential decomposition process in the ecosystem, we
quantified enzymatic activities involved in the phosphorus and nitrogen cycles, including alkaline
phosphatase (Marx et al., 2001) and urease (Sinsabaugh et al., 2000), respectively, from sample n°4.
To assess global activity (ubiquitous esterase, lipase and protease activities), FDA hydrolysis was

measured (Green et al., 20006).

Most soil microorganisms are heterotrophs and play an important part in organic compound
mineralization. Potential microbial mineralization activity was assessed using a MicroResp'™ system
(Campbell et al., 2003). For each sample, eight wells of a 96-deep-well plate were filled with fresh 2-
mm sieved soil and 9 carbon sources were added: L-arginine (Sigma), glycine (Sigma), D(-) fructose
(Sigma), D(+) galactose (Rectapur), cellulose (Sigma), alkali lignin (Aldrich), L-cysteine (Amresco),
D(+) glucose monohydrate (Sigma), phenylalanine (Sigma), or distilled water for basal respiration.
Detection microplates, were read in a spectrophotometer (Safas Monaco Xenius XC) at 570 nm
absorbance wavelength (To) (Campbell ez al., 2003). Then, they were placed on a MicroResp'™ seal,
on top of deep-well plates containing the soils and carbon sources or distilled water. After incubation
for 5.4+1.1 h (depending on the substrate) at 25°C, the plates were removed and read again in the
spectrophotometer. The color development rates were calculated from the difference between
absorbance values at 5.4+1.1 h and at T, for each well, and the values were transformed to quantity of
produced CO,. The means of the activities based on the 9 substrates were calculated and they

represented the AMC of each sample.



The potential degradation capacity of PAHs in the soils was estimated by quantifying the Gram-
positive (GP) and Gram-negative (GN) bacterial PAH-degrading gene from sample n°4. To that end, a
real time PCR was performed (Cébron et al., 2008). The two groups of PAH degraders were
quantified by targeting PAH-ring hydroxylating dioxygenase genes using the primer sets PAH-RHDa
GP and GN (Cébron ef al., 2008). Amplification reactions were carried out in a 20-uL volume, using
iQ SYBR green SuperMix (Bio-Rad), and quantification was performed using an iCycler Optical
System (Bio-Rad). Results were expressed as the proportion of bacterial PAH-degrading gene copies

relatively to the 16S gene copies, i.e. the ratio between PAH degraders and bacterial density.

2.5.2. Functions of the fauna

Trophic groups are classified into 4 categories: phytophageous, zoophageous, geophageous, and
decomposers (Pey et al., 2014). Because we focused on the decomposition process, we only used the
community-weighted mean (CWM) of decomposers referred to as “proportion of meso- or macro-
decomposers”. For each species, the data was coded into an affinity percentage score for each
attribute. In the end, each soil had a total community composed of a percentage of each attribute. The
CWM was obtained using equation 1 (Garnier et al., 2004), where Pi is the relative abundance of
species i, n is the number of Collembola species or macrofauna families/orders, and Decomposer; is

the relative decomposer diet of species i.

n
(Eq. 1) CWM = 2 P;xDecomposer;
i=1

2.6. Statistical analyses

R Software (version 3.1.3, Development Core Team, 2015) was used for data processing. To study
differences among soils and after checking normality and variance homogeneity using Shapiro Wilk's
test and Bartlett’s test, one-way ANOVA was performed, followed by Tukey's HSD test for paired
comparisons in parametric tests (P<0.05) for WHC, FDA hydrolysis, alkaline phosphatase activity,
macrofauna density, Collembola richness, bacterial abundance, relative GP bacterial abundance,
AMC, mycorrhizal colonization, meso-decomposer relative abundance, bacterial and fungal
community structure. Kruskal-Wallis test (P<0.05) was used when parametric conditions were not
met, for multiple comparisons of rank distribution, for exchangeable cations Ca, K, Mg and Na,
available Cd, Zn and Pb, Olsen P, pH, CEC, C:N ratio, OM content, PAH concentrations, plant
biomass and richness, urease, macro-decomposer relative abundance, macrofauna richness,
Collembola density, fungal abundance, and relative GN bacterial abundance parameters. The CWM of
decomposers was calculated using the FD package in R (Laliberté et al., 2014). Significant differences

were considered for P<0.05; P-values are indicated for each measured variable in Table 1. Linear



regression were tested via the lmtest package in R, and correlations were represented by the Pearson

correlation coefficient (Hothorn ef al., 2015).

Multivariate analyses were performed to show the co-variation between abiotic and biotic or
functional parameters. We used the ade4 package in R (Dray and Dufour, 2007). Firstly, a Principal
Component Analysis (PCA1) was performed on 16 abiotic variables (OM, WHC, clay content,
exchangeable cations Ca, K, Mg and Na, available Cd, Zn and Pb, Olsen phosphorus, pH, CEC, C:N,
PAH concentrations, and soil age, from the date of the last anthropogenic action). A second PCA
(PCA2) was performed on 11 biotic variables (bacterial abundance and richness, fungal abundance
and richness, mycorrhizal colonization frequency, macrofauna density and richness, Collembola
density and richness, plant biomass and richness). Finally, a third functional PCA (PCA3) was
performed with 8 decomposition- and degradation-linked variables (FDA hydrolysis, alkaline
phosphatase activity, AMC, urease activity, macro-decomposer relative abundance, meso-decomposer
relative abundance, and relative abundance levels of the GP and GN bacterial PAH-degrading genes).
Co-inertia analyses were performed to analyse (i) co-variation of abiotic and biotic parameters (PCA1-
PCA2) and (ii) co-variation of abiotic and functional parameters (PCA1-PCA3) to identify similar

structures in the dataset according to abiotic, biotic, and functional parameters.

3. Results and discussion

3.1. Abiotic characteristics of the soils

3.1.1. Fertility parameters

The six soils exhibited contrasting fertility parameters (Table 1). The highest clay content was in soil
B, i.e. the non-hazardous waste landfill, probably due to fine construction and demolition waste
contained in the landfill process, that was likely to be of clay size (Rodrigues et al., 2013). The OM
content was significantly higher (an average 39.7%o) in soil A (an experimental constructed soil) than
in the other 5 soils. In soil A, the original addition of OM mainly under the form of compost during
construction (Séré et al., 2008) could explain the higher OM content. Soils B, E and F had OM
contents comparable to grassland soil (4.3%o) and soils of urban, industrial, traffic, mining and military
areas (SUITMA) (6 to 8%o0) (Mao et al., 2014; Joimel et al., 2016). The OM concentration in soil C
(coking plant soil) was comparable to other coking plant soils (12 to 17%., Biache et al., 2008). The
organic contaminants in soils A, C, D and E may have contributed to their OM content, but were not
sufficient to explain differences in OM content since they all contained PAH concentrations in the
same order of magnitude. WHC was significantly higher in soil A (Table 1) than in the other soils,
probably because of the presence of OM and paper-mill sludge (Rawls et al., 2003). Although clay
plays a role in WHC (Roberts et al., 2006), no relationship was found between these parameters for

these soils. All 6 soils had a high C:N ratio, for example as compared to the C:N ratio of grasslands

10



(around 10 according to Stauffer et al. (2014) and Ponge et al. (2013)) or to coal mine reclaimed land
soils (Ingram et al., 2005). However, the C:N values of our soils were in the range of values found in
coking plant soils (Biache et al., 2008) and in a landfill with illicit materials rich in metal
contaminants including metallurgic slags, tailings and ashes (Dermont et al., 2010). This suggests
either resistant organic components or lower nitrogen contents in these soils. Soil D (settling pond
soil) had the highest C:N ratio as compared to the other soils, maybe in link with the anthropogenic
origin of the organic carbon in the parent material (steel sludge) associated with a poor nitrogen
content (Dermont et al., 2010). Thus, the decomposition rate, represented by AMC, was very low in
this soil. The soils were all alkaline (pH 7.9 on average) with maximum pH values of 8.4 and 8.3 for
soils D and F, respectively. In urban and industrialized areas, waste inputs under the form of gravel,
rubble and concrete, have been shown to induce alkalinisation (Morel et al., 2005; Rokia et al., 2014).
All six soils had a low CEC ranging between 10 and 22 cmol kg, so a lower capacity to hold
nutrients as compared to grasslands (35 cmol+.kg'1; Stauffer et al., 2014) and to park or garden soils in
urban areas (32 cmol”kg™; Santorufo et al., 2014). CEC was the lowest in soils D (settling pond) and
F (constructed and contaminated). For soil F, this corresponded to the low CEC values of the
contaminated sludge and biopile-treated soil (4.7 and 7.5 cmol” kg™, respectively) that were analysed
separately. For settling pond soils, a large range of values have been reported, from 10 (Cerqueira et
al, 2012) to 51.4 (Huot er al, 2011) cmol kg', possibly due to different waste origins and
compositions, such as iron waste and by-products or sludge from copper extraction, respectively. The
highest CEC was found in soil A; it reflected the CEC value of the initially added green waste
compost (42.5 cmol " kg™'; Sere et al., 2008).

Phosphorous concentration was significantly higher in soil A (62 mgkg") than in the other soils,
probably due to the added green waste compost, with an originally available phosphorous content of
670 mg.kg" (Sere et al., 2008). Phosphorous is a dominant element in construction and demolition
waste material (Butera ef al, 2014) but may not be available. This could explain the low available
phosphorous concentration in soil B. The available phosphorous concentrations of the six soils were in
the same order of magnitude as in SUITMA soils and grassland (45 and 31 mgkg”, respectively,
Joimel et al. (2016)). Among the six soils, the settling pond soil D had the significantly highest
exchangeable Ca and Mg concentrations, with 2,031 mg.kg" and 312 mg.kg™, respectively. High Ca
and Mg concentrations were also found in another settling pond soil, composed of steel sludge notably
rich in Ca (Huot, 2013). Soil A contained a higher exchangeable K concentration than the others,
brought by the green waste compost (Sér¢, 2007). The exchangeable Na concentration was lower in
the coking plant soils C and E than in the other soils, and was the highest in soil F (55 mg.kg'l),
suggesting a salinity problem in this constructed Technosol, as often reported in derelict soils (Wong

and Bradshaw, 2003).
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Soil A appeared to be the most fertile based on abiotic parameters, with a high OM content and a high
available phosphorous concentration. Conversely, soils B, D and F seemed to be the least fertile, with
low OM contents and low phosphorous concentrations. Soils C and E had intermediate fertility

parameters as compared to the other ones.

3.1.2. Pollutant concentrations

Soils A, C, D and F had total Cd, Pb and Zn concentrations above natural geochemical backgrounds
(Darmendrail et al., 2000) following soil contamination by uncontrolled coking plant and steel
production activities (Rachwal et al., 2015). However, Cd, Zn and Pb concentrations were low as
compared to values found in metal-polluted soils (Dudka and Adriano, 1997). Soil F had the highest
available Cd, Pb and Zn concentrations (Table 1), because the contaminated sludge contained high
metal concentrations, i.e. total concentrations of 284 (Cd), 5,108 (Pb) and 23,630 (Zn) mg.kg™". Soils B
and E exhibited low metal contamination. The landfill in soil B had been constructed with non-
contaminated materials. Although E soil was located on a coking plant site, the sampling was
performed in the former gas condensation and extraction area, which was not a potential source of

metal contamination.

PAH concentrations in the soils were moderate, indicating slight contamination. Anthropic soils can
contain PAH concentrations beyond 1,000 mg.kg" (Biache er al., 2008; Ouvrard et al., 2013). But
PAH concentrations can largely vary in soils from coking plant sites owing to contamination
heterogeneity, age, natural attenuation with time, and to remediation measures (Bourceret ef al., 2015).
Due to the associated risks, highly PAH-contaminated soils cannot be left unused and have to be
remediated or excavated. Therefore, derelict soils should have low or poorly available pollutant
concentrations in order to be considered as a resource. PAH concentrations in our 6 soils were indeed
low, below 200 mg.kg™', and statistically the lowest in soils B and F (Table 1). As already mentioned,
soil B materials must be non-contaminated to be used in non-hazardous waste landfill. Soil F
contained low PAH concentrations, because biopile treatment had been applied to eliminate these
organic contaminants. The presence of 170 mg.kg" of PAHs in the constructed soil A was surprising
since green-waste compost and paper mill waste should be devoid of PAH contamination and the
remediated soil had a low PAH concentration (46 mg.kg'; Séré, 2007). This PAH concentration may
have been concentrated from the remediated soil toward the topsoil OM or have originated from aerial
deposits (Desalme et al., 2011). The presence of PAHs in the other soils (C, D and E) was linked to
past industrial activities that generated organic contamination. We did not measure the available
fraction of PAHs. However, in historically contaminated soils, such as coking plant soils, it is

generally low due to aging (Ouvrard ef al., 2011; Barnier et al., 2014).
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3.2.  Biological characteristics of the derelict soils

3.2.1. Microorganisms

Bacterial density was in the same order of magnitude in the six soils, and was in line with data from
grasslands and brownfields (1.8x10'" and 1.6x10'° 16S rDNA gene copy numbers per g of dry soil,
Cluzeau et al., 2012). Fungal density was in the same order of magnitude as in coking plant wasteland
(1-5x10% 18S rDNA gene copy number per g of dry soil, Bourceret er al., 2016). But we evidenced
significant differences between our soils. Bacterial gene density was significantly higher in soils A and
C than in the other four soils (Table 1). The abundance of fungal genes was also higher in soil A, then
in soils C and E, than in the other soils. Microbial density was correlated with OM content (R?>=0.51,
P<0.001 for bacterial density and R?=0.44, P<0.001 for fungal density) and WHC (R>=0.45, P<0.001
for bacteria and R?>=0.64, P<0.001 for fungi). Such correlations were reported previously in urban soils
(R=0.63 and R=0.39 for organic carbon content and WHC respectively, Yang et al., 2006) and in a
post-fire ecosystem (R=0.83 for organic carbon content; Mufioz-Rojas et al., 2016). The negative
correlation between microbial density and the C:N ratio, and the positive correlation between nitrogen
concentrations and bacterial (R?>=0.60; P<0.001) and fungal (R?=0.56; P<0.001) densities suggest that

nitrogen is a limiting factor for microbial growth in these soils.

Bacterial and fungal richness was higher in soil C than in the other ones (average values of 16
dominant bands for bacteria and 7.4 dominant bands for fungi). Soils A and F harboured the lowest
microbial richness. In soil F, the low OM content and metal contamination could explain the low
microbial diversity (Chodak ez al., 2013). In soil A, the high OM content may have boosted growth of

a few dominant taxa and limited growth of the other taxa (Torsvik and Sgrheim, 2002).

Plant roots were highly colonized by arbuscular mycorrhizal fungi, with a mean of 84+13%
mycorrhizal root frequency for the six soils, yet with slight differences among the soils. The
mycorrhizal colonization rate was slightly but significantly lower in soil F than in soils B and E (Table
1). These differences could be related to metal pollutants since soil F had the highest total and
available Cd, Zn and Pb concentrations. Arbuscular mycorrhizal association is a widespread terrestrial
symbiosis that involves 80-85% of vascular plants (Meier et al., 2012). It is beneficial to plants,
especially in stressed environments (Miransari, 2010). This high level of symbiosis indicated an
absence of metal toxicity in the soils, since arbuscular mycorrhizal colonization is negatively affected
by metal pollution (Vogel-Mikus et al., 2005). The presence of arbuscular mycorrhizal fungi in metal-
polluted soils has been extensively shown (e.g. Del Val et al., 1999), as well as their potential role in

reducing metal toxicity to plants. It is also a key indicator of soil quality (Gianinazzi ef al., 2006).
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3.2.2. Fauna

Collembola density was maximal in soil D with 91,000 individuals per m? (Table 1) and was
significantly higher than in soils A, B and E. It was correlated with the soil exchangeable Ca (R?>=0.48;
P<0.001) and Mg (R>=0.40; P<0.001) concentrations. Such a relationship between Collembola and
exchangeable cations (Cassagne et al., 2003) or litter quality, notably Ca and Mg contents (Rizvi et
al., 2012) has already been observed. Collembola density in our six soils was 1.4 to 7.5 times higher
than in meadow (12,103 ind.m'z; Cluzeau et al., 2012), SUITMA (around 11,616 ind.m'z; Joimel et al.,
2017), or urban soils (5,000 to 15,000 ind.m'z; Santorufo ef al., 2014). Thus, derelict soils seem to be a

favourable habitat for Collembola, especially those with high exchangeable Ca and Mg concentrations.

Collembola richness was significantly higher in soils D, E and F than in the other soils (Table 1). It
was correlated with plant richness (R?=0.44, P<0.001). Sabais et al. (2011) also showed that plant
species richness drove Collembola diversity in temperate grassland. However, they found a correlation
between plant richness and Collembola density that we did not find in the present study. Likewise,
Joimel (2015) showed a correlation between Collembola density and plant richness in an uncultivated
ecosystem re-colonized by spontaneous vegetation. The response of Collembola to increased plant
richness could be due to changes in abiotic factors. For example, mixed litters support more diverse
communities than single species litters, because they provide higher habitat complexity and in turn
higher diversity of food resources (Bardgett, 2002). Fauna diversity is less affected by soil properties
than density (Nahmani and Lavelle, 2002; Santorufo et al., 2012). Soils A and B harboured the same
Collembola richness as grassland (Cluzeau et al., 2012) or urban soils (Santorufo et al., 2014) but soils
C, D, E and F harboured higher richness than these soils. Therefore, derelict soils offer a
heterogeneous habitat likely to enhance soil animal diversity (Bardgett, 2002; Cole et al., 2006) and

appear to be a biodiversity reserve of Collembola.

As for the macrofauna, soils A and B had the highest density and richness values (Table 1). The total
macrofauna density was correlated with plant biomass (R?>=0.55, P<0.001), probably due to the
potential stock of plant litter and habitats that it represents for macrofauna communities. Cole et al.
(2006) showed that earthworm and mesofauna density increased with an increase in plant productivity
and suggested that soil biotic communities were mainly regulated by bottom-up forces. We also
observed a high correlation between plant biomass and earthworm density (R?=0.62, P<0.001), and
also with total macrofauna density. The presence of pollutants could influence invertebrate density and
diversity. Several authors found decreased macrofauna density along with heavy metal contamination
(Nahmani and Lavelle, 2002; Nahmani et al, 2005; Hedde et al, 2012). This decrease could
contribute to explain results observed in soils C and F. Soils A and B contained the same macrofauna
density as a meadow ecosystem (around 700 ind.m™; Cluzeau et al., 2012) and open post-mining sites

(around 570 ind.m™; Frouz et al., 2013) and a higher density than an orchard ecosystem (around 440
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ind.m™; Walmsley and Cerda, 2017). A high correlation was found between macrofauna density and
richness (R*=0.72, P<0.001). Reviews by Cole et al. (2006) and Bardgett (2002) stated that
competitive interactions between macrofaunal species can be limited in soils with resource partitioning
and niche differentiation, maintaining soil biodiversity despite increased density. As derelict soils offer

a heterogeneous habitat, they provide for the highly potential co-existence of several different species.

3.2.3. Herbaceous plants

The biomass of aboveground plants was significantly higher in soils A and B than in the other soils, as
opposed to plant diversity estimated from plant richness (Table 1). Plant biomass was correlated with
the exchangeable K concentration (R>=0.60; P<0.001), which suggests a potassium limitation in the
soils. Herbaceous plant richness was negatively correlated with plant biomass (R?=0.54, P<0.001).
Nutrient deficiency and/or pollution affect the coexistence of plant species by limiting dominant plants
and maintaining high plant diversity (Heinze et al., 2015). Shoot biomass and plant richness in these
soils were similar to those of spontaneous urban habitats, with a mean of 0.34 kg of plant shoot per m?
and 14.7 species per m? (Robinson and Lundholm, 2012). In comparison with urban habitats such as
lawns and remnant natural areas (forests) (Robinson and Lundholm, 2012), aboveground biomass

values in our derelict soils was low.

3.3. Functional parameters of the derelict soils

The meso-decomposer proportion was similar in the six soils, with 85+£8% of the mesofauna
community. Thus, our results showed no differences among the soils in trophic interactions at the
mesofauna community scale. The proportion of macro-decomposers among the invertebrate
community was significantly higher in soil A, B and E, than in soil D. Such proportions of macro- and
meso-decomposers were also found in a non-polluted soil and in a forest ecosystem on polluted soil
(Lucisine et al., 2015). This can be explained by the negative correlation between the proportion of
macro-decomposers and Collembola density (R>=0.46; P<0.01). When Collembola density was low
(soils A, B and E), the macro-decomposer proportion increased thanks to higher resource quantity and
quality. For example, Grubert et al. (2016) recently found that the earthworm Lumbricus terrestris
reduced the availability of litter nitrogen to other soil animal detritivores, in particular to Collembola

Heteromurus nitidus.

As regards enzyme activity, the highest FDA hydrolysis activity level was in soil A. Cébron et al.
(2011) showed that FDA hydrolysis increased with growing vegetation. Our results showed that the
highest activity level was found in one of the soils with the highest plant biomass. However, no
correlation was found between FDA hydrolysis and plant biomass. No correlation was found either
with other parameters that could affect FDA hydrolysis, such as metal concentration (Li et al., 2009),
soil texture (Vinhal-Freitas ef al., 2017), or OM (Muscolo et al., 2014). Alkaline phosphatase activity
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was the highest in soils A and C. Significant correlations between alkaline phosphatase activity and
abiotic parameters such as OM (Lucas-Borja et al., 2016), available phosphorous (Stauffer et al.,
2014) and metal concentrations (Li et al, 2009) have been reported. However, we found no
correlation between alkaline phosphatase activity and other parameters. Urease activity was higher in
A, C and E soils than in soils B, D and F. The presence of heavy metals can decrease urease activity
(Thavamani et al., 2012), but we found no such relationship. However, we found a correlation
between urease activity and bacteria density (R®>=0.57, P<0.001), probably in relation to the soil
nitrogen limitation. Enzyme activity in soil A was similar to the data obtained for the same enzymes in
grassland (Stauffer et al., 2014). Similarly to enzyme activity, AMC was significantly higher in soil A,
and the soils ranked as follows based on their mineralization capacity: A>B=C>D=E=F. AMC was
strongly correlated with bacterial (R>=0.60, P<0.001) and fungal densities (R?=0.58, P<0.001). Other
authors also found a correlation between microbial abundance (via the carbon content in the microbial
biomass) and the soil basal respiration (Pavan Fernandes et al., 2005; Chodak et al., 2013). The carbon
mineralization rate reflects OM availability to microorganisms (Stauffer et al, 2014) and has often
been used as an indicator of soil biological functioning and quality (Schloter et al., 2003; Bastida et
al., 2008; Mufioz-Rojas et al., 2016). Soil A displayed the highest biological functioning, whereas the
F has the lowest.

We also studied the soil capacity to degrade PAH compounds. In the PAH-contaminated soils (A, C,
D, E), the relative density of GP PAH-degrading genes represented 0.7 to 1.2%., while it was
significantly lower in soils B and F that displayed very low PAH concentrations, as shown previously
by Cébron et al., (2008). The relative density of GN PAH-degrading genes was much lower than the
density of GP PAH-degrading ones, as shown in PAH-polluted soils (Uyttebroek et al., 2006), and
was slightly higher in soils A and E than in the other soils. According to Leys et al. (2005), light-
molecular-weight PAHs are mainly degraded by GN r-strategists. However, we found no difference in
the concentrations of light-molecular-weight PAHs in soils A or E as compared to the other soils (data

not shown).

3.4. Co-variation between abiotic and biotic parameters in the derelict

soils

To compare the co-variation of abiotic and biotic parameters in the six soils, we carried out a first co-
inertia analysis (Fig. 3). The two projected inertias represented 81% of total inertia. The analysis
showed a high co-variation between biotic and soil physico-chemical parameters (RV=0.60; Monte-
Carlo permutation test, P=0.001). The soil samples, ordinated under abiotic or biotic parameters, were

separated in four groups mainly along the first projected inertia axis (67%): A; B; C and E; D and F.

Among the six soils, soil A (amended constructed soil) was characterized by higher values of WHC,

CEC, K and OM content and lower values of Ca content, C:N ratio and age than the other soils. These
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abiotic parameters positively co-varied with microbial density (bacteria and fungi), and to a lower
extent with plant biomass and richness and macrofauna density. The settling pond soil (D) and the
heavy metal-contaminated constructed soil (F) grouped based on abiotic and biological parameters.
These soils were also characterized by a high C:N ratio linked to high Collembola richness. Finally,
the two coking plant soils C and E had close abiotic and biotic features. They were separated from
soils A and B by the first axis and from soils D and F by the second axis. Age also appeared to be a
discriminating parameter, with soils A and B the youngest, D and F intermediate, and C and E the
oldest. The age parameter co-varied positively with plant richness but negatively with plant biomass,
macrofauna density and richness. Different studies showed that soil colonization by living organisms
after a disturbance is fast (Frouz et al, 2008; Dunger and Voigtldnder, 2009; Thion et al., 2012;
Lucas-Borja et al., 2016). In a field experiment with polluted soil and thermally treated soil, fungal
communities seemed to have stabilized after 5 years (Thion et al, 2012). Plant and faunal
communities also re-colonized disturbed soils rapidly. For example, Collembola communities settled a
few months after soil waste deposition (Dunger ef al., 2002), and earthworm communities after 5 years
(Eijsackers, 2010). Plant and macrofauna components were present in post-mining soils in less than 15

years (Frouz et al., 2008).

The biotic parameters, that contributed to discriminate the six derelict soils, were plants, Collembola,
macrofauna, bacterial and fungal density, and taxon richness of plants, Collembola and macrofauna.
Several authors pointed out modifications of biological parameters along anthropogenic gradients,
especially along a pollution gradient or with different land uses. For example, microbial biomass was
affected by metal pollution (Kandeler et al., 2000), macrofauna density was lower in a highly polluted
soil (Nahmani and Lavelle, 2002), Collembola communities were modified by land uses (Ponge et al.,
2003) or an urbanization gradient (Kuznetsova, 2003). In the present study, although soils A and F
differed in many parameters, there was no clear gradient of any parameter. None of the six soils was
highly contaminated, so density/taxon richness seemed to be driven more by fertility parameters than
by pollution. Several authors also showed that organism density or taxon richness were correlated with
soil properties such as the pH, the OM content or the water-holding capacity (Pizl et al., 2009;
Santorufo et al., 2012; Mufioz-Rojas et al., 2016; Walmsley and Cerda, 2017). However, most of the
studies classified the soils or land uses according to only one biotic group (Ponge ef al., 2003; Gulvik,
2007; Ruiz et al., 2011). All soils hosted a relatively high biodiversity, but differences in biotic
parameters were observed among them. This raises the question of which parameter should be used to

define the biological quality and the potential future use of derelict soils.

17



3.5. Co-variation between abiotic and functional parameters in the

derelict soils.

We performed another co-inertia analysis (Fig. 4) to analyse the functional and abiotic parameters of
the soils. The two projected inertias represented 81% of total co-inertia, showing high co-variation of
the functional and soil physico-chemical parameters (RV=0.64; Monte-Carlo permutation test,
P=0.002). The soils were mainly separated along the first projected inertia axis (63% of total co-

inertia), discriminating soils A, B-C-E and D-F into 3 groups.

As in the previous analysis (Fig. 3), the amended constructed soil A was discriminated from the other
soils along the 1% co-inertia axis by higher macro-decomposer proportion, urease activity, FDA
hydrolysis activity, AMC, and proportion of Gram-positive PAH-dioxygenase bacteria and the same
abiotic parameters as in the first co-inertia analysis. As in figure 2, the settling pond soil D and the
contaminated constructed soil F were opposite from soil A along the 1% co-inertia axis. Both soils had
a relatively low AMC, related to their high C:N ratio. Soils B, C and E were separated from soil A by
lower enzyme activity levels, macro-decomposer numbers and PAH degraders. However, they were
discriminated along the second co-inertia axis (18% of total co-inertia) by the pH, K, clay and age

parameters and also by phosphatase activity and GN bacterial PAH degraders.

The soils differed by their functional parameters, especially relative macro-decomposer density,
enzyme (urease, phosphatase and FDA hydrolysis) activity, AMC and both GP and GN microbial
PAH degraders. As in the first co-inertia analysis, age appeared to be an important variable
discriminating the soils, with A the oldest and E the youngest. However, the use of functional
parameters separated soils E and C that were not discriminated using biotic parameters (Fig. 3). The
functional parameters assessed in our study only referred to potential functions since enzyme activities
and AMC were measured in laboratory conditions and not in situ. Likewise, we quantified the PAH-
degrading gene but did not study gene expression; yet, a gene can be present without being expressed
(Torsvik et al., 1996). As for microbial functions, the proportions of macro- and meso-decomposers
also reflected potential functions since we used the community-weighted means based on literature

data.

The two co-inertia analyses showed that several biotic and functional parameters discriminated the
soils. Classifying these soils along a single biotic parameter gradient was not possible since most of
the biotic parameters did not co-vary. For instance, some of the soils had a higher microbial density
but lower plant richness although others had higher macrofauna richness but lower mesofauna density.
In contrast, most of the functional parameters co-varied, suggesting that soils can be discriminated
based on their relative decomposition functions. Thus, soil A appeared to have the highest level of
functional parameters, due to OM and nutrient elements in the green-waste compost. The

characteristics of the substrates and materials used for constructed soils may therefore be a key
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parameter for a potential re-use of the derelict soils. Soils F and D appeared to have the lowest levels
of functional parameters. Soil F had a parent material poor in OM and nutrient elements, and a high
C:N ratio, with a high heavy metal content, leading to a low functional level. Soil D was characterized
by a high C:N ratio, suggesting a nitrogen limitation for microbial biomass and decomposition
process. Clustering of the soils differed according to the parameters, whether biotic or functional. Soils
A, D and F were characterized in the same way whether based on biotic or functional parameters, but

soils B, C and E were not.

3.6. Biotic interactions in the derelict soils

Physico-chemical parameters strongly affected the biodiversity and functional parameters of the
derelict soils, as shown in co-inertia analyses, but we wondered whether interactions between
biological components could be identified and might affect soil quality and potential valorization.
Indeed, as previously described, herbaceous plants richness was correlated with plant biomass, total
macrofauna density was correlated with plant biomass, and Collembola richness was correlated with
plant richness. Robinson and Lundholm (2012) underlined that plant abundance and variety in urban
land appeared to support a more diverse invertebrate community than other habitats. As aboveground
biota communities drive belowground biota communities, plant community composition strongly
influences the community composition of belowground organisms and their activity (Wardle et al.,
2004). In our study, the proportion of macro-decomposers was negatively correlated with collembola
density and macrofauna density was correlated with macrofauna richness. There is a growing number
of studies on influences of biotic interactions on soil biodiversity (Wardle, 2006; Wisz et al., 2013;
Bardgett and Van Der Putten, 2014; Singh ef al, 2014) and soil biotic communities are mainly
regulated by bottom-up forces (Cole et al., 2006). Our results also show that biotic interactions play a
role in community settlement. Therefore, biotic interactions in the derelict soils are related to, and
should be considered to assess soil biological quality. However, the consequences of biotic and

functional differing characteristics on the potential re-use of the derelict soils are not clearly known.

4. Conclusion

A comparison of abiotic, biotic and functional parameters in six soils highlighted that derelict soils are
living soils, harbor a high soil biodiversity and can be functional for carbon mineralization and
decomposition. The six soils displayed physico-chemical characteristics similar to urban soils,
SUITMAs or grasslands, and most of them contained low contaminant concentrations. So their
biodiversity was driven more by fertility parameters than by pollution. All biotic parameters, except
the mycorrhizal colonization level, and functional parameters such as macro-decomposer proportion,
enzyme activity, AMC, and microbial PAH degraders discriminated these derelict soils. The green-

waste compost-amended constructed soil displayed the highest quality in terms of fertility and
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functional parameters, while the settling pond soil and the heavy metal-contaminated constructed soils
displayed the lowest (low fertility parameters and low functional levels). The two coking plant soils
and the non-hazardous waste landfill soil displayed intermediate quality and different characteristics
depending on biotic or functional parameters. These results support the emerging concept of multiple
uses of soils, and the need to consider productivity parameters as well as broader abiotic, biotic and
functional parameters. This study shows that certain derelict soils could be considered as a resource
and have multiple uses such as supporting plant biomass production and harboring a biodiversity

reserve.
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Figure legends:

Figure 1: Localization of the sites where the six derelict soils were sampled. A:Biotechnosol (in

Homécourt); B:Retonfey; C:Homécourt; D:Moyeuvre-Petite; E:Micheville; F:Jeandelaincourt.

Figure 2: Scheme of the different sampling quadrats: 1x1 m quadrats for herbaceous plant diversity
(n°1); 0.5x0.5 m quadrats for plant shoot biomass (n°2); 0.1x0.1 m quadrats for the mesofauna (n°3)
and physicochemical and microbiological analyses (n°4); 0.25x0.25 m for the macrofauna (n°5). Five

or four replicates were sampled per site.

Figure 3: Co-inertia analysis of abiotic and biotic parameters of the six derelict soil samples. Red
squares and green circles represent the PCA sample map according to abiotic and biotic variables,
respectively. The biggest squares and circles are barycenters. A, B, C, D, E and F are the soil names.
PAH=sum of the 16 PAH concentrations; Clay=% of clay; P= available phosphorous (Olsen method);
OM=Organic Matter; WHC=Water Holding Capacity; CEC=Cation Exchange Capacity;
C:N=carbon/nitrogen ratio; [Exchangeable cations by cobaltihexamine] Ca=calcium; Na=sodium;
K=potassium; Mg=magnesium. [Elements] Pb=lead; Zn=zinc; Cd=cadmium; Age=from the date of
the last anthropogenic action. R =richness (Collembola=species richness; Plant=genus or family
richness; Macrofauna=family richness; Fungi and bacteria=number of ribotypes); Plant=plant
biomass; Collembola and Macrofauna=density; Fungi and Bacteria=rDNA gene copy density;

Mycorrhizae=mycorrhizal colonization frequency.

Figure 4: Co-inertia analysis of abiotic and functional parameters of the six derelict soils (29 samples).
Red squares and blue circles represent the PCA sample map according to abiotic and functional
variables, respectively. The biggest squares and circles are barycenters. A, B, C, D, E and F are the
soil names. PAH=sum of the 16 PAH concentrations; Clay=% of clay; P= available phosphorous
(Olsen method); OM=Organic Matter; WHC=Water Holding Capacity; CEC=Cation Exchange
Capacity; C:N=carbon/nitrogen ratio; [Exchangeable cations by cobaltihexamine] Ca=calcium;
Na=sodium; K=potassium; Mg=magnesium. [Elements] Pb=lead; Zn=zinc; Cd=cadmium; Age=from
the date of the last anthropogenic action. Macro-decomposer=community-weighted mean of
decomposers in the macrofauna. Meso-decomposer=community-weighted mean of decomposers in the
mesofauna. Urease=urease activity; Phosphatase=phosphatase activity; FDA=FDA hydrolysis activity;
AMC=Average Mineralization Capacity; GP_PAH=relative density of the PAH-dioxygenase gene in
Gram-positive bacteria; GN_PAH= relative density of the PAH-dioxygenase gene in Gram-negative

bacteria.
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